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Abstract 

In situ bioremediation (ISB) is a commonly employed remedy for chlorinated solvent 

contaminated groundwater. Tetrachloroethene (PCE) and trichloroethene (TCE) ISB 

utilizes microbial consortia to detoxify contaminants to ethene through microbial reductive 

dechlorination (MRD). Dehalococcoides mccartyi (Dhc) strains are the key contributors to 

ethene formation. Although ISB has been successful at many sites, contaminant rebound 

and incomplete dechlorination to cis-dichloroethene (cis-DCE) and/or vinyl chloride limit 

ISB’s effectiveness. Advancing the understanding of Dhc strains harboring reductive 

dehalogenase (RDase) genes implicated ethene formation (e.g. vcrA and bvcA) is necessary 

to expand ISB’s implementation as a sustainable groundwater remedy. Subsurface 

heterogeneity complicates ISB by limiting amendment delivery and exacerbating 

contaminant rebound. Using an aquifer cell experiment, Dhc strain distribution around 

lenses of varying permeability and organic carbon content was measured. MRD also 

enhanced mass transfer of TCE from low-permeability materials up to 53% locally over 

abiotic processes alone. An ISB pilot test and coupled laboratory aquifer cell experiment 

revealed incomplete MRD of TCE caused by permeability variations affecting local 

residence times. Increasing average residence time by 50% in situ increased the proportion 

of ethene downgradient from 5% to 46% of chlorinated ethenes and ethene by molar mass. 

Samples collected during these experiments were also used to examine the impact of 

periodic electron donor delivery on RDase gene expression, as measured by RNA 

transcripts associated with ethene formation. vcrA transcripts decayed 15-75 times more 

slowly when electron donor was depleted than in previous studies with depleted electron 

acceptors. This slow decay of vcrA transcripts supports the ISB practice of pulsed electron 

donor delivery. Lastly, the impact of the class of emerging contaminants, per- and poly-

fluoroalkyl substances (PFAS) on Dhc strains was investigated using batch reactor and 
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microcosm experiments. PFAS inhibited cis-DCE MRD at concentrations of 11.7 mg/L 

and higher but the presence of a solid phase prevented inhibition at concentrations up to 

53.5 mg/L. The Dhc strains responsible for ethene formation shifted from vcrA-harboring 

cells to bvcA-harboring cells at high PFAS concentrations. Together, these four studies 

elucidate Dhc strain growth and MRD performance in complex systems, which can help 

practitioners of ISB implement successful remedies.  
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1.0 Introduction 

In situ bioremediation (ISB) is a commonly employed and effective tool that has been 

implemented at a variety of sites to degrade contaminants in groundwater and is the in situ 

treatment selected at a majority (57%) of Superfund sites with contaminated groundwater.1–

4 ISB of chlorinated solvents, primarily chlorinated ethenes (tetrachloroethene [PCE] and 

trichloroethene [TCE]), relies on microorganisms, including Dehalococcoides mccartyi 

(Dhc) strains, to transform PCE to benign ethene through microbial reductive 

dechlorination (MRD).5–9 Multiple strains of Dhc have been identified and those implicated 

in the transformation of chlorinated ethenes harbor specific reductive dehalogenase 

(RDase) genes that encode for the critical enzymes of anaerobic organohalide respiration, 

a microbial metabolic process that has been harnessed for the bioremediation of chlorinated 

ethene contaminated aquifers.10 Each Dhc strain has the capacity to transform specific 

chlorinated compounds; however, only a limited number of strains that transform vinyl 

chloride (VC) to ethene have been identified.11–14   

Although ISB has been implemented as an effective remedial strategy for PCE and TCE 

contamination,1,15,16 many sites exhibit incomplete dechlorination to dichloroethene 

isomers (DCE) and/or VC, or show rebound of contaminant concentrations when active 

biostimulation ceases.17–21 Subsurface heterogeneity complicates implementation of ISB 

and exacerbates contaminant rebound; amendments delivered through groundwater 

injection do not effectively distribute into low-permeability regions and, conversely, any 

compounds retained in low-permeability porous media are slowly released over time.2,9,22–

24 Advancing the understanding of the effect of geological and chemical factors on the 

growth and activity of the specific Dhc strains capable of fully dechlorinating chlorinated 

ethenes to ethene is critical to supporting the implementation of ISB as a remedy for 

complex sites. This understanding will be especially valuable in locations where 
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incomplete dechlorination has been measured or where ISB is believed to be unsuitable, 

including heterogeneous aquifers with low-permeability and/or high organic carbon lenses. 

A variety of factors, including oxygen concentration,25 pH,26 type and concentration of 

electron acceptor,27,28 temperature,29 and co-contaminants30 have been shown to impact 

specific Dhc strains, as measured by the relative abundance of RDase genes. Subsurface 

porous media heterogeneity may also impact the relative abundance of microorganisms 

harboring RDase genes, as the presence of such heterogeneity impacts the distribution of 

contaminants and growth substrates in the surrounding pore water.31 The presence of 

specific strains of dechlorinating microbes in and around these low-permeability materials 

may be able to enhance the release of chlorinated ethenes and transform them to benign 

ethene as they are released. This process is similar to previously observed bioenhanced 

dissolution of non-aqueous phase liquids (NAPL).32–35 However, the effect of subsurface 

heterogeneity on the distribution of Dhc strains during ISB has not been specifically 

assessed in previous studies. Additionally, the enhancement of back-diffusion from low-

permeability porous media by MRD has not been quantified. Chapter 3 presents the results 

of an aquifer cell experiment designed to elucidate the effect of heterogeneous porous 

media on the distribution of Dhc strains harboring specific RDase genes and the ability of 

these populations to enhance back-diffusion from low-permeability media.  

Heterogeneity also influences the residence time of contaminants, nutrients, and growth 

substrates in bioactive zones. Average residence time is a parameter often used when 

designing active pumping or recirculation ISB systems, and if the contact time between 

contaminants and dechlorinating microorganisms is insufficient, transformation of all 

contaminants flowing through the bioactive zone will not be achieved.36 To examine the 

effect of residence time on the extent of TCE dechlorination by MRD, aquifer cell and 

pilot-test studies were completed as described in Chapter 4.  
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Total Dhc and strain-specific abundance is typically monitored through quantitative 

polymerase chain reaction (qPCR) of the 16S rRNA gene and the tceA, vcrA, and bvcA 

RDase genes in extracted DNA to assess the potential for dechlorination in microbial 

communities.37–39 Analysis of DNA is useful to determine changes in total abundance over 

time, predict remediation performance, and determine the capability of the microbial 

population to transform PCE to ethene.38,40,41 However, using only DNA to quantify the 

abundance of cells provides an incomplete picture of the capacity of the microbial 

community, as the DNA of genes monitored may be present, but are not being transcribed 

to produce the corresponding RDase enzyme. RNA transcripts may provide a better 

measure of active dechlorination as they are only present when the RDase protein is being 

produced and decay rapidly relative to DNA when electron acceptors are unavailable.11,42 

There has been limited research into the impact of electron donor availability on the 

expression of RDase genes. To gain a more complete understanding of Dhc dechlorination 

activity during biostimulation, changes in vcrA and bvcA messenger RNA (mRNA) 

abundance during ISB were monitored in an aquifer cell experiment following lactate 

addition and in an in situ pilot test before and after lactate amendment as described in 

Chapter 5.  

Per- and polyfluoroalkyl substances (PFAS) have been shown to negatively impact the 

ability of Dhc to transform chlorinated ethenes to ethene.43 This class of contaminants of 

emerging concern can be co-located with chlorinated ethenes in groundwater, especially at 

Department of Defense fire-training areas; therefore, the impact of PFAS on dechlorinating 

microbes is of particular concern.44,45 Studies demonstrating inhibition of microbial 

dechlorination in the presence of PFAS are limited and do not address the impact of PFAS 

on specific Dhc strains.43,46 A study to further examine the effect of PFAS on Dhc strains 
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and the dechlorination capacity of a culture containing multiple Dhc strains is presented in 

Chapter 6.  

The research presented in this dissertation strives to address the following identified 

research gaps: 

• There is a critical need for systematic, high-resolution, laboratory investigations of 

biomass and Dhc strain distributions in realistic, multi-dimensional, chemically 

and physically heterogeneous systems as the strain-specific biomass distribution 

can influence the release of contaminants from low-permeability and highly 

sorbing materials.  

• Although laboratory experiments have correlated longer residence time with 

increased TCE dechlorination, field-scale studies demonstrating the effect of 

residence time on the extent of TCE biodegradation are lacking. Because average 

hydraulic residence time is often used when designing active pumping or 

recirculation ISB systems, it is essential to link this parameter to the extent of TCE 

degradation by MRD. 

• Studies of RDase expression have focused on the impact of electron acceptor 

(chlorinated ethene) variability but information on the effect of varying electron 

donor availability during bioremediation is lacking.    

• Although PFAS have been shown to inhibit MRD by Dhc, their impacts on specific 

Dhc strains and on the dechlorination performance of cultures containing multiple 

Dhc strains has not been examined. In order to treat chlorinated ethenes in plumes 

comingled with PFAS, the conditions under which Dhc activity is inhibited must 

be better understood. 

This work addresses these knowledge gaps by enhancing the understanding of factors 

that impact Dhc activity and growth in order to assist in the implementation of ISB at 
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complex sites impacted by chlorinated ethenes. Specifically, the experiments described 

below were designed to address the following objectives: 

• To assess the impact of soil heterogeneity on the relative abundance of Dhc strains 

harboring RDase genes within a multi-dimensional system with realistic 

groundwater flow conditions and to quantify the extent of bioenhanced back-

diffusion from low-permeability porous media within the system (Chapter 3); 

• To determine the impact of residence time on the extent of TCE degradation 

through laboratory- and pilot-scale studies using similar configurations (Chapter 

4); 

• To examine the expression of RDase genes (via RNA analysis) in response to 

electron donor delivery during biostimulation in laboratory and field systems 

(Chapter 5); and 

• To determine the impact of PFAS mixtures on PCE and TCE biodegradation by a 

culture containing multiple strains of Dhc and changes in Dhc-strain specific 

population growth in aqueous systems and in systems with porous media. 

Overall, the four studies completed and detailed below seek to enhance the understanding 

of Dhc strains and their associated RDase genes, emphasizing those implicated in complete 

transformation to ethene and the factors that impact their abundance and expression. This 

information may be used by practitioners of ISB to design efficient remedies and avoid 

some of the pitfalls that prevent complete dechlorination of chlorinated ethenes to benign 

ethene.  
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2.0 Background 

Many chemicals, including the chlorinated ethenes tetrachloroethene (PCE) and 

trichloroethene (TCE), as well as per- and poly-fluorinated substances (PFAS), have been 

developed and used for many years, then later recognized as hazardous to human health 

and/or the environment. This research focuses on these two classes of compounds as they 

are recognized health hazards and are common contaminants in soil and groundwater. 

Improper use and disposal of these chemicals has led to widespread soil and groundwater 

contamination, which can bring people into contact with these compounds through 

contaminated drinking water, wash water, soil, and vapor intrusion. The recognition of 

adverse health impacts caused by PCE and TCE exposure has led to their regulation, and 

requirements to remediate these compounds to safe levels when they are detected in soil 

and groundwater. Similarly, there is growing evidence that PFAS exposure can cause a 

myriad of known and suspected health effects, leading governments to issue health 

advisories. 

While there are many soil and groundwater remediation technologies, bioremediation has 

become the most used treatment for groundwater impacted by chlorinated ethenes1 due to 

its low cost, ability to treat low concentrations of contamination, and sustainability.7,22,47–50 

Increased understanding of Dehalococcoides mccartyi (Dhc) strains, specifically strains 

harboring reductive dehalogenase (RDase) genes implicated in the biotransformation of 

chlorinated ethenes, has contributed to the acceptance and implementation of in situ 

bioremediation (ISB) as a remedy for chlorinated ethene groundwater contamination.8,9,12,51 

In order to improve the performance of ISB and to reduce contaminant levels to safe 

concentrations over shorter timeframes, it is essential to continue advancing the 

understanding of chlorinated ethene bioremediation microbiology, specifically factors that 

impact the abundance of specific microbial strains and species. Background information 
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on chlorinated ethene use and disposal, their health impacts, and the current state of 

chlorinated ethene bioremediation is provided below. A brief background on PFAS, 

contaminants of emerging concern that may impact ISB is provided. This background 

includes information on the use and disposal of PFAS at chlorinated ethene contaminated 

sites and on the lack of in situ treatment technologies.  

2.1 Use, Manufacture, and Disposal of Chlorinated Ethenes 

The chlorinated ethenes TCE and PCE were often used as solvents and are often referred 

to as chlorinated solvents. TCE was one of the earliest dry-cleaning solvents when the 

industry developed in the 1930s, although it was replaced by PCE in the 1950s; PCE 

continues to be used in commercial and industrial dry cleaning with 70-80% of dry cleaners 

using it at the primary cleaning solvent.52–55 Chlorinated ethenes are still manufactured and 

used in large quantities with 324 million pounds of PCE and 172 million pounds of TCE 

manufactured in or imported to the United States in 2015.56,57 These chemicals also 

continue to be released into the environment with a reported 2.2 million pounds of TCE 

and 0.9 million pounds of PCE being released throughout 2016.58 The ongoing use and 

release of these compounds necessitates advanced remediation technologies to efficiently 

manage and remediate contaminated sites.  

After being phased out as a dry-cleaning solvent and natural oil extraction solvent, TCE 

was, and is currently, used in vapor degreasing and cleaning metal parts, with smaller 

quantities of TCE used as a component of other chemical products such as adhesives, paint-

strippers, paints, and textile spotting fluids.52,54 In addition to its use in dry cleaning, PCE 

is used as a chemical intermediate to produce fluorinated compounds including 

hydrofluorocarbon refrigerants 134a and 124 and as a cleaning solvent. TCE is used in the 

production of poly(vinyl chloride) (PVC) and hydrochloroflurocarbons.52–54,59  
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In addition to ongoing releases, historic use and improper disposal of chlorinated ethenes 

has led to soil and groundwater contamination at numerous sites.7,60,61 PCE and TCE are 

the volatile organic compounds (VOCs) most frequently detected above maximum 

contaminant levels (MCLs) and are listed on the Comprehensive Environmental Response, 

Compensation, and Liability Act (CERCLA) Priority List.5,6,62 Moran et al. (2007) 

examined data from groundwater samples collected across the United States (5,068 United 

States Geological Survey wells) and found detectable levels of PCE in 11% of wells and 

TCE in 5% of wells at concentrations ranging from 0.02 to 4,800 µg/L PCE and 0.02 to 

230 µg/L TCE. Many of the estimated 100,000 sites where contamination prevents 

unlimited use of and unrestricted exposure to the property are impacted by chlorinated 

ethenes, as they represent some of the most persistent contaminants worldwide.7,63 The 

ubiquity of these compounds makes them the most common contaminant at Superfund sites 

where they continue to persist in groundwater at 78% of sites and in soil at 49% of sites.1 

At U.S. Department of Defense Sites, TCE and PCE have been reported at concentrations 

above remedial goals in 69% and 59% of sites, respectively.7 

2.2 Use, Manufacture, and Disposal of Per- and poly-fluoroalkyl Substances 

PFAS encompass a variety of compounds with useful properties, such as low boiling points 

relative to molecular weight and unique partitioning behaviors with hydrocarbons and 

water.64 These properties enabled PFAS to be used in a variety of products including 

firefighting aqueous film forming foams (AFFFs); surface coating protection on cardboard, 

carpets, leather, and textiles; nonstick cookware; and breathable, waterproof membranes.65–

67  

Perfluoroalkyl acids (PFAAs) are a subset of PFAS that are generally found in the 

environment from direct release or from the degradation of precursor substances. PFAAs 

can be further classified as perfluoroalkyl carboxylic acids (PFCAs) or perfuloroalkyl 



9 of 200  

sulfonic acids (PFSAs) depending on the functional group at the end of the fluorinated 

hydrocarbon backbone.68,69 Of the PFAAs, perfluorooctane sulfonate (PFOS) and 

perfluorooctanoate (PFOA) are the most frequently detected and widely studied PFSA and 

PFCA, respectively.66,70–73  

AFFFs, which represent a major source of PFAS in the environment, are complex mixtures 

which typically contained significant quantities of PFAA precursor molecules (e.g. 

fluorotelomer alcohols [FTOHs] and fluorotelomer thioether amido sulfonates [FtTAoS]), 

PFAAs (e.g. PFOS and perfluorohexanol sulfonate [PFHxS]), and other PFAS.67,74–77 

Approximately 200 different fluorinated organic chemicals, divided into 40 classes, have 

been detected at AFFF impacted sites, including the shortest-chain PFAAs: 

perfluoroethanesulfonate (PFEtS) and perfluoropropanesulfonate (PFPrS).74,75,78 As of 

2004, an estimated 9.9 million gallons of AFFF concentrate containing PFAS was in 

storage and available for use in the U.S. by the U.S. military, civilian airports, fire 

departments, oil refineries, and other users, indicating potential sources of PFAS to the 

environment and an ongoing disposal liability.79 The wide variety of PFAS contained in 

AFFF includes anionic (25%), zwitterionic (55%), and cationic (13%) compounds.74 

Where AFFF containing PFAS has been used or released, PFAS have been detected at high 

concentrations in soil and groundwater. Moody and Field (1999) reported plumes of PFAS 

contaminated groundwater, associated with fire-training sites at US military bases where 

AFFFs were used (e.g. NAS Fallon, NV, Tyndall Air Force Base, FL, and Wurtsmith Air 

Force Base, MI), with concentrations up to 7.09 mg/L. In Sweden, PFOS concentrations 

of up to 2.9 mg/L were measured in groundwater collected from a fire training area.81  

Releases of PFAS associated with AFFF typically occur at the ground’s surface and, while 

compounds often accumulate in the aquifer’s capillary fringe, some conditions may cause 

PFAS to migrate deeper into groundwater, though these processes are not well 
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understood.67 Cationic and zwitterionic PFAS adsorb to soil particles and are likely to 

remain in source zones near the site of release. They have been shown to have non-linear 

Freundlich or Langmuir sorption isotherms with sorption dependent on organic carbon 

content and electrostatic interactions with iron-containing minerals.67,82–84 The overall 

ecological toxicity of PFAS likely depends on the specific mixture of compounds that an 

organism is exposed to; a study of PFOS found higher toxicity in wild tree swallows 

exposed to a suite of PFAS compounds when compared to laboratory-raised birds that were 

only exposed to PFOS.85  

In many aquifers, both chlorinated ethenes and PFAS are found together as co-

contaminants. Many fire-training areas used AFFFs to extinguish fires fed by off-

specification fuels and waste solvents, some of which were comingled with chlorinated 

ethenes, resulting in the co-release of PCE, TCE, and PFAS to soil and groundwater.44,45 

2.3 Health Risks 

The presence of chlorinated ethenes and PFAS in the environment is of concern due to 

their negative effects on human health, causing them to be regulated and/or monitored 

contaminants. The adverse health effects of PCE and TCE have been documented for many 

years, as far back as at least 1945, and disposal has been regulated by the United States 

Environmental Protection Agency (USEPA) since the 1976 Resource Conservation and 

Recovery Act (RCRA).86 The health effects of PFAS are still being assessed but recent 

studies showing adverse effects have led to USEPA provisional health advisories for PFOA 

and PFOS.87 

2.3.1 Health effects of chlorinated ethenes 

Acute inhalation of chlorinated ethenes can cause death as seen in accidental worker 

exposures and animal studies.88–96 In non-fatal doses, inhalation of chlorinated ethenes has 

acute effects on the central nervous system similar to the effects of drunkenness including 
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loss of body control, dizziness, drowsiness and fatigue, loss of consciousness, headache, 

euphoria, loss of vision and hearing, nausea, and memory loss.97–106 Chronic exposure to 

chlorinated ethenes, specifically TCE, is linked to neurological effects, including 

Parkinson’s disease, memory loss, mood swings, nerve damage, impaired motor function, 

decreased intelligence test scores, increases in mood disorders, and psychotic behavior with 

impaired cognitive function.97,107–115 Additional health effect from chronic exposure 

include cardiovascular damage such as Raynaud’s phenomenon, asthma, and ischemic 

heart disease,98,116–119 and liver damage, including cirrhosis, lesions, and increased liver 

weight.120–130 Inhalation of solvent vapors can be a concern during environmental 

remediation through the intrusion of vapors from groundwater, through the vadose zone, 

and into buildings.131,132  

There is substantial evidence that TCE and vinyl chloride (VC) are carcinogenic to humans, 

leading the International Agency for Research on Cancer (IARC) to classify them as Group 

1, carcinogenic to humans.133,134 There is less evidence linking PCE to cancer; it is 

classified by IARC as Group 2A, possible carcinogenic to humans.135 Specifically, TCE 

has been linked to kidney cancer136–140 and VC with liver cancers.141–151 Chlorinated ethenes 

are also linked to non-Hodgkin’s lymphoma, leukemia, liver cancer, bladder and urinary 

cancer, multiple myeloma, lunch cancer, lymphatic/hematopoietic cancers, and gallbladder 

cancer.117,136,147,151–168 

Due to these health effects, the Occupational Safety and Health Administration (OSHA) 

regulates PCE and TCE vapors with a permissible exposure level (PEL) of 25 ppm.169 VC, 

a compound produced during the biodegradation of PCE and TCE, is more harmful to 

health than the parent compounds as reflected in its lower OSHA PEL of 1 ppm.169 PCE, 

TCE, and VC are also regulated as drinking water contaminants with a USEPA maximum 

contaminant level (MCL) of 5 µg/L for PCE and TCE and 2 µg/L for VC.170 USEPA has 
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also issued a maximum contaminant level goal (MCLG) of 0 µg/L for all three 

compounds.170  

2.3.2 Health effects of per- and poly-fluoroalkyl substances 

The health effects of PFAS compounds are not as well understood as those of chlorinated 

ethenes, but recent research has shown negative effects of these chemicals. There are no 

reported cases of death due to acute PFAS exposure but an oral LD50 value of 540 mg/kg 

has been reported for rats fed PFOA.171,172 PFOA and other PFAS have been linked to 

kidney disease,173 diabetes,173,174 and liver toxicity.175 Chronic exposure to PFAS, including 

PFOA, PFOS, perflurodecanoate (PFDA), and perfluorododecanoate (PFDoA), has been 

linked to liver damage, asthma, changes in cholesterol levels, and cardiovascular damage 

such as high blood pressure, peripheral arterial disease, stroke, and myocardial 

infarction.173,176–192 Studies of communities exposed to PFAS in drinking water have 

identified correlations between exposure and instances of ulcerative colitis, impaired 

vaccine antibody responses, damage to reprodutive health, and delayed neurological 

development.193–201 Similar immunolgical and reproductive effects have been reported in 

animal studies.172,186,192,202–209 

There is limited information on the carcinogenicity of PFAS compounds. Only PFOA has 

been evaluated by IARC who classify it as Group 2B, possibly carcinogenic to humans.210 

PFOA has been linked to kidney, bladder, and testicular cancers as well as 

mesothelioma.173,188,211–215 Low level exposure, associated with contaminated drinking 

water, has not been correlated to elevated risk of cancer.210,214  

In 2009, due to the growing understanding that ingestion of PFAS poses a risk to human 

health, the USEPA issued provisional health advisories for PFOA and PFOS in drinking 

water at concentrations of 0.4 μg/L and 0.2 μg/L, respectively.87 While not enforceable as 

MCLs, if the provisional health advisory concentrations are exceeded, water suppliers 



13 of 200  

should take action to reduce exposure to these compounds.216 In addition to PFOS and 

PFOA, four other PFAS: perfluorobutanol sulfonate (PFBS), PFHxS, perfluoroheptanoic 

acid (PFHpA), and perfluorononanoic acid (PFNA), have been added to the USEPA’s list 

of unregulated contaminants to be monitored in public water systems.217 

2.4 Remediation of Chlorinated Ethenes 

Chlorinated solvents are colorless, volatile liquids with a distinctive sweet smell, and have 

unique properties that complicate remediation.5,218,219 The chlorinated solvents examined 

in this work are chlorinated ethenes, consisting of two carbon atoms double-bonded and 

one to four chlorine atoms. The highly chlorinated compounds, PCE (four chlorine atoms) 

and TCE (three chlorine atoms), are relatively insoluble in water with average reported 

aqueous solubilities of 1.7 and 11 mol/m3 (282 and 1,445 mg/L), respectively, and are the 

least volatile of the chlorinated ethenes with a vapor pressures of 2,600 and 9,700 Pa.220–

222 By removing chlorine atoms, PCE can be transformed to TCE, TCE to cis- or trans-1,2-

dichloroethene (DCE), DCEs to VC, and VC to non-chlorinated, non-toxic ethene. As 

chlorine atoms are removed, the compounds become more soluble in water and more 

volatile.218,223–225 Each compound is more dense than water and can form a dense non-

aqueous phase (DNAPL) when concentrations exceed the aqueous solubility.222,225,226 PCE 

and TCE readily adsorb to soil particles, primarily to those with organic carbon 

compounds, but also to clay cations, as measured by an adsorption coefficient (Kd).227–232 

In order to be removed, these compounds must be desorbed from soil and present as free 

solutes in the aqueous phase.233  

The earliest methods of remediating chlorinated ethene releases relied on physical 

processes, including soil excavation to treat source areas and in-place containment 

(barriers) and groundwater extraction with physical treatment (pump and treat) to treat 

dissolved plumes. Soil venting or thermal treatment were used to remove vapor phase 
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contaminants in both source areas and plumes.222,234–238 Physical removal of contaminants, 

especially via pump and treat systems, is costly, requires disposal of extracted 

contaminants in another location, and is complicated by aquifer heterogeneity, DNAPL 

source architecture, sorption to soil particles, and entrapment of contaminants between soil 

grains.223,234,236,239–241 These complications have led to a proliferation of in situ degradation 

technologies, including chemical oxidation and bioremediation, where contaminants are 

transformed to non-toxic compounds without removing them from the subsurface.234,241,242  

Some form of in situ treatment technology, including bioremediation, chemical treatment, 

permeable reactive barriers, air sparging, or thermal treatment, is currently used as a 

groundwater treatment remedy at 69% of Superfund sites with active remediation.1 The 

most popular in situ groundwater treatment technologies involve degradation of the 

compound in the subsurface. In situ chemical remediation and ISB were selected as the in 

situ treatment in 46% and 57% of Superfund groundwater remedies between 2012 and 

2014, respectively.1 ISB uses microorganisms to transform chlorinated ethenes in 

groundwater to non-toxic ethene. As a treatment technology, ISB involves modifying 

environmental conditions to encourage growth of a microbial community conducive to 

biodegradation. This is accomplished through biostimulation (the addition of nutrients and 

substrates), bioaugmentation (the addition of specific microbial species), or a combination 

of both.234,242–246 

In situ chemical remediation provides rapid transformation of chlorinated ethenes, but is 

the in situ technology most prone to rebound of contaminant when active remediation 

ends.2,247,248 Rebound is generally caused by diffusion of contaminants from DNAPL and 

low-permeability materials where chemical reagents did not achieve contact with the 

contaminant, or from reactions between the reagent and naturally occurring minerals that 

deplete the injected reagent; rebound is exacerbated by the short residence time of many 
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chemical amendments in the treated zone.247,249,250 In contrast, during ISB, conditions 

conducive to contaminant degradation can be maintained after biostimulation ends, 

reducing the potential for contaminants to rebound to concentrations above MCLs.244,251–

253 After 70 months of sucrose injections for bioremediaiton of PCE, Suthersan et al. (2013) 

observed elevated total organic carbon for at least 30 months after injections, with 

continued transformation of PCE to ethene, which the authors attributed to the decay of 

biomass providing an ongoing source of electron donor. In the traditional view of 

chlorinated ethene remediation, physical-chemical remediation techniques were preferred 

for source zones where DNAPL and high concentrations were expected, while ISB was a 

remedy only for dissolved plumes; however, more recently, ISB has been explored and 

utilized as a remedy for source zones as well as dissolved plumes.32,35,254–257 

While ISB is a popular remedy and is successful at many sites, it has limitations and 

challenges that make it an ongoing area of research. Incomplete transformation of PCE and 

TCE to ethene, and the associated increase in DCE and VC concentrations, is of significant 

concern when implementing ISB.18,19,239,258,259 Delivery of remediation amendments in 

heterogeneous soils complicates both chemical remediation and ISB and can result in 

untreated regions of aquifers and back diffusion from these locations.22,243 Advancing the 

understanding of the microbial communities involved in ISB is essential to overcoming its 

limits and increasing its effectiveness as a treatment technology. 

2.4.1 Biological processes regulating chlorinated ethene bioremediation 

The microbial processes that transform chlorinated ethenes include organohalide 

respiration, co-metabolism, and aerobic oxidation.9,218,239 During anaerobic reductive 

dechlorination, a form of organohalide respiration, chlorinated ethenes are used as an 

electron acceptor in an energy-producing metabolic reaction.39,239,260 Co-metabolism can 

occur during both aerobic or anaerobic processes when microbes using other metabolic 
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pathways also degrade chlorinated ethenes without yielding a direct benefit to the 

organism.261–265 Some microorganisms, including Polaromonas vaculata, Mycobacterium 

strains, and Nocardioides strain JS614, can utilize less chlorinated compounds (e.g., VC) 

as an electron donor in an aerobic oxidation reaction when oxygen is present as an electron 

acceptor.266–274  

The reductive dechlorination of PCE and TCE under anoxic conditions, the most critical 

pathway for ISB, is a sequential process, producing hydrochloric acid and chlorinated 

intermediaries, with transformation of PCE to TCE to cis-1,2-DCE to VC to ethene being 

the most commonly observed pathway.258,260,275,276 The reductive dechlorination reaction is 

thermodynamically favorable and allows microorganisms to obtain energy and grow using 

this metabolic pathway.277,278 While thermodynamically favorable, anaerobic reductive 

dechlorination yields less energy than other forms of microbial respiration making it 

unlikely to occur if alternate electron acceptors (oxygen and nitrate) are present, as 

indicated by an oxidation-reduction potential (ORP) greater than -200 mv.242,279–281 There 

is also evidence of dihaloelimination in which 1,2-dichloroethane was transformed to 

ethene without forming VC as an intermediary product but this has not been observed in 

the degradation of cis-1,2-DCE.282  

Not all species capable of anaerobic reductive dechlorination are able to perform each step 

in the sequential transformation of PCE to ethene. Several species can transform PCE and 

TCE to cis-DCE, including Dehalospirillum multivorans, Enterobacter agglomerans, 

Desulfitobacterium sp. strain PCE1, Dehalobacter restrictus, Desulurmona chloroethnica, 

and Geobacter lovleyi strain SZ (GeoSZ).283–289 Dehalococcoides species (Dhc), 

specifically strains of Dehalococcoides mccartyi (previously known as Dehalococcoides 

ethanogeneses), are the most widely-studied and utilized microorganisms capable of 

transforming PCE and TCE to ethene.8,19,290–292 Dhc is a gram-neutral, disc-shaped, coccoid 
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cell bacterium in the phylum Chloroflexi that cannot use oxygen, nitrate, or sulfate as 

electron acceptors, making them obligate anaerobes.292 

Multiple strains of Dhc, with differing capacities for reductive dechlorination, have been 

identified and are typically differentiated by the RDase genes they contain.12 Strains 195 

and FL2 have been shown to rapidly transform PCE and/or TCE to VC, but not to ethene; 

strain 195 slowly transforms VC to ethene, likely in a co-metabolic process.51,276,292 Dhc 

strains BAV1, VS, KB-1/VC, and GT are able to transform VC to ethene in a metabolic 

dechlorination reaction resulting in more rapid transformation than co-metabolic 

reactions.13,14,293,294 Strains FL2 and GT can also metabolically transform TCE to cis-DCE, 

but cannot degrade PCE, while strain BAV1 can co-metabolically transform PCE and TCE 

to DCE.14,51,293,295 A Dhc strain that converts PCE to trans-DCE has also been identified as 

strain MB.296  

The identity of Dhc strains and their capability to perform reductive dechlorination is 

determined by the RDase enzymes they produce to catalyze the dechlorination of 

chlorinated ethenes and the associated RDase genes that encode for the enzymes.10,37 

RDase genes that have been characterized include pceA and tceA in Dhc strain 195, vcrA 

in Dhc strains VS, WBC-2, 11G, and GT, bvcA in Dhc strain BAV1, and pteA in Dhc strain 

11a5.51,293,297–303 PCE reductase (pceA and pteA genes) catalyzes the transformation of PCE 

to TCE, TCE reductase (tceA gene) catalyzes the transformation of TCE to VC, Vinyl 

chloride reductase (vcrA gene) catalyzes the transformation of cis-DCE, trans-DCE, and 

VC to ethene, and Vinyl chloride reductase b (bvcA gene) catalyzes the transformation of 

cis-DCE and VC to ethene.10,290,301 Additional metabolic genes are found in strains of Dhc 

that are capable of organohalide respiration using compounds other than chlorinated 

ethenes including triclorobenzene and 1,2-dichloropropane.304–307 Recent evidence has 
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emerged that the vcrA gene may be contained on extrachromosomal circular elements 

which may increase the transfer of RDase genes between strains of Dhc.308 

Monitoring total Dhc 16S rRNA and RDase gene abundance is useful to predict 

remediation performance and assess the need for bioaugmentation.40,41,309 Quantitative 

polymerase chain reaction (qPCR) and loop-mediated isothermal amplification (LAMP) 

can be used to target specific nucleotide sequences, allowing the quantification of total Dhc 

and other microorganisms through the 16S rRNA gene and the identification and 

quantification of Dhc strains through the RDase genes.37,310 If the strains and associated 

RDase genes implicated in transformation to ethene (vcrA and bvcA) are not present, or are 

present in low numbers, complete transformation to ethene is unlikely and additional 

organisms must be added to the subsurface through bioaugmentation.19,20,244,311 A survey of 

samples collected at sites undergoing active bioremediation or monitored natural 

attenuation identified a correlation between higher ethene concentrations and total Dhc 16S 

rRNA and VC RDase (bvcA and vcrA) gene abundances greater than 107 and 106 copies/L, 

respectively, especially when the ratio of total Dhc to VC RDases was near one.38 

Conversely, incomplete dechlorination occurs (PCE, TCE, and DCE predominate) when 

VC RDase genes are absent or present at less than 105 copies/L, even if total Dhc 16S 

rRNA abundance is greater than 107 copies/L.38   

Dhc have specific environmental and nutritional requirements including hydrogen as an 

electron donor, acetate as a carbon source, and vitamin B12 (cyanocobalamin) as a cofactor 

to produce RDase enzymes.27,291,292,312,313 For bioremediation, Dhc are typically grown in a 

mixed culture where fermenting bacteria (including Desulfovibrio, Eubacterium, 

Clostridium, Acetobacterium, Citrobacter, and Spirochetes) transform fermentable 

substrates (lactate or other biostimulation additives) to acetate and produce hydrogen. 

Other community members, including species from the Geobacter, Clostridium, 



19 of 200  

Pelosiinus, Dendrosorobacter, Sporotalea, Desulfovibrio, Acetobacterium, and 

Methanosarcina genera produce the necessary corrinoids, including B12.42,314–324 

2.4.2 Bioremediation studies 

ISB pilot studies began in the early 1990s trying to stimulate aerobic co-metabolic 

degradation by injecting methane and oxygen into the subsurface and successfully 

demonstrated biostimulation to transform VC to ethene.325 Harkness et al. (1999) 

demonstrated successful bioaugmentation in a laboratory setting where columns 

bioaugmented with the Pinellas culture, isolated from the Department of Energy’s Pinellas 

site (Largo, FL), were able to transform TCE to ethene. This culture was then used at the 

Dover Air Force Base (Dover, DE) and was shown to complete the transformation to ethene 

in situ when provided with lactate as an electron donor and carbon source.244 Investigation 

and implementation of ISB continued with additional successful demonstrations, primarily 

in aquifers consisting of coarse and fine grained porous media.2,19,327–329 Although ISB has 

been established as a practical remedy for chlorinated ethene remediation, contaminant 

rebound and incomplete dechlorination to DCE and VC are often observed. In order to 

address these issues, research into implementing ISB in heterogeneous porous media, low-

permeability aquifers, and contaminated fractured bedrock is ongoing.330–333 

In both field and laboratory studies, ISB has been shown to work successfully in 

chlorinated ethene source zones where high concentrations and DNAPL may be 

present.32,35,251,254,334,335 ISB can successfully remediate source zones by incorporating bio-

enhanced dissolution, in which the breakdown of highly chlorinated ethenes near a 

concentrated source lowers the aqueous concentration, thus increasing the driving force 

necessary to dissolve residual DNAPL, and transforms parent compounds to less 

chlorinated ethenes with higher solubilities.32,33,257,311,336–338 Similarly, biological activity in 

higher permeability zones, where bioremediation amendments are easily distributed, may 
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facilitate the back diffusion of compounds from low-permeability materials into higher 

flow regions. MRD decreases the total mass of the contaminant in solution, thus increasing 

the driving force and causing mass transfer from low-permeability regions to high flow 

regions, even if biomass growth does not occur in the low-permeability matrix.331,339,340 

There is also evidence of biofilm formation by dechlorinating microorganisms, which may 

act as a sink for contaminants migrating from low-permeability areas and decrease the 

overall mass flux from residual contamination trapped in low-permeability regions.341–343 

Dhc strains will play an important role in attenuating releases from low-permeability 

media, affecting contaminant rebound rates and long-term plume management. Thus, 

understanding the distribution of Dhc strains in heterogeneous porous media, and the 

factors that affect these distributions, is essential to designing effective remedies for 

chlorinated ethene contamination in real-world systems.  

The availability of electron acceptors has been shown to determine the abundance of Dhc 

strains harboring specific RDase genes.28,344–346 Liang et al. (2015) prepared culture bottles 

with KB-1®, a commercially-available dechlorinating consortium (SiREM; Guelph, ON), 

maintained on TCE and methanol, as a parent culture. Each culture was then enriched with 

TCE, cis-DCE, or VC as electron acceptors, and the vcrA and tceA genes were most 

abundant in cultures provided with TCE, while bvcA was most abundant in cultures where 

cis-DCE was the available electron acceptor.28 In cultures where VC was the only electron 

acceptor, only the vcrA gene was present while, in cultures provided with cis-DCE, cells 

harboring bvcA was favored.28,346 Johnson et al. (2005) found that transcription of the tceA 

gene increased with the duration of TCE or DCE exposure, but did not increase if PCE or 

VC was the only available electron acceptor. The total abundance of the tceA gene 

increased when TCE was provided as an electron acceptor.347 At two TCE-contaminated 

field sites bioaugmented with KB-1®, the relative abundance of RDase genes shifted as 
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dechlorination progressed, with bvcA most abundant while cis-DCE was the predominant 

contaminant and the relative abundance of vcrA increasing as cis-DCE was transformed to 

VC.346 Variation in RDase gene abundance with electron acceptor availability has also been 

shown in column studies in which all RDase genes were present at the inlet, where PCE 

was introduced, but the only the vcrA and bvcA genes were present in downgradient 

locations where only cis-DCE and VC were detected.27,344  

The presence of high aqueous concentrations of chlorinated ethenes, associated with the 

presence of DNAPL, affects the abundance of dechlorinating microorganisms and RDase 

genes, similar to the availability of electron acceptors.35,255,257 In a mixed culture, GeoSZ 

was three orders of magnitude more abundant than Dhc in a DNAPL source zone, but, 

downgradient of the DNAPL source, total Dhc abundance was within 1 order of magnitude 

of GeoSZ abundance.257 Cápiro et al. (2015), examining the distribution of GeoSZ, Dhc, 

and RDase genes around PCE DNAPL pools and ganglia in a two-dimensional aquifer cell, 

also found that planktonic GeoSZ was more abundant than planktonic Dhc in the source 

zone area. Late in the experiment, when PCE and TCE were depleted from the source zone 

and residence time was increased using flow interruptions, the relative abundance of 

planktonic Dhc increased relative to the GeoSZ abundance.35 In regions of pooled PCE 

DNAPL, cells harboring the vcrA gene were most abundant with the tceA and bvcA genes 

making up 23% and 2% of the total planktonic RDase genes, respectively. In more sparse 

DNAPL ganglia regions, cells harboring the vcrA gene were still most abundant, but the 

tceA gene made up a smaller proportion (10%) of the planktonic RDase genes.35 

The availability and type of electron donor also affects the composition of the 

dechlorinating community. A recent study has shown variability in the strains of Dhc (as 

identified by sequencing the Dhc 16S rRNA gene) when columns, inoculated with the Dhc-

containing Bachman Road culture, were provided with different types of electron donors, 
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but did not report changes to specific RDase genes.348 In columns continuously provided 

with whey electron donor, Dhc strains associated with the Cornell group (strain 195) 

predominated, while strains from the Pinellas group (strain FL2) predominated in columns 

with infrequent amendments of vegetable oil.293,348 Electron donor limitations also affect 

the strains of Dhc and associated RDase genes in mixed cultures. In a culture containing 

strains of Dhc harboring both the vcrA and tceA genes (derived from aquifer material at 

sites in Corvallis, OR and Victoria, TX), long-term electron donor limitation caused cells 

with tceA to outcompete cells with vcrA, preventing transformation of DCE to VC and 

ethene.349 After a long-term (2,000-day) period of electron donor limitation, the cells 

harboring vcrA were still present at low concentration and were able to recover after 

additional electron donor was provided, allowing the culture to once again complete the 

transformation of TCE to ethene.349 

Geochemical parameters, including oxygen concentration, nitrogen availability, 

temperature, and pH, have also been shown to impact the abundance of RDase genes and 

tend to most inhibit cells harboring the vcrA gene, one of the genes necessary for metabolic 

transformation of VC to ethene.25,26,29,350–352 In an oxygen exposure study, a mixed strain 

Dhc culture, Bio-dechlor Inoculum (BDI), retained the ability to rapidly transform TCE to 

VC after 30-days of oxygen exposure but the transformation rate of VC to ethene was 

reduced, likely due to the preferential survival of strain FL2, capable of slower, co-

metabolic transformation of VC to ethene.25 Using the KB-1® enrichment culture, Heavner 

et al. (2018) found that the Dhc strain harboring bvcA recovered after exposure to oxygen 

while cells harboring vcrA did not. The availability of nitrogen (as NH4) was shown to 

increase dechlorination rates and encourage the growth of Pinellas-type Dhc at the expense 

of Cornell-type Dhc.352 
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When exposed to elevated temperatures, increasing from 15°C to 35°C (similar to 

temperatures on the perimeter of a traditional thermal treatment site or in a low temperature 

thermal treatment), Dhc strains harboring the bvcA gene increased in abundance 

preferentially when compared to cells harboring the vcrA gene.29 Fletcher et al. (2011), 

using OW Consortium, a culture with  only tceA and vcrA, found that incubation above 

40°C for 49 days, followed by cooling to 24°C, caused the culture to lose the ability to 

transform VC to ethene, indicating that higher temperatures negatively impacted Dhc cells 

harboring the vcrA gene.  

Low pH has been shown to have a detrimental effect on Dhc growth and dechlorination 

ability, which is of significant concern because hydrochloric acid is produced during 

reductive dechlorination, thus lowering the pH of the groundwater.254,353,354 Dhc strains 

harboring the vcrA gene were more susceptible to low pH (5.5) stress than cells harboring 

the tceA gene. When pH was restored to neutral (7.2) after 40-days of low pH exposure, 

the surviving Dhc population was unable to complete the transformation of PCE to ethene 

and stalled at VC, adding further evidence that cells harboring the tceA gene were more 

resilient in non-ideal conditions.26 

Co-contaminants can impact microbial reductive dechlorination and affect specific strains 

of Dhc. Chloroform has been shown to inhibit chlorinated ethene biodegradation by KB-

1® microbes355 and 1,1,2-Trichloro-1,2,2,-trifluoroethane (CFC-113) inhibited 

transformation of cis-1,2,-DCE by the Dhc-containing consortium SDC-9.356 The presence 

of co-contaminants 1,1,1-trichloroethane (1,1,1-TCA) and triclocarban (TCC) have also 

been shown to reduce dechlorination rates by Dhc-containing cultures.357,358 In addition to 

reducing dechlorination rates, co-contaminants such as 1,2-Dichloroethane can alter the 

population structure of dechlorinating consortia, favoring Dhc cells harboring the tceA 

gene at the expense of cells harboring the vcrA gene.30  



24 of 200  

There is limited information available on the specific effect of heterogeneous porous media 

on the distribution of Dhc and RDase genes at the interface between soils of differing 

hydraulic conductivity. Cápiro et al. (2014) examined the effect of different porous media 

on the attachment of Dhc and GeoSZ cells in column experiments during active 

dechlorination, and found that fewer cells were associated with the aqueous phase in 

Appling soil, with a lower hydraulic conductivity and higher organic carbon content, than 

in Federal Fine Ottawa sand, but did not measure RDase genes. When deprived of electron 

donor, Dhc cells rapidly detached from soil and were found to be associated with the 

aqueous phase.359 

The effect of soil heterogeneity on the distribution of DNAPL into pools and ganglia has 

been examined, along with the distribution of RDase genes and Dhc cells in these source 

zone regions, but there are no studies of the spatial and temporal dynamics relative to soil 

heterogeneity in dissolved plumes. Field studies have shown that Dhc cells are able to 

penetrate low-permeability media, including clays, but delivering the necessary 

amendments to low-permeability regions is still a challenge, especially in heterogeneous 

aquifers.22,331,332 There is also evidence that Dhc cells can grow and dechlorinate in 

biofilms, the formation of which may be affected by soil properties and gradients in nutrient 

availability which then, in turn, affect the transport of compounds in and out biofilm 

containing regions and complicate amendment delivery.341–343,360  

In larger, field-scale studies, researchers have identified variations in dechlorinating 

populations across large scales, but have not examined the effect of small-scale 

heterogeneity. In a study examining multiple sites, the total Dhc population was correlated 

with dissolved organic carbon concentration, likely acting as an electron donor.361 The 

abundance of cells harboring the vcrA gene correlated with VC concentrations, while the 

abundance of cells harboring bvcA and tceA genes made up a larger portion of the Dhc 
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population in less reduced aquifers, likely due to the impact of oxidative stress on cells 

harboring vcrA.25,361 In a study of sediments across multiple sites, the distribution of RDase 

genes was dependent on depth, but did not correlate with the concentration of VC.362 

Due to the importance of bioenhanced dissolution and diffusion in limiting contaminant 

rebound during and after ISB, it is important to understand the dynamics of microbial 

populations in relation to low-permeability and high organic carbon soils in a 

heterogeneous aquifer. These regions are likely to have higher contaminant concentrations 

in mature plumes and are likely to receive fewer nutrients and amendments using 

traditional ISB injection techniques. To advance the understanding of these phenomenon, 

an aquifer cell experiment with heterogeneous porous media was used to quantify the effect 

of soil heterogeneity and electron acceptor availability on the distribution of Dhc 16S 

rRNA and RDase genes (Chapter 3).  

The hydraulic residence time of contaminants and remediation amendments in a treatment 

zone is a key ISB design parameter and can be controlled by well positioning and, if active 

pumping is used for recirculation or hydraulic containment, by extraction rates.36,363,364 

Increasing average residence time can increase chlorinated ethene degradation in air 

sparging systems,365 permeable adsorptive barriers,366,367 permeable reactive barriers,368 

and during in situ chemical oxidation.369 In laboratory experiments, longer residence time 

is correlated with increased dechlorination of TCE.370–372 Aquifer heterogeneity 

complicates the design of ISB as average residence time differs from local residence times 

when permeability is non-uniform. Despite laboratory studies demonstrating the impact of 

residence-time on dechlorination, field-scale studies and studies incorporating 

heterogeneity are lacking. Demonstrating that insufficient hydraulic residence time in a 

bioactive treatment zone causes incomplete dechlorination during bioremediation will 

improve the implementation of bioremediation as a remedy for groundwater contaminated 
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with TCE. An in situ pilot test and corresponding laboratory aquifer cell study were used 

to demonstrate the impact of residence time and heterogeneity on the extent of TCE 

biodegradation (Chapter 4). 

Quantifying RDase gene abundance through DNA provides information on the Dhc strains 

that are present and their capability to perform reductive dechlorination, as described 

above, but it does not measure which cells are actively performing MRD. RNA transcripts 

may provide a better measure of the potential for dechlorination activity as they are only 

present when the RDase enzyme is being produced and decay rapidly relative to DNA 

when electron acceptors are depleted.42 By examining RNA, Lee et al. (2006) demonstrated 

the effect of electron acceptor availability as, in a pure culture of Dhc strain 195, the tceA 

gene was expressed when TCE and cis-DCE were present, but was depleted to a stable 

concentration after about 2 days without those electron acceptors. Subsequently, the vcrA 

gene was expressed as long as a chlorinated ethene was present, but it also degraded to a 

low level after VC was transformed to ethene.42  

In a mixed culture collected from Zenne River (Belgium) sediment, Doǧan-Subaşi et al. 

(2014) also identified an increase in tceA and vcrA gene transcripts when chlorinated 

ethenes were present. The tceA gene was upregulated while TCE was present, but the 

abundance of gene transcripts decreased after TCE was dechlorinated. The vcrA gene 

transcript increased in abundance as cis-DCE was formed but, in contrast to Lee et al. 

(2006), remained elevated after the VC concentration was reduced to undetectable levels.11 

In samples collected from a TCE-impacted aquifer in Fort Lewis, WA, the vcrA and bvcA 

genes were found to be highly expressed by the Dhc cells while tceA transcripts were 

detected infrequently and with lower abundance, despite the presence of TCE in the 

groundwater.373 
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While electron acceptor availability correlates to RDase gene abundance and expression in 

laboratory batch experiments, the low expression of the tceA gene at the Fort Lewis site 

may indicate that there are other factors impacting the expression of RDase genes in more 

complex systems. Studies examining the impact of varying electron donor availability on 

RDase gene expression are lacking but would be useful to determine dechlorination 

capability during the common practice of pulsed electron donor delivery. To address this 

need, samples were collected from an in situ pilot test and aquifer cell experiment where 

lactate was supplied intermittently. These samples were analyzed for RDase RNA 

transcript abundance to determine which RDase genes were expressed during MRD 

(Chapter 5).   

2.5 Remediation of Per- and Poly-fluoroalkyl Substances 

PFAS are considered persistent in the environment with no known natural pathways of 

photolysis, hydrolysis, or biodegradation to a benign end point.374 Several PFAS 

compounds are known to adsorb to soil and the extent and rate of adsorption is affected by 

co-contaminants, including NAPLs, and by the presence of other surfactants.374,375 

Currently, pump and treat remediation systems are used to contain PFAS plumes, but are 

unlikely to fully remediate aquifers do to the sorption and low solubility of the 

compounds.376,377 A variety of technologies are available to remove (activated carbon, ion 

exchange, nanofiltration, or reverse osmosis)67,73,378–387 or destroy (photo-, sono-, or 

thermo-chemical processes)377,388–402 PFAS compounds in process water from pump and 

treat systems, wastewater treatment plants, and drinking water purification facilities. 

Traditional water treatment technologies, deployed to treat wastewater, drinking water, or 

extracted groundwater for remediation (e.g. coagulation, flocculation, sedimentation, and 

filtration), are not typically effective in removing PFAS from water due to the low 

concentrations and high hydrophobicity of these contaminants.69,380–382,398,403  
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In situ treatments for PFAS contaminated groundwater have not been implemented on a 

commercial-scale. There is some evidence that permanganate and persulfate may degrade 

PFOS and/or PFOA, but require specific temperature and pH controls that may not be 

practical on a large scale.404,405 During in situ activated persulfate treatment of a mixed 

plume of chlorinated solvents and PFAAs, the presence of PFAAs did not reduce the 

effectiveness of treatment for chlorinated ethenes and PFAA concentrations declined after 

treatment, possibly due to destruction of PFAA compounds by persulfate.406  

2.5.1 Biodegradation of PFAS 

PFAS were typically manufactured and used as large fluorotelomers (e.g. fluorotelomer 

alcohols [FTOH], n-ethyl sulfonamide ethanol [EtFOSE], or polyfluoroalkyl phosphates 

[PAPs]), which have been shown to degrade to PFAAs, also known as terminal PFAS.407–

411 Aerobic biodegradation of FTOH yields unsaturated fluorotelomer acids and PFCAs, 

primarily PFOA, undecafluorohexanoic acid (PFHxA), and perfluoropentanoic acid 

(PFPeA).409,412 Microorganisms in aerobic wastewater treatment plant sludge were used to 

degrade 6:2 fluorotelomer sulfonamide alkylamine and 6:2 fluorotelomer sulfonamide 

alkylbetaine, common AFFF fluorotelomers, to form shorter-chain PFCAs, including 

PFHxA and PFPeA, plus FTOH and 6:2 fluorotelomer sulfonamide (FTSAm), indicating 

that the sulfonamide group of the parent compound was not transformed during 

biodegradation.413 In anaerobic activated wastewater sludge, C14 labeled 8:2 FTOH 

degraded to shorter chain FTOHs and PFCAs (PFOA, PFNA, PFHxA) with some evidence 

of defluorination identified by C14 labeled carbon dioxide and an increase in free fluorine 

ions.414 Similar results were observed when a microbial community from aerobic soils were 

exposed to 8:2 FTOH or 6:2 FTOH, but PFOA and PFHxA produced by the microbes did 

not degrade further.414–416 Anaerobic wastewater sludge-derived microbes have not been 

shown to degrade 6:2 fluorotelomer sulfonic acid (FTSA) or PFAAs, such as PFOS and 

PFBS, even at incubations of 32 weeks to 3.4 years.417  
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Bacteria derived from marine sediments were able to degrade EtFOSE to PFOS, PFOA, 

and other fluorinated sulfonamides but a higher molecular weight EtFOSE-based 

phosphate diester (SAMPAP) was recalcitrant to biodegradation.418 Similarly, 8:2 

fluorotelomer stearate monoester was transformed to 8:2 FTOH and stearic acid, then 

FTOH was degraded to PFCAs, primarily PFOA.419 Aerobic microcosm studies using soil 

microbial communities and Ansul AFFF showed that FtTAoS degrades to fluorotelomer 

sulfonates and PFCAs with additional unidentified intermediate products, but did not 

monitor fluoride ion concentration to detect defluorination of the PFAS.420 The white-rot 

fungus, Phanerochaete chrysosporium was also shown to degrade 6:2 FTOH, primarily to 

polyfluoroalkylcarboxylic acids with the formation of fewer PFCAs, 5.9% by molar 

mass.421  

Although there is evidence that perfluoroalkyl compounds can be biotransformed, the 

degradation may be limited to non-fluorinated portions of the molecule, resulting in PFOS, 

PFOA, or other unidentified end products.44,67,73,422 A community of denitrifying, iron 

reducing, and sulfate reducing bacteria was able to transform PFOA and PFOS to shorter 

chain PFAAs (heptafluorobutrycic acid [PFBA], PFPeA, PFHxA, PFBS, and other 

unidentified compounds) with a measurable increase in free fluorine.423 Microbial cleavage 

of the C-F bond by microbes in KB-1® has been shown for two branched, unsaturated PFAS 

(perfluoro(4-methylpent-2-enoic acid and 4,5,5,5-tetrafluoro-4-(trifluoromethyl)-2-

pentenoic acid).424 Although the fully saturated compounds tested (PFOA, perfluoro-3,7-

dimethyloctanoic acid, and 4,5,5,5-tetrafluoro-4-(trifluoromethyl) pentanoic acid) were not 

biodegraded, this single study may suggest the possibility of additional microbial 

transformations of PFAS.424 Overall these microbial processes are likely to lead to the 

accumulation of PFAAs in aquifers contaminated with AFFF, necessitating study of their 

impact on ISB. 
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2.5.2 Impact of PFAS on dechlorinating microorganisms 

Although there is no well understood pathway for the biotransformation of fully-saturated 

PFAAs, their presence affects the bioremediation of other compounds, including 

chlorinated ethenes, which are often present in mixed plumes. Although PFOS and other 

PFCAs were not shown to impact the methanogenic activity of anaerobic wastewater 

sludge, even at concentrations as high as 500 mg/L,417 other studies have shown negative 

impacts of PFAS on microorganisms. Degradation of soil organic matter by soil 

microorganisms was impeded by PFAS in soil, with PFSAs exhibiting greater toxicity than 

PFCAs, and with longer-chain PFAAs having greater toxicity than shorter chain PFAAs.425 

A study of the community structure of soil microbes exposed to PFAS revealed inhibition 

of some species (Latescibacteria and Chloroflexi) but stimulation of others (Firmicutes, 

Acidobacteria, and Actinobacteria) with an overall increase in the abundance of bacteria 

but a decrease in bacterial diversity.426 Fitzgerald et al. (2019) showed that AFFF, a PFAS-

mixture, and individual PFAS could all inhibit microbial degradation of 2,4,-

dichlorophenol and change the microbial community structure. In a study of toluene-

degrading bacteria, the rate of toluene degradation was not affected by the presence of 

PFAAs but there were indications of stress on the microbial cells, including flocculation 

and an increased transcription of stress-genes.428  

TCE degradation by Dhc was found to be inhibited by PFAA concentrations in excess of 

66 mg/L in a methanogenic culture containing Dhc strain 195.43 A similar study found that 

TCE dechlorination by Dhc was inhibited by AFFF from Ansul and National foam, but 

was not inhibited by 3M AFFF.46 In order to use ISB to treat chlorinated ethenes in plumes 

mixed with PFAS, the conditions under which Dhc activity is inhibited must be better 

understood. A series of batch reactor and microcosm experiments was used to examine the 

impact of PFAAs on Dhc strains and dechlorination rates (Chapter 6).  
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3.0 Bioenhanced back diffusion and population dynamics of 

Dehalococcoides mccartyi strains in heterogeneous porous media 

This work was accepted for publication in Chemosphere on April 17, 2020. Co-author 

Lurong Yang performed the numerical modeling portions of this work, specifically 

sections 3.3.4, 3.4.1, and 3.4.3 and Appendix A1.6. The Supplementary Material submitted 

for publication with this work is provided as Appendix A. 

3.1 Abstract 

Diffusion, sorption-desorption, and biodegradation influence chlorinated solvent storage 

in, and release (mass flux) from, low-permeability media. Although bioenhanced 

dissolution of non-aqueous phase liquids has been well-documented, less attention has 

been directed towards biologically-mediated enhanced diffusion from low-permeability 

media. This latter process was investigated using a heterogeneous aquifer cell, packed with 

20-30 mesh Ottawa sand and lenses of varying permeability (1.0×10-12-1.2×10-11 m2) and 

organic carbon (OC) content (<0.1-2%), underlain by trichloroethene (TCE)-saturated 

clay. Initial contaminant loading was attained by flushing with 0.5mM TCE. Total 

chlorinated ethene removal by hydraulic flushing was then compared for abiotic and 

bioaugmented systems (KB-1® SIREM; Guelph, ON). A numerical model incorporating 

coupled diffusion and (de)sorption, facilitated quantification of bio-enhanced TCE release 

from low-permeability lenses, which ranged from 6-53%. Although Dehalococcoides 

mccartyi (Dhc) 16S rRNA genes were uniformly distributed throughout the porous media, 

strain-specific distribution, as indicated by the reductive dehalogenase (RDase) genes vcrA, 

bvcA, and tceA, was influenced by physical and chemical heterogeneity. Cells harboring 

bvcA comprised 44% of the total RDase genes in the lower clay layer and media 

surrounding high OC lenses, but only 2% of RDase genes at other locations. Conversely, 

cells harboring the vcrA gene comprised 50% of RDase genes in low-permeability media 

compared with 85% at other locations. These results demonstrate the influence of microbial 
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processes on back diffusion, which was most evident in regions with pronounced contrasts 

in permeability and OC content. Bioenhanced mass transfer and changes in the relative 

abundance of Dhc strains likely impact bioremediation performance in heterogeneous 

systems. 

3.2 Introduction 

Engineered bioremediation, including bioaugmentation and biostimulation, has been 

implemented as an effective remedial strategy to transform tetrachloroethene (PCE) and 

trichloroethene (TCE) to benign ethene, and has resulted in reduced site cleanup times 

compared to natural attenuation.15,19,335 In close proximity to non-aqueous phase liquid 

(NAPL) contaminants, it is well documented that the process of microbial reductive 

dechlorination (MRD) can enhance organic phase  dissolution rates over abiotic dissolution 

alone, leading to decreased longevity of the source zone.35,257,311,337 Two mechanisms 

involved in this enhancement are: (1) the transformation of contaminants to higher 

solubility daughter products, and (2) an increase in the concentration gradient between the 

NAPL and the surrounding aqueous phase (dissolution driving force). 

While engineered bioremediation has been successfully implemented at many sites, 

numerous sites have also exhibited incomplete dechlorination to dichloroethene isomers 

(DCE) and/or vinyl chloride (VC)18–20, or have demonstrated rebound of contaminant 

concentrations after biostimulation.17,21 Contaminant rebound is often exacerbated by the 

presence of subsurface heterogeneity, where contaminant mass sequestered in low-

permeability porous media can be slowly released over time through diffusion and 

desorption.2,22–24 Subsurface heterogeneity also complicates bioremediation because 

amendments delivered through groundwater injection are unable to effectively penetrate 

low-permeability media.9,22,24 Despite these challenges, bioremediation has been shown to 

be effective in aquifers with physical heterogeneity, including clay tills.331,332 Further, 
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biological activity in higher permeability zones, where amendments are more easily 

distributed, can facilitate the back diffusion of compounds from low-permeability zones to 

higher flow regions by increasing the driving force for mass transfer.331,339,340  

The widespread application of MRD for treatment at chlorinated solvent sites has been 

largely due to the extensive study of Dehalococcoides mccartyi (Dhc) 

strains.8,14,39,51,276,289,292 This work has shown that numerous strains can contribute to the 

transformation of the PCE and TCE to benign ethene. Specific transformation steps are 

carried out by Dhc strains harboring reductive dehalogenase (RDase) genes, including 

tceA, (TCE to VC), vcrA (cis-DCE to ethene), and bvcA (all DCE isomers to ethene).292,362 

RDase genes are routinely monitored to assess the dechlorination capability of specific 

microbial communities.37,332,361,373 

While previous studies have examined responses of specific Dhc strains to perturbations 

in geochemistry,25,26,29 few have explored the influence of coupled physical and chemical 

heterogeneity on Dhc strain growth and activity, despite the role of specific Dhc strains 

and the influence of subsurface conditions on the successful application of bioremediation. 

Instead, experimental studies have generally been limited to batch and one-dimensional 

homogeneous column experiments examining the relationship between electron donor and 

acceptor concentration and the abundance of RDase genes.11,27,28,344 Such experimental 

systems, however, do not reproduce the heterogeneity present in real aquifers. Conversely, 

field-scale studies, examining microbial population variations between sites or across large 

areas361,362,373 did not resolve microbial spatial distributions at the scale that will control 

enhanced contaminant mass transfer and its contribution to remedial effectiveness. Only 

one study examining the impacts of NAPL saturation heterogeneity on Dhc strain 

distribution has been performed in a heterogeneous multi-dimensional system,35 but the 

influence of physical heterogeneity was not addressed.  
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Mathematical models can be used to extrapolate laboratory results to the field-scale and to 

delineate the impact of individual biogeochemical processes. In prior studies, models have 

been used to quantify the effect of back diffusion in both field- and bench-scale systems 

(2-D) incorporating heterogeneous permeability domains.429–432 However, these 

investigations have not accounted for coupled processes, including diffusion, sorption, and 

biotransformation. Changes in physical-chemical properties (e.g., diffusivity, solubility, 

sorptive capacity, volatility) as parent compounds are biotransformed to daughter products 

will also influence the remediation of the sequestered mass in low-permeability soils. To 

date, no studies have utilized numerical models to quantify the impact of enhanced 

biotransformation on back diffusion in heterogeneous media. 

Due to the potential impacts of bioremediation on contaminant mass transfer from low-

permeability zones, there is a critical need for systematic, high-resolution, laboratory 

investigations of biomass and Dhc strain distributions in realistic, multi-dimensional, 

chemically and physically heterogeneous systems. The overall objective of this study was 

to improve our understanding of the contribution of bioremediation to mass transfer 

between the bulk media and regions of low-permeability and higher organic carbon. A 

laboratory-scale, multi-dimensional aquifer cell, packed with five porous media of varying 

permeability and organic carbon (OC) content, was employed to study chlorinated ethene 

(TCE) diffusion from low-permeability regions under abiotic and biotic conditions. A 

modified version of a three-dimensional multi-species modular transport model 

(MT3DMS), incorporating information on physical and sorption heterogeneity, was used 

to generate predictions of back diffusion under abiotic conditions for comparison with 

experimental data following bioaugmentation. The spatial and temporal variation 

abundance of Dhc 16S rRNA and RDase genes was monitored throughout the experiment 

and in soil samples collected at the conclusion of the experiment. These data were used to 
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determine the extent of biologically-enhanced back diffusion as a function of physical 

heterogeneity, contaminant distribution, and the distribution of total and specific Dhc strain 

abundance.  

3.3 Materials and Methods 

3.3.1 Aquifer cell setup and preparation 

The aquifer cell (63.5 cm length × 38 cm height × 1.4 cm thickness) was constructed from 

two 1.4 cm thick glass panels held in an aluminum frame, with sampling ports aligned in 

four vertical columns following the procedures of Cápiro et al. (2015) and Suchomel et al. 

(2007) (Figure 3-1). Clay collected from the Commerce Street Superfund Site (Williston, 

VT) was dried, ground with a mortar and pestle, re-saturated with a 100 mg/L TCE 

solution, and emplaced in the bottom 3 cm of the aquifer cell to create a lower confining 

layer. Above the clay layer, the aquifer cell was packed with ASTM International Standard 

20-30 mesh sand (US Silica Company; Ottawa, IL) under water-saturated conditions. Four 

5 cm (height) × 14 cm (length) lenses were emplaced, so that sampling ports were located 

downgradient from each lens. Lens materials consisted of Webster soil (Iowa State 

University Agricultural Experiment Station; Ames, IA), Appling soil (University of 

Georgia Agricultural Experiment Station; Eastville, GA), F-95 sand (Fisher Scientific; 

Hampton, NH), and a loamy sand collected from the Commerce Street site (Figure 3-1). 

All porous media was sterilized via autoclave, liquid cycle at 121°C for 30 minutes, prior 

to packing. Additional porous media information can be found in Table 3-2 and the 

Supplementary Material (SM), provided as Appendix A.  
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Figure 3-1. Aquifer cell layout and sample locations. Aqueous sampling ports sampled throughout 

experiment , final 7 rounds only , and  additional soil sample locations.  

After packing, flow was established in the aquifer cell using a constant head influent system 

described by Cápiro et al. (2015). Influent solutions were prepared in a 5 L Mariotte bottle, 

and a flow rate of 0.10 (during biotic treatment) to 2.60 (during bromide tracer test) mL/min 

was maintained by adjusting the height of the influent and effluent reservoirs (Table 3-1). 

These flow rates correspond to seepage (pore-water) velocities of 7.47-82.5 cm/day and 

residence times of 0.77-8.5 days.  

3.3.2 Non-reactive tracer and abiotic back diffusion experiments 

A conservative tracer test was performed using 10 mM sodium bromide (Fisher Scientific; 

Hampton, NH) and 0.075 mM sodium fluorescein (Sigma Aldrich; St. Louis, MO) solution 

as described in Appendix A1.2. The abiotic back diffusion experiment was completed in 
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two phases that are detailed in Table 3-1. Briefly, after the tracer test, an influent solution 

of 0.5 mM TCE and 10 mM sodium bromide was maintained for 15.9 pore volumes (PVs) 

to simulate historic mass loading (plume development). This duration was based on model 

predictions estimating a minimum of 15 PVs to allow bromide and TCE to fully penetrate 

low-permeability materials. Following the loading stage, the influent was changed to a 10 

mM sodium chloride solution (without TCE) to flush TCE and bromide from the aquifer 

cell. During this abiotic flushing period, 1.6 mL samples were collected periodically from 

12 sampling ports using a Fusion 200 syringe pump (Chemyx; Stafford, TX) to draw 

samples at a rate of 0.1 mL/min (10% of the background flow rate). Effluent samples (1.6 

mL) were also collected from a 20 mL sampling bulb in the effluent line. Sample aliquots 

(1.0 mL) were used to measure chlorinated ethenes (TCE, cis-DCE, and VC) and ethene 

concentrations using a gas chromatograph equipped with a flame-ionization detector (GC-

FID) and the remaining sample volume (0.6 mL) was analyzed for bromide concentrations 

by ion chromatography. Details of the analytical methods are provided in Appendix A1.3. 

The 12 sampling port locations were selected based upon their locations relative to the clay 

and soil lenses and to provide a sampling port downgradient of each lens. 
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Table 3-1. Aquifer cell experimental parameters 

 Bromide Tracer Abiotic Experiment 

Phase 
Bromide Plume 

Development 

Bromide 

Flushing 

Bromide/TCE 

Plume 

Development 

Abiotic Flushing 

Avg. Flow Rate 

(mL/min) 
2.4 2.4 1.0 0.93 

Duration (PVs) 0.63 2.3 15.9 8.9 

Duration (days) 0.21 0.79 13 8 

Influent 

Solution 

10 mM sodium 

bromide and 0.075 

mM sodium 

fluorescein 

10 mM 

sodium 

chloride 

10 mM sodium 

bromide 

10 mM sodium 

chloride  

Influent TCE  0 mM 0 mM 0.5 mM 0.01 mM 

Sampling 

Frequency 
1/0.04 PVs (effluent only) 1/0.06 to 1/3.9 PVs (effluent and ports) 

 Biotic Experiment 

Phase 

TCE 

Plume 

Develop

-ment I 

TCE 

Plume 

Develop

-ment 

II 

TCE 

Plume 

Develop

-ment 

III 

B
IO

A
U

G
M

E
N

T
A

T
IO

N
 Establish 

Microbial 

Community 

Biotic 

Treatment 

I 

Biotic 

Treatment 

II 

Avg. Flow Rate 

(mL/min) 
0.51  0.71  0.39  0.27  0.21 0.16  

Duration (PVs) 12.9 6 3.7 2.6 5.8 1.5 

Duration (days) 21 7 8 8 23 8 

Influent 

Solution 

10 mM 

sodium 

chloride 

Mineral Salts 

Medium with 10 

mM sodium lactate 

Mineral Salts Medium with 10 mM 

sodium lactate 

Influent TCE  0.5 mM 0.5 mM 0.5 mM 0.5 mM 0.04 mM 0.01 mM 

Sampling 

Frequency 
1/0.23 to 1/1.2 PVs (effluent and ports) 

 

3.3.3 Biotic degradation experiment 

Following the abiotic back diffusion experiment, the cell was again pre-loaded with TCE 

over a 22.6 PV injection period. To achieve conditions appropriate for MRD, TCE loading 

was conducted in three phases (Table 3-1). After an initial preloading using a 0.5 mM TCE 

influent solution (TCE Plume Development I), anoxic conditions were established by 

introducing a bacterial growth medium, augmented with 10 mM sodium lactate and 0.5 

mM TCE, as the influent (TCE Plume Development II). The medium was prepared 

according to Löffler et al., (2005), incorporating the modifications reported in Cápiro et al. 
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(2015). Prior to bioaugmentation (TCE Plume Development III), the flow rate was reduced 

to approximately 0.39 mL/minute (34 cm/day seepage velocity; 1.8-day residence time) to 

provide sufficient residence time for biodegradation reactions to occur. The aquifer cell 

was then bioaugmented with the KB-1® inoculum (SiREM; Guelph, Ontario), a 

methanogenic dechlorinating consortium containing Acetobacerium sp., Geobacter sp. 

(Geo), and multiple Dhc strains harboring the vcrA, bvcA, and tceA RDase genes. This 

consortium was selected based upon its widespread application in the field, previous use 

in field-scale bioremediation applications, and demonstrated capability to dechlorinate 

PCE to ethene.13,314,337 Initial gene abundances of 2.4×107, 9.8×107, 2.9×106, and 6.0×105 

gene copies/mL of the Dhc 16S rRNA, vcrA, bvcA, and tceA genes, respectively, were 

measured in the inoculating culture. The inoculum was diluted in sterile growth medium 

to provide approximately 104 Dhc cells/mL of pore water, the cell density suggested by 

previous studies to yield ethene at acceptable rates.38,39 Twenty mL of dilute inoculum was 

then injected at a rate of 0.1 mL/min into each of the 18 sampling ports using a syringe 

pump in an effort to create a uniform distribution.  

Following bioaugmentation, the influent of medium, lactate, and TCE was maintained for 

2.6 PVs to establish the microbial community. The influent TCE concentration was then 

reduced to 0.04 mM for 5.8 PVs (Biotic Treatment I) and to 0.01 mM for 1.5 PVs (Biotic 

Treatment II) as shown in Table 3-1. Samples (1.0 to 2.6 mL) were collected from the 

selected sampling ports and from the effluent throughout the experiment. These samples 

were analyzed for chlorinated ethenes and ethene by GC-FID as described above, with 

additional 0.5 mL aliquots analyzed for volatile fatty acids (VFAs) by high pressure liquid 

chromatography (HPLC). The remaining sample volume was centrifuged and frozen for 

microbial quantification via quantitative polymerase chain reaction (qPCR) as described in 

Appendix A1.5.35,37 An additional port (2D, Figure 3-1), located near the clay layer, was 
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sampled once ethene was the only compound detected in the effluent (6.6 PVs after 

bioaugmentation) to monitor diffusion from the clay. Following the final round of aqueous 

port sampling, the aquifer cell was destructively sampled to measure sorbed-phase 

chlorinated ethenes and attached biomass at specific locations (at the sampling port 

locations, in the clay confining layer, and within and around each lens, see Appendix A for 

details).  

3.3.4 Numerical simulation 

A modified version of MT3DMS435 was used to simulate bromide tracer and abiotic TCE 

back diffusion experiments, and to quantify bioenhanced chlorinated ethene and ethene 

diffusion. This model was coupled with MODFLOW (McDonald and Harbaugh, 1988) to 

simulate transient flow conditions. In MT3DMS, aqueous transport of non-reactive 

components is represented by a traditional advection-dispersion-reaction equation 

(Appendix A1.6, equation (1)). In this work, TCE sorption to solids was represented as a 

linear, equilibrium process (Appendix A1.6, equation (2)).  

Initial model parameter values (Table 3-2) were obtained from published experiments 

conducted with the same porous media. Data from the bromide tracer experiment were 

used to characterize the flow field and fit hydraulic parameters (hydraulic conductivity and 

dispersivity coefficients) in the numerical model. Details of breakthrough curve fitting are 

provided in Appendix A2.1. A comparison of simulated and measured TCE (sorptive) and 

bromide (conservative) concentrations at sampling ports and in the effluent during the 

abiotic flushing experiment facilitated calibration of the linear sorption coefficients (𝐾𝑑). 

Porosity was calculated from experimental measurements of soil mass and emplaced 

volume. Free-solution diffusivity values for bromide and TCE were 2.01×10-5 cm2/s and 

7.99×10-6 cm2/s, respectively.436,437 A tortuosity of 0.67438,439 was used to obtain the 

effective diffusivity used in the model following the method of Yang et al. (2018).  
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Table 3-2. Initial and calibrated model parameters for aquifer cell transport simulations 

 Published Values Model Calibrated Values Measureda 

Porous 

Media 

Organic 

Carbon 

Content 

(% 

mass) 

Hydraulic 

Conductivity 

(m/day) 

Linear 

Sorption 

Coefficient 

𝐾𝑑(L/kg) 

Hydraulic 

Conductivity 

(m/day) 

Linear 

Sorption 

Coefficient 

𝐾𝑑(L/kg) 

Porosity, 

𝜙 (-) 

ASTM 

20/30 
N/A 330b N/A 200 0 0.45 

Webster 

Soil 
1.96%c 0.86d 2.47e 0.6 4.16 0.51 

Appling 

Soil 
0.66%c 10.2f 0.83e 5 0.95 0.33 

Commerce 

St. Soil 
0.09%g 1.7-6.9g 0.13g 5 0.13 0.3 

F-95 Sand 0.01%c 1.9h 0.006i 1 0.0013 0.28 

Commerce 

St. Clay 
0.30%g N/A 0.35g 0.05 0.40 0.78 

a. Measured in this experiment by mass added and aquifer cell volume 
b. Taylor et al., 2001  
c. Marcet et al., 2018b 
d. Marcet, 2014  
e. Calculated by 𝐾𝑑 = 𝑂𝑟𝑔𝑟𝑎𝑛𝑖𝑐 𝐶𝑎𝑟𝑏𝑜𝑛 𝐶𝑜𝑛𝑡𝑒𝑛𝑡 ∗ 𝐾𝑂𝐶 using the organic carbon 

content from Marcet et al., 2018b and 𝐾𝑂𝐶 = 126 𝐿/𝑘𝑔 for TCE from Pankow et 

al., 1996  
f. Pennell et al., 1995 
g. Gaeth, 2017 
h. Chen et al., 2007 
i. Joo et al., 2008  
j. N/A = not available 

The total molar sum of chlorinated ethene and ethene concentrations (total ethenes) 

observed during the biotic experiment were compared with model predictions of 

concentrations expected in the absence of MRD to assess the influence of 

biotransformation on diffusion and desorption (bioenhancement of back diffusion). 

Detailed descriptions of model simulation procedure, domain discretization, and boundary 

conditions are provided in Appendix A1.6.   
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3.4 Results and Discussion 

3.4.1 Desorption and diffusion under abiotic conditions 

Measurements from the abiotic flushing experiment were used in conjunction with model 

simulations to investigate the influence of sorption and diffusion on the removal of sorbing 

(i.e., TCE) and non-sorbing (i.e., bromide) solutes (Figure 3-2). One PV after reducing the 

solute influent concentrations, the concentrations dropped rapidly, with the effluent TCE 

and bromide concentrations reduced to 16.9% and 8.5% of the loading concentrations, 

respectively.  After 9 PVs of flushing, TCE concentrations were one order-of-magnitude 

lower than the input concentration, while bromide concentrations were two orders-of-

magnitude lower than the input concentration. Based on model simulations, the TCE mass 

retention percentages from each porous material at the final flushing time were 2.7%, 

51.5%, 26.4%, 2.6%, 4.1%, and 20.1% in the background sand, Webster lens, Appling 

lens, Commerce Street lens, F-95 sand lens, and clay layer, respectively. This higher 

retention of TCE in comparison to that of bromide (which had 1.9% mass retention in the 

clay layer and 0.3% in other locations) is attributed primarily to the influence of sorption. 
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Figure 3-2. Comparison of experiment observations and calibrated model simulations of bromide 

and TCE concentrations (normalized by input concentration) plotted in linear and log scale (inset) 

during abiotic flushing experiment in (a) effluent (b) port 1E (c) port 2C and (d) port 4D. Influent 

TCE and bromide concentrations were switched to 0.01 and 0.0 mM at time zero (PV=0), 

respectively Experiment data: circle—bromide, triangle—TCE; Simulation: dashed line—bromide, 

solid line—TCE. Figure by Lurong Yang.  

Measurements and model predictions of bromide and TCE concentrations during the 

abiotic flushing period are presented in Figure 3-2 for the effluent, a port above the clay 

layer [1E], a port downgradient of the Commerce Street lens [2C], and a port downgradient 

of the F95 sand lens [4D]. These locations were selected based upon their proximity to 

low-permeability materials that can retain contaminant mass and thus, support back 

diffusion and desorption. The agreement between model predictions and experimental 

measurements indicates that the model is capable of capturing measured bromide and TCE 

back diffusion under abiotic conditions, with goodness of fits of 0.91 and 0.95 in the 

effluent, 0.88 and 0.91 at port 1E, 0.99 and 0.86 at port 2C, and 0.98 and 0.84 at port 4D 
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for bromide and TCE, respectively. Although the geometry of the low-permeability 

compartments was digitized based on images of the aquifer cell, fine-scale variations in 

lens shape and compaction of the material may partially account for the discrepancies 

between model simulations and experimental measurements. 

3.4.2 Biodegradation results 

The biotic experiment utilized a TCE loading approach similar to that employed during the 

abiotic experiment. Following bioaugmentation, cis-DCE was detected in the effluent after 

0.2 PVs (5% of the total ethenes), VC was detected after 2 PVs (1% of total ethenes), and 

ethene after 3.4 PVs (4% of total ethenes). When the influent TCE concentration was 

lowered to 0.04 mM, 2.6 PVs after bioaugmentation, the effluent molar composition was 

90% cis-DCE and 10% VC (Figure A-5[a]). Approximately 6.1 PVs after bioaugmentation, 

3.4 PVs after lowering the influent TCE concentration to 0.04 mM, ethene was the only 

analyte detected in the effluent. However, cis-DCE continued to be detected at 

concentrations of 0.07-0.08 mM in sampling ports located near the influent chamber (1A 

and 1E, Figure 3-1) and at 0.02-0.03 mM in the ports located in columns 2 and 3 (Figure 

3-1), indicating rapid biotransformation of TCE to cis-DCE and slower transformation to 

VC and ethene.  

When the influent TCE concentration was further reduced to 0.01 mM (9 PVs after 

bioaugmentation), ethene persisted in the effluent at 0.04-0.06 mM, indicating additional 

mass inputs from diffusion and desorption from the low-permeability lenses and clay. 

Ethene concentrations were sustained at 0.01-0.02 mM in all ports except those impacted 

by the clay (1E and 3E) and the higher OC lenses (3A, 4A, and 4B) where higher ethene 

concentrations were measured (Figure A-5). The highest concentrations, 0.04-0.06 mM, 

were measured in the bottom ports (1E and 3E), where TCE continued to be released from 

the underlying clay layer (Figure A-6 [b] and [d]). Downgradient of the high OC Webster 
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and Appling lenses (ports 3A, 4A, and 4B), ethene was detected at concentrations up to 

0.03 mM.  

At the conclusion of the experiment, TCE was detected in soil samples collected from the 

clay layer, Webster lens, and Appling lens with average concentrations of 1.94 μg/g (±0.57 

μg/g), 0.022 μg/g (±0.016 μg/g), and 0.37 μg/g (±0.19 μg/g), respectively. Due to the high 

detection limit for cis-DCE (0.0026 mM) as described in Appendix A1.3, this compound 

was only detected in the clay layer at an average concentration of 49 μg/g (±23 μg/g). 

Throughout the experiment, lactate, acetate, and/or propionate were detected in all samples 

indicating excess electron donor. Total VFA concentrations in sampling ports and effluent 

averaged 3.69mM (±1.71mM) and 2.37mM (±0.21mM), respectively. 

3.4.3 Desorption and diffusion under abiotic and biotic conditions 

To explore the influence of MRD on chlorinated ethene mass transfer, a synthetic abiotic 

flushing experiment (with the same influent conditions but without MRD) was created by 

numerical simulation and model predictions compared with measurements of total ethenes 

during the biotic experiment. Under biotic conditions, TCE transformed to the lesser-

chlorinated transformation products, which have higher diffusivities, higher solubilities, 

and lower sorption coefficients than TCE. This transformation increases the mobility of the 

compounds, thus increasing the driving force for back diffusion, resulting in microbially-

enhanced mass elution. As the comparative simulation used the same flow rate and input 

concentration of TCE as the MRD experiment, comparison of aqueous mass (measured 

biotic vs. modeled abiotic) at sampling locations indicates the influence of MRD on 

contaminant mass transfer. An expression to quantify the extent of bioenhanced back 

diffusion and desorption was developed as:  

𝛿𝑀𝑅𝐷 =
𝐶𝑀𝑒𝑥𝑝 − 𝐶𝑀𝑠𝑖𝑚

𝐶𝑀𝑠𝑖𝑚
× 100% (3) 
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Here, 𝛿𝑀𝑅𝐷 is a measure of the effective enhancement of TCE diffusion and desorption by 

MRD, 𝐶𝑀𝑒𝑥𝑝 is the total ethene molar mass calculated using experimental data for a 

specific location (e.g., effluent or sampling port), and 𝐶𝑀𝑠𝑖𝑚 is the TCE molar mass 

calculated using the model simulation at the same location. 𝐶𝑀𝑒𝑥𝑝 or 𝐶𝑀𝑠𝑖𝑚 is calculated 

by a stepwise summation of the discrete data of total concentration 

∑ (𝑡𝑜𝑡𝑎𝑙 𝑐𝑜𝑛𝑐𝑒𝑛𝑡𝑟𝑎𝑡𝑖𝑜𝑛)𝑖𝑡
∗ (𝑡𝑖𝑚𝑒_𝑖𝑛𝑡𝑒𝑟𝑣𝑎𝑙)𝑖𝑡

∗ (𝑓𝑙𝑜𝑤 𝑟𝑎𝑡𝑒)𝑖𝑡

𝑖𝑡=𝑓𝑖𝑛𝑎𝑙

𝑖𝑡=0
. Predicted and 

measured concentrations of total ethenes in the effluent and selected ports are compared in 

Figure 3 with subplots for the two ports with the highest 𝛿𝑀𝑅𝐷 values, both located at the 

bottom of the aquifer cell (near the clay layer).   

The 𝛿𝑀𝑅𝐷 values (Figure 3-3) reveal that total ethene mass elution was enhanced by MRD, 

with 𝛿𝑀𝑅𝐷>0 calculated at all sampling locations (12% for the effluent and 6%-53% at the 

sampling ports). Sampling ports directly impacted by mass transfer from low-permeability 

layers displayed more pronounced differences from abiotic simulations than ports located 

downgradient of more permeable materials. For example, ports 1E and 3E, in close 

proximity to the clay layer (lowest permeability and higher sorption capacity than 

background sand), displayed the highest MRD enhancements of 40% and 53%, 

respectively. Similar enhancements were observed in other locations near low-permeability 

zones (Figure A-6). The ports immediately downgradient from the Webster (port 2A), 

Commerce Street (port 2B and 2C), and F-95 soil lenses (port 4C and 4D) were associated 

with bioenhanced mass transfer ranging from 20-35%. Lower enhancement (7-12%) was 

measured in the effluent, attributed to dilution from the more permeable, less sorptive 

zones. However, the lowest 𝛿𝑀𝑅𝐷 was measured at port 4B, immediately downgradient 

from the Appling soil lens, which has a higher organic carbon content than the Commerce 

Street and F95 lenses. This observation may be attributed to volatilization losses; TCE 

biodegradation products (cis-DCE, VC, and ethene) have higher volatility than TCE and 
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the location of this port is nearest to air-water contact surface of the aquifer cell. Thus, the 

volatilization losses from the water table in the vicinity of port 4B may have resulted in a 

reduction in measured chlorinated ethene mass, and an underestimation of total 𝛿𝑀𝑅𝐷. As 

the effluent represents the integrated effect of all locations in the aquifer cell, the 𝛿𝑀𝑅𝐷 

calculated for the effluent may also be underestimated due to volatilization. 

 

Figure 3-3. Bioenhancement of back diffusion and desorption in the heterogeneous aquifer cell; (a) 

𝛿𝑀𝑅𝐷 (%) in effluent and selected ports where percentage values were calculated for the period from 

the lowering of the influent TCE concentration (PV 2.9) to the end of the experiment, and over the 

period of the entire biotic experiment (shown in parentheses), (b) and (c) show the total molar 

concentration of chlorinated ethenes and ethene during biotic experiment compared with model 

simulations without MRD for port 1E and 3E, respectively. Figure by Lurong Yang. 

3.4.4 Growth of Dehalococcoides population 

Total Dhc abundance, as measured by the 16S rRNA gene, increased from a 12-port 

average of 2.84×105 ±4.43×105 cells/mL following bioaugmentation (0.5-0.9 PVs) to 
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3.78×107 ±1.50×107 cells/mL at the conclusion of the experiment (Figure A-7, Table A-1). 

At an intermediate sampling time, 5.2 PVs after bioaugmentation, Dhc abundance varied 

3 orders-of-magnitude across the domain, with the highest abundance in downgradient 

ports (columns 3 and 4, average abundance 7.07×107 ±4.6×107 cells/mL), where higher 

concentrations of cis-DCE and VC were present, and the lowest in the upgradient ports 

(columns 1 and 2, average abundance 9.64×106 ±6.12×106 cells/mL). This observation may 

be explained by the fact that Geo cells are more efficient than Dhc cells at transforming 

TCE to cis-DCE and can outcompete Dhc when TCE is present (i.e., at upgradient 

ports).257,449 Dhc abundance was higher where cis-DCE and VC were the available electron 

acceptors (i.e., downgradient ports, Figure A-7). The uniform Dhc population at the 

conclusion of the experiment, when all measurements were within one order-of-magnitude, 

may reflect electron acceptor limitations and an associated lack of competition by Geo in 

the last phase of the experiment (lowest TCE influent). During the period of higher TCE 

influent concentration (2.6 PVs), Geobacter lovely strain SZ (GeoSZ) abundance, as 

measured by qPCR of the 16S rRNA gene, increased from an initial value of 7.95×101 

cells/mL to an average of 2.17×106 ±2.34×106 cells/mL, but growth ceased after influent 

TCE was lowered (Table A-1). 

In solid phase samples collected at the conclusion of the experiment, total Dhc abundance 

was uniform in the background samples (collected from sand corresponding to the 

sampling port locations), averaging 6.58×107 ±1.44×108 cells/ mass of porous media 

containing 1 mL of water. Within the lenses, Dhc abundance was approximately two to 

four times higher throughout the Appling and Webster lenses, but four to six times lower 

in the Commerce Street and F-95 sand lenses. In samples collected from the clay layer, 

Dhc abundance was more than one order-of-magnitude lower than in the background 

(Table A-1). Growth of Dhc cells in and around low-permeability materials was 
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responsible for the measured bioenhancement of back diffusion. Although aqueous 

samples were not collected from the clay layer and lenses to quantify chlorinated ethene 

transformation within these materials, the increase in Dhc abundance and detection of cis-

DCE in the clay suggests active MRD. MRD in the clay layer, and/or at the interface 

between the clay and background materials, was supported by either the diffusion of 

supplied VFAs into the clay or components of the clay that could be used as an electron 

donor, leading to the highest 𝛿𝑀𝑅𝐷 (40% and 53%) measured in Ports 1E and 3E, directly 

above the clay (Figure 3-3(a)). 

At sampling port locations, cell abundances measured in co-located aqueous and sand 

samples were used to estimate the number of cells attached to the solid phase by subtracting 

the planktonic cells from the total cells (combined planktonic and solid phase associated 

cells) in the wet porous media at the same location. All measurements of gene copies in 

porous media were normalized by moisture content and porosity, and reported as the mass 

of porous media that would contain 1 mL of pore water when saturated, as in Amos et al., 

(2009). In all but 3 locations, 77-100% of the cells were found to be associated with the 

aqueous phase. This condition is typical of cells lacking necessary growth substrates, and 

is consistent with the depleted electron acceptor (chlorinated ethenes) conditions after 

lowering the TCE influent to 0.01mM.359 Although the ratio of attached and unattached 

cells could not be calculated during active MRD, previous studies suggest active 

dechlorination was carried out by attached cells.34,257,359,371 While microbial transport is 

possible, its impact was minimized by inoculating the aquifer cell through all ports.  Cápiro 

et al. (2014) reported that Dhc strains grow as attached cells in systems where substrates 

are available. Similarly, in this study, the growth of populations of cells harboring specific 

RDase genes occurred in locations where substrates were available, likely as attached cells. 

Downgradient from the Webster and Appling lenses (port 4B), which continued to release 
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electron acceptor through diffusion and desorption, 53% of the Dhc 16S rRNA gene copies 

measured were associated with the solid phase. Near the influent (ports 1B and 1E), where 

TCE had been introduced throughout the experiment, most of the cells (90% and 74%, 

respectively) were attached to the solid phase, as sufficient electron acceptor was available. 

3.4.5 Distribution of RDase genes 

Immediately after bioaugmentation, the tceA gene was most abundant in the first column 

of ports, near the 0.5 mM TCE influent, comprising 43-99% of the total RDase genes 

(Figure A-8). After 2.6 PVs (Figure 3-4), tceA continued to be predominate (65-85% of 

total RDase genes) in ports 3A and 4C, where a measurable concentration of VC had not 

been detected. At later times (5.2 PVs and 9.8 PVs after bioaugmentation, Figures 3-4 and 

A-7), cells harboring the tceA gene  only comprised a substantial proportion of the total 

RDase genes more than 30%) near the influent (port 1B), downgradient of the Commerce 

Street lens (port 2C), and above the clay layer (ports 1E and 2D). These are locations where 

TCE was introduced or stored in low-permeability, high-sorption regions. At the 

conclusion of the experiment, tceA was the only RDase gene detected in the clay sample 

collected 5 cm below Port 1E, where highest TCE [2.7 μg/g] and cis-DCE [95 μg/g] 

concentrations were measured. The tceA gene was also detected in the center of the 

Webster, Commerce Street, and F-95 lenses, accounting for 15%, 19%, and 45% of the 

total RDase genes, respectively. Cells harboring the tceA gene were associated with the 

solid phase (31%-100% attached) in all port locations but four, indicating that cells 

harboring tceA may be able to remain attached even when lacking a growth substrate. In 

ports 1B, 2C, 4C, and 4D, only 0-7% of the tceA genes measured were associated with the 

solid phase. Although Dhc cells were present, these locations were not impacted by the 

clay or high OC lenses; chlorinated ethenes were flushed rapidly from these regions, as 

reflected in the lowest ethene concentrations measured at the conclusion of the experiment. 
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As cells in these locations faced the greatest electron acceptor limitation, fewer remained 

attached to the solid phase at the conclusion of the experiment. 

 
Figure 3-4. Aqueous RDase gene abundance and composition (a) 2.6 PVs (8 days) following 

bioaugmentation and (b) final aqueous samples, 9.8 PVs (37 days) following 

bioaugmentation. 

In columns 3 and 4 (further downgradient), where cis-DCE and VC were detected due to 

upgradient transformation of TCE, cells harboring the vcrA gene were more abundant than 

other Dhc cells in samples collected 0.6 and 2.6 PVs after bioaugmentation, comprising 

62-99% and 70-85% of the RDase genes detected, respectively. By the end of the 

experiment, 81-92% of the RDase genes detected in the aqueous phase were vcrA in all but 

2 ports (1E, and 2D, both above the TCE-containing clay and in the upgradient half of the 

aquifer cell). Similarly, nearly all of the Dhc cells in the background porous media harbored 
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the vcrA gene (75-100%) in solid phase samples collected at the conclusion of the 

experiment, except where TCE continued to diffuse from the Commerce Street lens (port 

2B) and clay layer (port 2E), as shown on Figure 3-5. As with the Dhc 16S rRNA gene 

abundance, nearly all (93-100%) of the vcrA genes measured at port sample locations were 

associated with the aqueous phase samples with a few exceptions. In ports 1B, 1E, and 4B, 

45-87% of the vcrA genes detected were associated with the solid phase, likely due to the 

accessibility of electron acceptor near the influent and downgradient of the high-OC 

Webster soil lens. 

 
Figure 3-5. RDase gene abundance and composition in soil samples at end of experiment, 9.8 PVs 

(37 days) following bioaugmentation. 

Cells harboring the bvcA gene made up a small proportion of the population (0-9%) at early 

time (0.6 PVs), except where the total RDase gene abundance was lowest (Port 2B, 28%, 

and Port 3C, 18%). Subsequently (PVs 2.6 and 5.2), the bvcA gene comprised larger 

proportion of the total RDase genes (27-53%) in the aqueous phase at locations where TCE 

and cis-DCE were present (downgradient from lenses at Ports 2A, 2B, 2C, 3A, 3C, 4C, and 

4D) and near the influent (Ports 1B and 1E). At the conclusion of the experiment, when 

only ethene was detected, bvcA abundance was relatively uniform (avg. 1.1×107 ±5.6×106 
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copies/mL) comprising 6-22% of the total aqueous phase RDase genes. In biomass 

collected from the solid phase, bvcA made up a greater proportion of the RDase genes 

detected in the clay layer (47-83%), along the top and downgradient edges of the 

Commerce Street (94-96%) and F-95 sand lenses (44-73%), and on the downgradient edge 

of the Appling soil lens (32%), locations that served as an ongoing source of chlorinated 

ethenes. Similar to vcrA, cells harboring bvcA were primarily associated with the aqueous 

phase (93-100%). The 16S rRNA and RDase gene copies contained in each sample are 

included as Table A-1. Overall, the abundance of RDase genes exceeded the abundance of 

Dhc 16S rRNA genes by an average of 3.64-fold ±5.61, which is consistent with previous 

studies.35,361,450 

The spatial variation in the proportion of cells harboring each RDase gene is a result of the 

physical properties of the lens materials and their effect on the mass transfer of electron 

acceptors (i.e., chlorinated ethenes). The Webster and F-95 lenses had the lowest hydraulic 

conductivity, which impeded the flushing of TCE from these lenses and resulted in longer 

exposure of cells to TCE and cis-DCE, thus favoring cells harboring the tceA and bvcA 

genes.28,451 Although Appling soil has a hydraulic conductivity equal to the Commerce 

Street material (Table 3-2), its position further downgradient from the influent chamber 

facilitated rapid TCE flushing during biotic treatment as TCE daughter products were 

measured in nearby ports, thereby increasing the TCE concentration gradient between the 

lens and the surrounding background material. This rapid flushing of TCE favored Dhc 

cells harboring the vcrA gene (87%). The overall abundance of RDase genes was 

approximately one order-of-magnitude lower in the clay, 1.64×106 ±9.05×105 gene 

copies/mass of porous media containing 1 mL of water, when compared with the 

background porous media and lenses (4.60×107 ±1.19×108 gene copies/mass of porous 

media containing 1 mL of water). This result is consistent with the low hydraulic 



54 of 200  

conductivity of the clay that limits penetration of the inoculum into the clay and impedes 

electron donor delivery.    

3.5 Conclusions 

The heterogeneous aquifer cell, packed with porous media representing a range of 

permeabilities and OC content, enabled examination of the influence of heterogeneity on 

contaminant mass transfer at a higher resolution than would be possible at the field-scale. 

Here, MRD enhanced back diffusion by 12% over abiotic conditions alone, with local 

enhancements up to 53% measured where TCE was stored in low-permeability and high-

OC lenses, resulting in increased overall mass flux of chlorinated ethenes from the aquifer 

cell. Future work on modeling of bioremediation performance should incorporate 

bioenhanced desorption and diffusion to improve the accuracy of predicted cleanup times, 

especially in formations with high permeability contrasts. In particular, bioehancement 

may substantially affect cleanup times in aquifers with thick low-permeability zones or 

interbedded high- and low-permeability materials. Under such conditions, more detailed 

modeling will likely reduce predicted cleanup times and may allow bioremediation to be 

proposed as a remedy in locations where it was previously thought to be inefficient or 

infeasible.  

Subsurface heterogeneity represented in the aquifer cell resulted in variations in the 

availability of electron acceptor, shifting the Dhc strains present from cells harboring tceA 

in locations where TCE was available to cells harboring vcrA where VC was available. 

Cells harboring bvcA were most abundant near low-permeability, high OC materials where 

cis-DCE was available due to the preferential utilization of this electron acceptor. The 

observed shift in the predominant Dhc strain with changes in electron acceptor abundance 

demonstrates the importance of maintaining a robust dechlorinating community harboring 

multiple RDase genes and monitoring multiple strains to obtain more complete information 
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for the assessment of bioremediation progress. If the necessary strains are present, the 

dechlorinating microbial population (e.g., Geo and Dhc strains) adapts to changes in 

electron acceptor availability caused by the transport of chlorinated ethenes into and out of 

low-permeability and highly sorptive soils. Such shifts in the microbial population allow 

efficient transformation of chlorinated ethenes to ethene over the course of a 

bioremediation application. 

The detailed experimental and mathematical modeling assessment of bioaugmentation and 

biostimulation in the heterogeneous aquifer cell revealed that: 

• Differences in hydraulic conductivity and OC content-controlled desorption and 

back diffusion of sequestered chlorinated solvents from OC and low-permeability 

zones. 

• Organohalide respiring bacteria enhance the mass transfer of TCE out of the low-

permeability regions over abiotic dissolution processes alone. 

• The greatest bioenhancement of back diffusion occurred in regions of contrasting 

hydraulic conductivity and organic carbon content. 

• Model simulations accounting for heterogeneity in physical and chemical 

properties quantified local bioenhancement of back diffusion up to 53%  

• Dhc cells were capable of penetrating low-permeability porous media including 

clays, contributing to enhanced back diffusion. 

• The distribution of specific Dhc strains was influenced by the availability of 

electron acceptors within and near soils of differing physical properties.  
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4.0 Impact of residence time on extent of trichloroethene 

biodegradation  

The work presented in this chapter is being prepared for publication in conjunction with a 

numerical model prepared by Lurong Yang which will further explore the impact of 

residence time and electron donor delivery on trichloroethene biodegradation. The 

supplementary material prepared for submission is included as Appendix B. 

4.1 Abstract 

Although biostimulation and bioaugmentation are widely used in situ remediation 

technologies, incomplete dechlorination resulting in the accumulation of cis-

dichloroethene (cis-DCE) and vinyl chloride (VC) continues to plague many sites, 

preventing remediation to concentrations below maximum contaminant levels. Incomplete 

dechlorination is exacerbated by subsurface heterogeneity, including variations in porous 

media hydraulic conductivity, which controls the residence time of contaminants and 

amendments in different regions of a treatment zone. The average residence time is a design 

parameter that can be adjusted by controlling flow rates, injection frequencies, and the 

positioning of injection and extraction wells; however, subsurface heterogeneity will cause 

some regions to have higher or lower effective residence times. The effect of average 

residence time on the extent of trichloroethene (TCE) biodegradation was examined using 

a field pilot test and a similarly sized laboratory aquifer experiment. In both systems, TCE 

was partially dechlorinated to a mixture of cis-DCE, VC, and ethene when the average 

pore-water velocity was 7 cm/day (8-day residence time in aquifer cell and 14 days in pilot 

test). Decreasing the average pore-water velocity to 4.8 cm/day (21-day residence time) in 

the pilot test increased the proportion of ethene measured downgradient from 5% to 46% 

of chlorinated ethenes and ethene (molar composition), while the proportion of cis-DCE 

decreased from 75% to 28%. Similarly, in the aquifer cell, decreasing the pore-water 

velocity to 3.8 cm/day (16-day residence time) increased the proportion of ethene in the 



58 of 200  

effluent from 41% to 78% of chlorinated ethenes and ethene and decreased the proportion 

of cis-DCE from 27% to 5%. These results demonstrate that increasing average residence 

time will increase the extent of biotransformation, a useful strategy if incomplete 

transformation is observed and local in situ heterogeneity is not well characterized. 

4.2 Introduction 

Although chlorinated solvents continue to persist in groundwater at thousands of sites,5,6,62 

bioremediation has become a well-established remedy to treat tetrachloroethene (PCE) and 

trichloroethene (TCE) plumes.1,234,242–245 Bioremediation of PCE and TCE typically relies 

on microbial reductive dechlorination (MRD) under anoxic conditions: a sequential 

process with transformation of PCE to TCE to cis-1,2-dichloroethene (cis-DCE) to vinyl 

chloride (VC) to ethene being the most commonly observed pathway.258,260,275,276 While 

several species can transform PCE and TCE to cis-DCE, including Dehalospirillum 

multivorans, Dehalobacter restrictus, and Geobacter lovleyi strain SZ (GeoSZ),283,284,287–

289 strains of Dehalococcoides mccartyi (Dhc) are the most widely-studied and utilized 

microorganisms capable of transforming PCE and TCE to ethene.8,19,290–292 Despite the 

capability of microorganisms to transform PCE and TCE to ethene, and the successful 

implementation of bioremediation at some sites, incomplete transformation of PCE and 

TCE and the associated increase in DCE and VC concentrations is of concern when 

implementing bioremediation.18,19,239,258,259 

Hydraulic residence time of contaminants and remediation amendments in the treatment 

zone is a key design parameter that can be controlled by well position and by active 

pumping for recirculation or hydraulic containment.36,363,364 Increasing average residence 

time can increase chlorinated ethene degradation in air sparging systems,365 permeable 

adsorptive barriers,366,367 permeable reactive barriers,368 and during in situ chemical 

oxidation.369 In laboratory experiments, longer residence time is correlated with increased 
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dechlorination of PCE and TCE.35,254,370–372 Despite these laboratory studies, field-scale 

studies demonstrating the effect of varying residence time on the extent of TCE 

biodegradation are lacking. Verifying that insufficient hydraulic residence time in a 

bioactive treatment zone causes incomplete dechlorination during bioremediation, and 

quantifying the extent of this influence, will improve the implementation of bioremediation 

as a remedy for groundwater contaminated with chlorinated ethenes. 

This study examines the effect of residence time variations on the extent of TCE 

biodegradation during an in situ bioremediation pilot test performed at the Commerce 

Street Superfund Site (Williston, VT). Materials from the site were also used to prepare a 

two-dimensional laboratory aquifer cell experiment designed to mimic the pilot test and 

allowing for more frequent and distributed sampling of the system. Using the pilot test and 

aquifer cell experiments, this work aims to demonstrate the utility of average hydraulic 

residence time as a design parameter to predict the extent of contaminant degradation in a 

heterogeneous aquifer by determining the extent of TCE degradation at various average 

hydraulic residence times. 

4.3 Methods 

4.3.1 Pilot test site description 

The Commerce Street Superfund Site is located in an industrial park where TCE is the 

primary groundwater contaminant. To design the pilot test, a site investigation was 

completed in the vicinity of 237 Commerce Street. The investigation consisted of five 

continuous multi-channel tubing (CMT) wells installed in two transects (Figure 4-1). Each 

CMT well consisted of seven discrete channels screened at similar depths as described in 

Appendix B5.0. The site investigation revealed that the pilot-test area was downgradient 

of a suspected TCE source-zone, and that TCE was naturally being transformed to cis-

DCE, with a total chlorinated ethene concentration averaging 0.14 (±0.05) mM in well 



60 of 200  

CMT-6 on the upgradient side of the pilot-test (Figure 4-1). Detailed site characterization 

data are provided in the supplemental material (SM), included as Appendix B, and in 

Abriola et al. (2019).  

The aquifer generally consists of fine grain sand with increasingly fine sands and silts in 

deeper depths, culminating in a layer of dense, silty clay beginning at 10.7 to 12.2 m bgs 

(Table B-2); permeability ranges from 1.04×10-13 to 1.02×10-12 m2 in the pilot test area and 

generally decreased with depth (Table B-1). Prior to implementing the pilot test, aquifer 

conditions were well suited to microbial reductive dechlorination with an average pH of 

7.42 (±0.38) and an average oxidation reduction potential (ORP) of -152.8 (±23.3) mV 

measured in wells CMT-1, CMT-2, CMT-3, CMT-4, and CMT-5 (Figure 4-1). Naturally-

occurring organic matter in the aquifer likely facilitated the observed natural attenuation of 

TCE to cis-DCE, with groundwater dissolved organic carbon concentrations ranging from 

0.80 to 4.9 mg C/L measured in the pilot test area.  
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Figure 4-1. Interpolated total chlorinated ethene (TCE, cis-DCE, VC) concentrations (ppm) in 

August-September 2014 for deep (>9.1 m below surface) groundwater samples and location and 

layout of pilot test (inset). The interpolation was based on available concentration measurements 

from wells displayed in the maps. 

Prior to bioaugmentation, the average aqueous Dhc abundance was 1.88×106 (±8.35×105) 

cells/L across the 9.48-9.63 m bgs and 10.9-11.1 m bgs channels of the CMT-wells with 

no observed spatial trends. In a soil sample collected from the 10.9 to 11.9 m bgs depth of 

the CMT-4 borehole, total Dhc abundance was 1.08×107 cells/gram of wet soil. The 

reductive dehalogenase (RDase) genes, vcrA (implicated in metabolic transformation to 

ethene) and tceA (implicated in co-metabolic transformation to ethene), were not detected. 

Although the Dhc 16S rRNA gene abundance measured suggested a sufficient population 

for dechlorination,38,39 the lack of Dhc cells harboring specific RDase genes  explained the 

accumulation of cis-DCE and the absence of VC and ethene observed at the site and 

suggested the need for bioaugmentation. Dhc abundance was measured by quantitative 
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polymerase chain reaction (qPCR) of the Dhc 16S rRNA gene which is present as a single 

gene copy per Dhc cell.37 

4.3.2 Design and implementation of the Pilot Test 

The pilot test consisted of two injection and monitoring wells (DHT-1 and DHT-2) 

installed as 2-inch diameter PVC-wells, screened between 10.1-10.7 m bgs. In addition, a 

sixth CMT well, CMT-6, with 6 screened intervals (6.25-6.40, 7.92-8.08, 8.84-8.99, 9.60-

9.75, 10.4-10.5, and 11.1-11.3 m bgs) was situated 5 m upgradient of CMT-1, to allow 

monitoring of constituents entering the pilot test area. A previously installed CMT well, 

CMT-1, screened similarly to CMT-6, was used as an extraction well during the pilot test. 

Pumping rates for each phase of the pilot test were determined using a regional 

groundwater flow simulation model implemented in MODFLOW Flex and capable of 

predicting the residence time of groundwater between DHT-1 and DHT-2 based on the 

extraction rate in CMT-1 (Appendix B8.0). 

The treatment system consisted of four pumps and two tanks housed in a treatment trailer 

with high density polyethylene tubing (HDPE) tubing connected to wells DHT-1, DHT-2, 

and CMT-1. Three Masterflex peristaltic pumps (Cole Parmer; Vernon Hills, IL) were used 

to extract groundwater from DHT-2 and CMT-1 while a Series I HPLC pump (Scientific 

Systems Inc.; State College, PA) was used to inject amendments into DHT-1. The effluent 

treatment system consisted of a submersible pump, a 10-micron bag filter, a 0.1-micron 

bag filter, and a 208.2 L (55-gallon) vessel of activated carbon. After treatment, extracted 

water was discharged to the unnamed brook east of the site. 

The pilot test system was operated in three configurations over the course of the experiment 

with the parameters shown in Table 4-1a. Immediately preceding and throughout the pilot 

test, groundwater samples were collected from CMT-6, CMT-1, DHT-1, and DHT-2 twice 

per month for chloroethene and volatile fatty acid (VFA) analysis, and monthly for 
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biological analysis using the methods described in Appendix B2.0. During operation of the 

pilot test, groundwater samples from the extraction wells were collected from a sample 

port in the treatment trailer connected to the extraction tubing without additional purging. 

Table 4-1. Operating parameters for a) Pilot test and b) Aquifer cell experiment 

a)  

Phase: 

Bromide 

Tracer/lactate 

loading 

Lactate 

Recirculation 

Bioaug-

mentation 

Lactate/ 

Biomass 

Recirculation 

Long-term 

Monitoring 

Monitoring 

w/ Reduced 

Flow Rate 

Duration (days) 4 3 1 14 62 44 

Pore Water Velocity 

(cm/d) 
14.3 14.3 14.3 7.15 7.15 4.76 

Residence Time (days) 7 7 7 14 14 21 

Injections 

10 mM 

bromide; 5 

mM lactate; 

0.85 g/L KB-1 

Primer® 

5 mM lactate; 

0.85 g/L KB-

1 Primer® 

1.5 L of 

KB-1® 

inoculum 

5 mM lactate; 

0.85 g/L KB-

1 Primer® 

1 pulse of 

13.1 mM 

lactate (14 

days) 

1 pulse of 

37 mM 

lactate (22 

days) 

b) 

Phase: 

Bromide 

Tracer/TCE 

loading 

Lactate 

Recirculation 

Bioaug-

mentation 

Lactate/ 

Biomass 

Recirculation 

Long-term 

Monitoring 

Monitoring 

w/ Reduced 

Flow Rate 

Monitoring 

w/ Higher 

Flow Rate 

Duration 

(days) 
37 10 1 14 88 74 9 

Pore Water 

Velocity 

(cm/d) 

15 15 7.5 7.5 7.5 3.75 11.3 

Residence 

Time 

(days) 

4 4 8 8 8 16 5.3 

Injections 

10 mM 

bromide; 50 

mg/L 

erioglaucine 

A; 0.3 mM 

TCE 

0.3 mM TCE; 

10 mM 

lactate 

100 mL of 

dilute  

KB-1® 

inoculum 

0.3 mM TCE; 

10 mM 

lactate 

0.3 mM 

TCE; 2 

pulses of 

10 mM 

lactate (7 

days each) 

0.3 mM 

TCE; 1 

pulse of 5 

mM lactate 

(14 days) 

0.3 mM 

TCE; 1 

pulse of 5 

mM lactate 

(4 days) 

 

• Step 1 – Lactate Recirculation (Establish Bioactive Zone)  

During Step 1, groundwater was extracted from DHT-2 and reinjected into well DHT-1 at 

a target flow rate of 16.5 mL/min to achieve a target residence time of 7 days (seepage 

velocity of 14 cm/day). A 38 L pulse containing 11.7 g/L bromide (conservative tracer), 5 

mM lactate (a microbial electron donor  and carbon source), and 0.85 g/L KB-1 Primer® 

(used to create more ideal conditions for bioaugmentation, e.g., neutral pH, dissolved 

oxygen below 0.5 mg/L and ORP below -150 mV [SiREM, Guelph, ON]) was delivered 
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over 1.5 days at approximately 17 mL/min, as shown in Table 4-1. Following this 38 L 

pulse, extracted groundwater was amended with 5 mM lactate and 0.85 g/L of KB-1 

Primer® prior to reinjection. A bromide probe (Cole Parmer; Vernon Hills, IL) was placed 

in the flow stream from the DHT-2 pump to monitor the breakthrough of the bromide pulse 

(Appendix B10). Additional bromide and VFA samples were collected from the extracted 

water to quantify the breakthrough of injected fluids. Step 1 continued for 7 days to ensure 

that lactate passed through the target zone, anoxic conditions were established, and electron 

donor was available for the PCE-to-ethene dechlorinating consortia, introduced in Step 2. 

• Step 2 – Bioaugmentation (Distribute Microorganisms) 

Step 2, bioaugmentation, encompassed inoculation of the site and maintenance of 

conditions suitable for the growth of the dechlorinating consortia. During Step 2, the 

recirculation system continued to operate between wells DHT-1 and DHT-2. On day 8, 1.5 

L of a PCE-to-ethene microbial inoculum, KB-1® (SiREM; Guelph, ON), was delivered 

into well DHT-1 to establish an initial Dhc population of approximately 106 cells/L within 

the 1 m treatment zone. The system continued to operate with a 7-day residence time (17 

mL/min) in a recirculation mode (with lactate and KB-1 Primer® amendment) in an effort 

to create an anoxic zone conducive to the growth and activity of the introduced KB-1® 

inoculum. Following the completion of bromide tracer measurements in the downgradient 

well (DHT-2), system operation was continued in a recirculation mode for an additional 

week at a decreased flow rate of 8.5 mL/min, which corresponds to a seepage velocity of 

7 cm/day and a doubled residence time of 14 days (Table 4-1a). This longer residence time 

within the treatment zone was designed to promote complete detoxification of TCE to 

ethene.  

• Step 3 – Pumping and Monitoring (Assess Performance) 

Following Step 2, the target zone between DHT-1 and DHT-2 had a well-established 

community of dechlorinating organisms and conditions suitable for organohalide 
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respiration. At this time, the recirculation system was disconnected and wells DHT-1 and 

DHT-2 were used for groundwater monitoring. During Step 3, groundwater was extracted 

from the lowest three depths of CMT-1 at approximately 450 mL/min (14-day residence 

time between DHT-1 and DHT-2; 7.15 cm/d pore water velocity) to maintain hydraulic 

control of the contaminant plume and ensure that VOC-impacted groundwater migrated 

into the bioactive zone and was captured by monitoring wells (Table 4-1a). After 62 days 

(76 days following bioaugmentation), the extraction rate was reduced to 300 mL/min to 

provide a longer residence time of 21 days between DHT-1 and DHT-2 (4.76 cm/day pore 

water velocity). 

During Step 3, 2 pulses of lactate and KB-1 Primer® were introduced into DHT-1 to 

maintain conditions suitable to biotransformation of TCE to ethene. The first pulse of 75 L 

of 13.1 mM lactate and 0.85 g/L KB-1 Primer® was injected at 3.5 mL/min over the course 

of 14 days beginning 16 days after bioaugmentation. The second pulse was also 75 L, 

containing 37 mM lactate and 3.4 g/L KB-1 Primer® injected at 2.8 mL/min over the course 

of 23 days, beginning 48 days after bioaugmentation. The injection rates and lactate 

concentrations were selected based on predictions of the pore water volume flowing 

through the treatment zone (using the regional groundwater flow model [Appendix B8.0]) 

so that a concentration of at least 5 mM VFAs was achieved downgradient. 

4.3.3 Aquifer cell experiment 

A 63.5 cm (length) × 38 cm (height) × 1.4 cm (thickness) aquifer cell (Figure 4-2) was 

constructed with an aluminum frame held by two 1.4 cm thick glass panels and configured 

with eighteen sampling ports, aligned in four vertical columns of four or five ports.35 Silty 

clay recovered from the 12.2 to 12.8 m depth of borehole CMT-2 at the Commerce Street 

Site was dried, ground with a mortar and pestle, then re-saturated with a 0.76 mM TCE 

solution and emplaced in the bottom 3 cm of the aquifer cell to create a contaminated lower 

confining layer. Above the clay, the aquifer cell was packed under water saturated 
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conditions with soil materials collected from the 6.40 to 10.7 m depth of borehole DHT-2 

at the Commerce Street site, collected as described in Appendix B. This core was opened 

in an anoxic chamber (Coy Laboratory Products, Inc; Grass Lake, MI) and separated into 

sections representing 15 cm (6-inches) of borehole depth. Each discrete section was 

homogenized by mixing with a scoop, placed in Ziploc® bags, then packed in the aquifer 

cell within 1 hour to maintain the native microbial population. The discrete sections of soil 

cores were placed in 4 to 6 cm layers in the aquifer cell to recreate the stratigraphy of the 

field site (Figure 4-2). Details of the permeability (B7.2), grain size (B7.2), organic carbon 

(B7.3), and sorption capacity (B7.3) of Commerce Street materials are provided in the SM 

(Appendix B).  

After packing, flow was established in the aquifer cell using a constant head influent system 

as described by Cápiro et al. (2015). Anoxic site groundwater (Appendix B1.0) was 

prepared in a 5 L Mariotte bottle and the flow rate was controlled by adjusting the heights 

of the influent and effluent to maintain a flow rate between 0.10 and 0.20 mL/min; a 

corresponding seepage (pore-water) velocity of 12.5 to 25 cm/day and a residence time of 

4.8 to 9.5 days. A bromide and erioglaucine A (blue dye) tracer test was performed in the 

aquifer cell as described in Appendix B10.0. 
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Figure 4-2. Aquifer cell configuration and sampling port locations: . Packed layers indicated by 

horizontal lines.  

After the tracer experiment, the aquifer cell was operated in several phases to mimic the 

pilot test as shown in Table 4-1b. To establish a uniform background contaminant 

concentration, the aquifer cell was flushed with a 0.3 mM (40 mg/L) TCE solution, 

prepared with anoxic site groundwater, at a flow rate of 0.2 mL/min (25 cm/day seepage 

velocity), for a period of 32 days (Table 4-1b). The aquifer cell was then reconfigured for 

recirculation to mimic the pilot test. Here the effluent was removed with a peristaltic pump 

(Cole Parmer; Vernon Hills, IL) at a rate of 0.1 mL/min (12.5 cm/day seepage velocity), 

amended with 100 mM lactate stock at 0.01 mL/min to achieve a concentration of 10 mM 

lactate, and reinjected into the aquifer cell (Table 4-1b).  

After 10-days of recirculation, the aquifer cell was bioaugmented with KB-1® inoculum. 

The SiREM-provided inoculum was first diluted 1:320 in anoxic site groundwater amended 

with 10 mM lactate. Twenty mL was then injected at a rate of 1 mL/min into each of 5 

sampling ports nearest the inlet (matching the pilot test injection in the upgradient well), 
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using a syringe pump to yield a target concentration of approximately 106 Dhc cells/L of 

pore water. This cell abundance has been demonstrated sufficient for complete 

transformation of TCE to ethene.49,453,454 Recirculation with lactate amendment continued 

for an additional 14 days following bioaugmentation to distribute the inoculum throughout 

the aquifer cell (Table 4-1b).  

After recirculation, the flow regime was changed back to a head-driven system without 

recirculation, to match the long-term monitoring phase of the pilot test. An influent solution 

of anoxic groundwater, amended with 0.3 mM TCE, was employed for the remainder of 

the experiment. A flow rate of approximately 0.1 mL/min was maintained for 88 days, after 

which the flow was reduced to 0.05 mL/min for 64 days, then increased to 0.15 mL/min 

for the final 15 days (Table 4-1b). Lactate pulses of 1.0 L (approximately 1 pore volume) 

were introduced throughout the experiment. Over the course of the experiment lactate was 

introduced as 2 pulses of 10 mM during the first long-term monitoring phase, 1 pulse of 5 

mM during the monitoring with reduced flow rate phase, and 1 pulse of 5 mM during the 

monitoring with higher flow rate phase (Table 4-1b). The pulses began 17.8, 59.7, 102, and 

168 days after the end of the recirculation phase (Figure 4-5).   

4.4 Results and Discussion 

4.4.1 Pilot test  

At the end of recirculation, VFA analysis of samples collected from DHT-1 and DHT-2 

contained lactate, acetate, and propionate with a total VFA concentration of 12.8 mM in 

the injection well and 6.0 mM in downgradient well DHT-2 as shown on Figure 4-3. During 

subsequent lactate pulses, lactate and acetate were measured in the injection well while 

only acetate and propionate were measured downgradient. This mixture of acetate and 

propionate (lactate fermentation products) indicated an active microbial community and 

distribution of electron donor throughout the pilot test area. In well DHT-2, VFA 

concentrations decreased after each pulse but remained at concentrations above 0.28 mM 
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total VFAs in all samples collected. These results indicate enough mixing of VFAs in the 

pilot test area to maintain detectable quantities between lactate pulses, supporting 

conditions suitable for MRD. 

 
Figure 4-3. VFA concentrations in injection well DHT-1 and downgradient well DHT-2 during 

pilot test. Vertical lines in each panel represent, from left to right: 1. Beginning of recirculation with 

lactate; 2. Bioaugmentation 3. End of recirculation; 4. Beginning of lactate pulse; 5. End of lactate 

pulse; 6. Beginning of lactate pulse; and 7. End of lactate pulse. 

Prior to beginning the pilot test, cis-DCE was the only chlorinated ethene detected in the 

pilot test area with concentrations of 0.14 mM in the CMT-6 channel 10.4-10.5 m bgs 

(upgradient) and 0.11 mM in well DHT-2, the downgradient pilot test well monitored 

throughout the experiment. Over the course of the pilot test, the cis-DCE concentration 

upgradient (CMT-6) remained steady but slightly higher than the initial sample, averaging 

0.17 (±0.013) mM (Figure 4-4). Downgradient of the pilot test, VC and ethene were first 

detected 14 days after bioaugmentation (the residence time between DHT-1 and DHT-2 

during this phase), reaching concentrations of 0.015 mM VC and 0.006 mM ethene after 

33.5 days (day 40.5; Figure 4-4).  
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Figure 4-4. Chlorinated ethene and ethene concentrations in a) CMT-6-2, upgradient of injection 

well, b) DHT-1, injection well, and in c) DHT-2, downgradient of injection well. Vertical lines 

represent, from left to right: 1. Beginning of recirculation with lactate; 2. Bioaugmentation 3. End 

of recirculation; 4. Beginning of lactate pulse; 5. End of lactate pulse; 6. Beginning of lactate pulse; 

and 7. End of lactate pulse. 

After an additional 15 days, the VC and ethene concentrations remained nearly unchanged 

(0.021 and 0.005 mM, respectively). During this period, groundwater quality parameters, 

including ORP and pH remained stable and conducive to MRD. Thus, the likely 

explanation for the lack of continued dechlorination between day 40.5 and 55.5 (Figure 4-
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4) was decreasing electron donor availability. This conclusion is supported by the 

measurements of total VFA concentrations in DHT-2 which were reduced to 0.28 mM 14 

days after ending the lactate recirculation phase (day 35; Figure 4-3). After the first lactate 

pulse, VC and ethene concentrations continued to increase reaching concentrations of 

0.046 and 0.017 mM, respectively, 79.4 days after bioaugmentation (day 86.4) with the 

cis-DCE concentration decreasing slightly from a peak of 0.15 to 0.13 mM. During this 

phase of the pilot test, conditions were conducive to MRD, the Dhc population reached a 

stable abundance (Figure B-6), and was capable of transforming a portion of the total 

chlorinated ethenes to ethene (5%). Thus, the lack of complete dechlorination to ethene 

was likely due to insufficient residence time of contaminants and amendments in the region 

between DHT-1 and DHT-2. 

In order to assess the effect of residence time on the extent of dechlorination, the extraction 

rate in DHT-1 was reduced to increase groundwater plume residence time in the pilot test 

area from 14 to 21 days (4.8 cm/day pore water velocity) at the beginning of the second 

lactate pulse (day 82, 75 days following bioaugmentation). The maximum ethene 

concentration of 0.10 mM measured during the pilot test occurred on day 120 (113 days 

following bioaugmentation, 38 days after reducing the flow rate, and 5 days after the end 

of the second lactate pulse), while the VC concentration remained stable at 0.04 mM and 

the cis-DCE concentration decreased to 0.053 mM. In the final samples collected 12 days 

later, the ethene concentration in DHT-2 began to decrease slightly while VC and cis-DCE 

concentrations increased, once again indicating a decrease in electron donor availability. 

Throughout the experiment, the ORP and pH in the treatment zone were maintained at  

-330.0 to -225.2 mv and 6.8 to 6.9, respectively, by the addition of KB-1 Primer®.  

By reducing the extraction rate to increase residence time by 50%, the proportion of ethene 

in the downgradient well increased from approximately 5% of chlorinated ethene and 
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ethenes by molar mass (total ethenes) to 46% while the proportion of cis-DCE declined 

from 79% to 28%, demonstrating the importance of maintaining sufficient residence time 

to achieve complete dechlorination of TCE to ethene.  

Total Dhc abundance, measured in samples collected from wells DHT-1 and DHT-2 during 

the pilot test, increased from 6.2×104 and 4.9×104 cells/L, respectively, prior to 

bioaugmentation to 1.8×108 and 2.7×106 cells/L at the end of the recirculation phase 

(Figure B-6). After an additional 32 days, Dhc abundance in DHT-1 and DHT-2 were 

nearly identical at 5.0×108 cells/L and remained constant until the flow rate was reduced, 

after which it continued to increase to a maximum abundance of 1.8×1010 and 1.6×1010 

cells/L in samples collected from DHT-1 and DHT-2, respectively. 

Bioaugmentation with KB-1® successfully provided a viable Dhc population with 

sufficient abundance to transform cis-DCE to ethene over the duration of the pilot test as 

seen in the chlorinated ethene and ethene results (Figure 4-4). The lactate pulses were 

rapidly fermented (Figure 4-3) and provided a growth substrate to increase the Dhc 

population (Figure B-6). When the residence time of contaminants and amendments in the 

pilot test area was 14 days, the growth of Dhc stalled and the extent of cis-DCE 

dechlorination remained constant. Reducing the pumping rate in CMT-1 increased the 

residence time of contaminants and amendments in the region between DHT-1 and DHT-

2 to 21 days, increasing the extent of transformation of cis-DCE to ethene and allowing the 

Dhc population to continue to increase in abundance.  

4.4.2 Aquifer cell experiment    

As soon as lactate was introduced to the aquifer cell, at the beginning of recirculation, a 

portion of the influent TCE was transformed to cis-DCE by the native microbial 

population, similar to conditions at the site (Figure 4-5a). After bioaugmentation, TCE was 

no longer detected and effluent ethene concentrations began to increase. The ethene 
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concentration in the effluent peaked at 0.31 mM at the end of the recirculation phase as 

chlorinated ethenes were reintroduced in the influent as cis-DCE and VC and had 

additional time to be dechlorinated. Following recirculation, the electron donor (VFAs) 

was flushed from the aquifer cell to a minimum concentration of 0.38 mM (Figure 4-5b) 

and the effluent ethene concentration dropped to 0.10 mM as the cis-DCE and VC 

concentrations increased from 0.09 and 0.01 mM to 0.17 and 0.02 mM, respectively. 

 

 

Figure 4-5. a) Chlorinated ethene and ethene concentrations in aquifer cell effluent. b) VFA 

concentrations in aquifer cell effluent. Vertical lines represent, from left to right: 1. Beginning of 

recirculation with lactate; 2. Bioaugmentation 3. End of recirculation; 4. Beginning of lactate pulse; 

5. End of lactate pulse; 6. Beginning of lactate pulse; 7. End of lactate pulse; 8. Decrease in flow 

rate; 9. Beginning of lactate pulse; 10. End of lactate pulse; 11. Increase in flow rate; 12. Beginning 

of lactate pulse; 13. End of lactate pulse. 

a) 

b) 
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At each lactate pulse, effluent VFAs increased for a period of 1 to 2 PVs (Figure 4-5b) and 

the influent TCE was degraded to a mixture of cis-DCE, VC, and ethene (Figure 4-5a). 

TCE, comprising up to 18% of the total ethenes, was observed in the effluent 5 PVs after 

the first lactate pulse as the electron donor was limited to the point that TCE to cis-DCE 

transformation was impeded. A majority of the TCE introduced into the aquifer cell was 

transformed into cis-DCE, VC, and ethene for up to 4.4 PVs (35 days) after a lactate pulse. 

Analysis of VFAs in the aquifer cell effluent, however, revealed large spikes in 

concentration, primarily acetate, lasting only 1 to 2 PVs after each lactate pulse, with VFAs 

were no longer detected afterward. The absence of measurable VFAs coupled with 

measurements of continued dechlorination suggests that an electron donor and carbon 

source was present in the background groundwater solution as dissolved organic carbon 

(Figure 4-5b).  

After the second lactate pulse (day 115 [PV 13.8] to day 122 [PV 14.6]), while the flow 

rate was maintained at 0.1 mL/min to provide a 8-day residence time, the influent TCE was 

transformed to a combination of to 60% cis-DCE, 23% VC, and 17% ethene on a molar 

basis at the effluent. Reducing the flow rate to 0.05 mL/min, resulting in a 16-day residence 

time, resulted in an effluent containing 5% cis-DCE, 17% VC, and 78% ethene, after 

introducing a lactate pulse. When the flow rate was then increased to 0.15 mL/min and a 

5mM lactate pulse was introduced, the proportion of ethene in the effluent decreased to 

54% while the VC and cis-DCE proportions increased to 23% and 22%, respectively.  

Dhc abundance was measured in aqueous samples collected from the sampling ports at 

three times during the aquifer cell experiment: 1 to 2 days before the end of recirculation, 

20 to 25 days after the first lactate pulse, and at the conclusion of the experiment. These 

data exhibit little change in the total Dhc abundance, with an average across the ports of 

3.26×108 (± 5.02×108), 7.80×108 (±1.68×109), and 2.69×108 (±2.59×108) cells/L in each 
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round of sampling, respectively. The data suggest that a sufficient population of Dhc was 

distributed throughout the aquifer cell during recirculation and remained relatively constant 

over the course of the experiment.  

The extent of ethene formation was highly dependent on the residence time and the 

availability of electron donor in the heterogeneous layers. The erioglaucine A tracer test 

revealed a high permeability layer in the center of the aquifer cell with lower permeability 

layers above and below (Appendix B10.0). Numerical modeling performed by Lurong 

Yang estimated a permeability of 3.4×10-12 m2 in the faster flowing center region and 

permeabilities of 1.4×10-12 m2 above and 1.0×10-12 m2 below. Due to this heterogeneity, the 

residence time in the high permeability layer was lower than the average residence time in 

the aquifer cell. This lower residence time was not sufficient to fully transform influent 

TCE to ethene, resulting in the observed mixture of cis-DCE, VC, and ethene in the 

effluent. As the aquifer cell was packed with material from the field site and the layer were 

constructed to mimic in situ heterogeneity (Figure 4-2), a similar high permeability region 

was likely present in the pilot test. The presence of a high permeability region in the aquifer 

cell and pilot test contributed to the measurements of incomplete dechlorination as cis-

DCE flowed through these regions without sufficient residence time to be transformed to 

VC and ethene by Dhc.  

The results of this aquifer cell and pilot test study provide insight into the effect of soil 

heterogeneity on residence time and corresponding dechlorination. Increasing the average 

residence time increased the extent of chlorinated ethene biodegradation and can be a 

useful tool if incomplete dechlorination is observed and subsurface heterogeneity is not 

well characterized. 
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4.5 Conclusions 

The average residence time of contaminants and amendments in a bioactive zone 

determined the extent of TCE biodegradation in this in this comparative study 

incorporating a laboratory aquifer and field pilot test of similar dimensions. Increasing the 

average residence time from 8 days to 16 days (7.5 to 3.8 cm/day seepage velocity) in the 

aquifer cell experiment increased the proportion of ethene in the effluent from 17% of total 

ethenes on a molar basis to 78% ethene. Similarly, in the field-pilot test, a 50% increase in 

average residence time (from 14 days to 21 days [7.2 to 4.8 cm/day seepage velocity]) 

increased the proportion of ethene in the downgradient well from 5% to 46% of total 

ethenes on a molar basis.  

The results of this work also provide evidence that heterogeneity in soil properties 

influenced the complete dechlorination of TCE to ethene. The aquifer cell tracer 

experiment revealed the existence of a high permeability layer in the center of the system. 

As the aquifer cell was packed to mimic the conditions in the pilot test area, it is likely that 

similar heterogeneity exists at the field site. Due to this heterogeneity, local residence times 

varied from the predicted average residence time and allowed contaminants in the 

treatment zone to reach the downgradient location without being fully transformed to 

ethene. Increasing the average residence time in the treatment zone is a useful tool to 

increase the extent of chlorinated solvent biodegradation, especially if aquifer 

heterogeneity is unknown.  

The coupling of a pilot test and laboratory experiment revealed that: 

• Increasing residence time increased the extent of ethene formation. 

• Spatial heterogeneity in aquifer hydraulic conductivity caused a portion of 

chlorinated ethenes to pass through the treatment area without being fully 
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transformed, despite an average residence time predicted to yield complete 

dechlorination.  

The data collected during these experiments was used in numerical models by Lurong Yang 

to further explore the impact of residence time and electron donor delivery on MRD. This 

work will be combined for publication. 
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5.0 Dehalococcoides mccartyi reductive dehalogenase gene expression 

during pulsed lactate delivery 

The contents of this chapter are currently being prepared as a manuscript for publication.  

5.1 Abstract  

The potential for in situ bioremediation of chlorinated solvents is often evaluated by the 

abundance of Dehalococcoides mccartyi (Dhc) 16S rRNA and reductive dehalogenase 

(RDase) gene DNA abundance. Due to the long life of DNA in the environment, these 

measurements do not measure which cells are actively performing microbial reductive 

dechlorination (MRD), the process of detoxifying tetrachloroethene and trichloroethene to 

ethene. Measurements of RNA transcripts are thought to better measure active MRD as 

they decay rapidly when electron acceptors are depleted, with a half-life of 4 to 24 hours. 

This study examined vcrA and bvcA RDase gene and transcript abundance in a laboratory 

aquifer cell experiment and in situ field pilot test, both bioaugmented with KB-1® (SiREM; 

Guelph, ON) and using pulsed lactate injections to provide an electron donor and carbon 

source. In the aquifer cell experiment, after electron donor was depleted, vcrA RNA 

transcripts were found to decrease by 7.46-fold over 47 days, while the abundance of vcrA 

DNA gene copies remained constant (0.47-fold decrease) over the same time period. The 

exponential decay of vcrA transcripts corresponded to an average half-life of 15.3 (±1.68) 

days that is in stark contrast to the 4.8- to 24-hour half-life reported for vcrA when electron 

acceptor is limited. In the pilot test, vcrA and bvcA DNA abundance increased 2.13- and 

2.49-fold, respectively, 34 days after an electron donor pulse and remained stable. The 

abundance of vcrA and bvcA RNA transcripts also increased by a similar amount, 2.65- 

and 2.49-fold, respectively, but the increased lagged the increase in DNA abundance by 12 

days. This study supports the current practice of pulsed electron donor delivery as Dhc 

strain specific RNA is not rapidly depleted when electron donor is limited and will remain 

up-regulated as cells await future electron donor amendments. 
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5.2 Introduction 

In situ bioremediation (ISB) of chlorinated solvents relies on Dehalococcoides mccartyi 

(Dhc) strains to fully transform chlorinated ethenes to non-toxic ethene.8,9,19,290,291 To 

evaluate the potential for biotransformation, total Dhc abundance and specific RDase gene 

abundance are often measured by quantitative polymerase chain reaction (qPCR) from 

extracted DNA.40,41,309 Quantifying RDase gene abundance through DNA provides 

information on the Dhc strains that are present and their capability to perform reductive 

dechlorination, but it does not measure which cells are actively performing microbial 

reductive dechlorination (MRD). RNA transcripts may provide a better measure of the 

potential for dechlorination activity as they are only present when the RDase protein is 

being produced and have been demonstrated to decay rapidly relative to DNA in the 

absence of chlorinated ethenes (electron acceptor).42  

Electron acceptor availability has been correlated with RDase gene abundance and 

expression in laboratory batch experiments.11,42,455,456 Waller et al. (2005) found that the 

bvcA gene was transcribed regardless of which chlorinated electron acceptor was present 

and that vcrA was transcribed during TCE degradation. tceA transcription has been found 

to be upregulated during TCE and DCE exposure but not during exposure to other 

chlorinated compounds, including PCE, vinyl chloride (VC), and 2,3-dichlorophenol.347,458 

The bvcA and vcrA genes may be part of a two-component signal transduction system 

where control of these RDase genes responds to multiple stimuli.457 The tceA gene, on the 

other hand, is located in a different part of the genome, not near this transcriptional 

regulator, which may cause this gene to respond to different stimuli.457 

In a field study conducted at a TCE-contaminated landfill at the Fort Lewis military base 

(Tacoma, WA), the tceA gene was expressed in RNA transcripts in lower amounts than 

expected based on the gene copies detected in DNA which may indicate that there are other 
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factors impacting the expression of RDase genes in more complex systems.373 In a survey 

of multiple field sites, Liang et al. (2017) correlated vcrA transcript abundance with DCE, 

VC, and methane concentrations, while bvcA transcript abundance was correlated only with 

cis-DCE concentration. Higher temperatures cause vcrA expression to be upregulated, but 

this increase did not correlate to increased dechlorination activity.351 Similarly, Amos et al. 

(2008) found that RDase transcripts did not correlate with dechlorination activity following 

exposure to oxygen and that the detection of RNA did not, on its own, indicate active cells. 

No studies have examined the impact of electron donor availability on Dhc RDase gene 

transcripts. Understanding the conditions that favor RDase expression is essential to 

designing systems that will fully transform chlorinated ethenes to ethene and to prevent 

accumulation of cis-DCE and VC. 

In a flowing system with intermittent delivery of electron donor, typical of in situ 

bioremediation systems, both electron acceptor and electron donor concentration and 

composition vary over time, likely affecting the expression of RDase genes, as measured 

by RNA transcript abundance. To assess the impact of intermittent electron donor delivery 

on RDase transcript abundance, samples were collected during a two-dimensional aquifer 

cell experiment and a field pilot test performed at the Commerce Street Superfund Site in 

Williston, VT. Both experiments were performed under similar conditions with pulsed 

lactate amendment and bioaugmentation using KB-1® (SiREM; Guelph, ON). RDase DNA 

and RNA were measured to determine the expression of RDase genes in response to 

electron donor delivery to further the understanding of conditions under which RDase 

genes are expressed or repressed.  
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5.3 Methods  

5.3.1 Aquifer cell and pilot test experiments 

Aqueous samples for RDase DNA and RNA analysis were collected during the aquifer cell 

and pilot test experiments described in Sections 4.3.2 and 4.3.3, respectively. Samples 

collected during these experiments were preserved with RNAlaterTM (Invitrogen; Carlsbad, 

CA), and stored at -80°C for extraction and analysis. From the aquifer cell, samples from 

an upgradient column of ports (ports 1A, 1C, and 1E [Figure5-1]) and a corresponding 

downgradient column of ports (ports 3A, 3C, and 3E [Figure 5-1]) were selected for 

analysis. Samples collected over 3 rounds (167-172, 182-185, and 214-218 days after 

bioaugmentation) had been preserved with RNAlaterTM during the experiment and were 

processed as described below. These samples were collected at the conclusion of a lactate 

pulse and as lactate and other VFAs were flushed from the system to examine the impact 

of decreasing electron donor availability (Figure 5-3). Samples from pilot test well DHT-

2 (Figure 4-1), collected on days 86, 120, and 132 of the pilot test, were selected for 

analysis as they were collected at the start of lactate addition in upgradient well DHT-1 

(day 86) and after the lactate pulse ended (days 120 and 132). 
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Figure 5-1. Aquifer cell configuration and sampling port locations: . Packed layers indicated by 

horizontal lines.  

5.3.2 RNA/DNA extraction and transformation 

For field samples, where a large quantity of cells was collected via filtration of 340 to 800 

mL of groundwater through a Sterivex cartridge (MilliporeSigma; Burlington, MA), the 

MoBio PowerSoil Total RNA Isolation Kit with DNA Elution Accessory Kit (Qiagen; 

Hilden, Germany) was used to purify both DNA and RNA. Prior to extraction, the filter 

was thawed on ice and the RNAlaterTM was removed by pushing it through the filter 

cartridge using a 5.0 mL syringe. The PowerSoil Total RNA Isolation Kit with DNA 

Elution Accessory Kit did not yield quantifiable amounts of DNA when used for small (1 

mL) samples collected from the aquifer cell. For 1 mL aquifer cell samples, RNA and DNA 

were simultaneously extracted using the Qiagen Allprep DNA/RNA mini kit in accordance 

with manufacturer’s instructions. Samples were thawed on ice and centrifuged at 8,000×g 

for 15 minutes to pellet cells. RNAlaterTM was then removed using a sterile pipette. 
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A 10 µL aliquot of extracted RNA was transformed to complementary DNA (cDNA) via 

reverse transcription using the Qiagen QuantiTect Reverse Transcription kit (Qiagen; 

Hilden, Germany). This kit includes a DNase digestion step to remove DNA contamination 

from extracted RNA so no additional cleanup was performed. After transformation, gene 

abundance was measured via qPCR using previously established methods described in 

Appendix A1.5. Both extracted DNA and cDNA (representing RNA transcripts) were 

analyzed for vcrA, bvcA, and tceA RDase gene abundance.  

5.4 Results and Discussion 

5.4.1 Aquifer cell experiment 

In the aquifer cell, the bvcA and tceA genes were not detected in DNA or cDNA samples 

above the quantification limit of 103 cells per sample. The vcrA gene and vcrA gene 

transcripts were detected and quantified in aquifer cell samples (Figure 5-2).  

 
Figure 5-2. Abundance of vcrA a) RNA transcripts in upgradient ports, b) DNA gene copies in 

upgradient ports, c) RNA transcripts in downgradient ports, and d) DNA gene copies in 

downgradient ports 

In all ports except 1C, vcrA RNA transcripts decreased by approximately 1 order of 

magnitude after electron donors (VFAs) were depleted to undetectable concentrations  of 

<0.001 mM (Figure 5-3), from an average of 2.21×105 (±2.01×105) transcript copies/mL 
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on days 167-172 to an average of 2.97×104 (±1.50×104) transcript copies/mL on days 214-

218 (7.46-fold decrease). In contrast, vcrA DNA abundance remained constant over time 

in most ports (ports 1A, 1C, 3C, 3E), decreased in port 1E, and increased port 3A, with an 

average abundance of 4.77×105 (±6.23×105) gene copies/mL on days 167-172 and an 

average abundance within one order of magnitude (47%) on days 214-218 (2.24×105 

[±1.69×105] gene copies/mL, 0.47-fold decrease). The increase in vcrA transcription 

abundance observed in Port 3A between day 172 and 185 is likely due to its position in the 

low-permeability region of the aquifer cell (Appendix B10.0) causing the longer retention 

of VFAs measured (Figure 5-3). 

 
Figure 5-3. VFA concentrations measured in aquifer cell ports a) 1A, b) 1C, c) 1E, d) 3A, e) 3C, 

and f) 3E. Vertical line represents end of lactate pulse. 

The abundance of vcrA RNA transcripts demonstrated a weak positive correlation (r2=0.29) 

with VFA concentration in samples collected from the aquifer cell ports (Figure 5-3), as 

defined by a correlation coefficient (r2) greater than 0.20.460 On the other hand, vcrA DNA 

abundance showed no correlation (r2=0.024) with VFA concentration (Figure 5-4). The 

correlation between VFA concentration and vcrA transcript abundance is caused by the 
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decline in gene transcripts when electron donor is depleted, despite the continued presence 

of cells harboring the vcrA gene (as measured in extracted DNA). After the end of the 

lactate pulse (day 171), vcrA transcript abundance declined exponentially (r2=0.23) while 

vcrA gene abundance had an order of magnitude lower correlation to an exponential 

function (r2=0.016) (Figure 5-5). 

 
Figure 5-4. vcrA RNA transcript and DNA gene abundance vs. VFA concentration in aquifer cell 

sampling ports. 

 
Figure 5-5. vcrA RNA transcript and DNA gene abundance over time in aquifer cell sampling ports, 

logarithmic scale. 
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In locations where RNA abundance decreased over time due to depletion of electron donor 

(Ports 1A, 1E, 3C, and 3E), an exponential decay function was fit to the data (Figure 5-6). 

These decay rates correspond to an average vcrA RNA transcript half-life of 15.3 (±1.68) 

days after electron donor is depleted to undetectable concentrations. This half-life is much 

longer than the 4.8 hour half-life reported by Lee et al. (2006) and the 1.0 day half-life 

approximated from data provided by Doǧan-Subaşi et al. (2014). In both previous studies, 

the decline in vcrA transcripts was measured after the electron acceptor (chlorinated 

ethenes) was depleted to undetectable concentrations. The longer half-life measured in this 

study suggest that the vcrA gene continues to be transcribed in Dhc cells while chlorinated 

ethenes are present, even in the absence of detectable concentrations of electron donor. 

This finding supports the current ISB practice of periodic (pulsed) electron donor delivery 

as Dhc cells may continue to produce vcrA transcripts during periods of limited electron 

donor. 

 
Figure 5-6. Exponential decay of vcrA transcripts in a) Port 1A, b) Port 1E, c) Port 3C, and d) Port 

3E. Day 0 is the first sample in which no VFAs were detected. 
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DNA and RNA abundances were also compared with chlorinated ethene and ethene 

concentrations measured in the sampling ports during the aquifer cell experiment (Figure 

5-7). RNA and DNA abundances were generally at their maximum when ethene 

concentrations were highest (except in ports 1C [DNA and RNA], 3C [DNA], and 3E 

[RNA]) and declined as the concentrations of more highly chlorinated ethenes (cis-DCE 

and TCE) increased. The decline in RNA and DNA abundance, and corresponding increase 

in cis-DCE and TCE, is likely due to the decline in electron donor discussed above, the 

absence of which limited the amount of MRD. Because the electron donor was depleted, 

there are insufficient data to determine if the shift in electron acceptor (chlorinated ethene) 

concentrations impacted the growth of Dhc cells harboring vcrA or the expression of vcrA 

transcripts.  

 
Figure 5-7. Chlorinated ethene and ethene concentrations measured in aquifer cell ports a) 1A, b) 

1C, c) 1E, d) 3A, e) 3C, and f) 3E. Vertical line represents end of lactate pulse. 

The abundance of vcrA DNA and RNA in the aquifer cell correlated with cis-DCE 

concentration (r2=0.45 and 0.23, respectively [Figure 5-8]) but did not correlate with TCE, 
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VC, or ethene concentrations (r2 ranging from 0.001 to 0.032). This correlation is likely 

due to the growth of Dhc cells harboring the vcrA gene when electron acceptor (cis-DCE) 

is available and subsequent expression of this gene as measured by RNA transcripts. TCE 

is not used as an electron acceptor for metabolic reductive dechlorination by Dhc cells 

harboring vcrA so the lack of correlation is expected. VC and ethene are daughter products 

of cis-DCE biodegradation by Dhc cells harboring the vcrA gene. The concentration of 

these compounds did not correlate with vcrA RNA and DNA abundance at the same 

location, likely due to the transport of these compounds downgradient after they were 

formed. Additional spatial analysis of vcrA DNA and RNA abundance compared with 

chlorinated ethene concentrations is warranted to assess the relationship between 

chlorinated ethene and RDase gene and transcript abundance under conditions of electron 

donor limitation.  

 
Figure 5-8. vcrA RNA transcript and DNA gene abundance vs. cis-DCE concentration in aquifer 

cell sampling ports. 

5.4.2 Pilot test 

In samples collected during the pilot test, both vcrA and bvcA genes were detected in DNA 

and cDNA samples, likely due to the larger volume of sample collected and extracted 

(Figure 5-9). The tceA gene was not detected in either DNA or cDNA, possibly due to the 



89 of 200  

lack of substrate (TCE) to promote the growth of Dhc cells harboring this RDase. In the 

pilot test, samples were collected as electron donor concentrations in DHT-2 increased, 

then decreased (Figure 5-10). Both vcrA DNA gene and RNA transcript abundance 

increased by 2.13- to 3.65-fold, respectively after electron donor concentrations increased, 

although the increase in RNA transcripts lagged the increase in DNA gene copies by 12 

days. After 34 days from the beginning of the lactate injection, the abundance of vcrA and 

bvcA DNA gene copies increased 2.13- and 2.49-fold, respectively, while the abundance 

of gene transcripts increased only 1.18- and 1.46-fold, respectively. In the next sample, 46 

days from the start of the lactate pulse, the increase in RNA transcript abundance was 

similar to the increase in DNA gene copies with a 3.65-fold increase in vcrA RNA 

transcripts, a 2.65-fold increase in vcrA DNA gene copies, a 2.45-fold increase in bvcA 

RNA transcripts, and a 2.49-fold increase in bvcA DNA gene copies (after 34-days; bvcA 

DNA abundance declined afterward). 

The abundance of vcrA DNA and RNA did not decline as electron donor (VFAs) and 

electron acceptor (chlorinated ethenes) were detected at each sample time. The abundance 

of bvcA RNA transcripts increased over time after the VFA concentration increased, from 

2.83×102 (±9.76) transcripts/mL to 6.91×102 (±49.0) transcripts/mL. The abundance of 

bvcA DNA, however, increased to 5.05×103 (±3.08×102) transcripts/mL when VFA 

concentrations were highest (12.9 mM), but declined to 1.36×103 (±31.4) transcripts/mL 

as electron donor concentration decreased to 5.06 mM total VFAs, possibly due to the 

higher efficiency of Dhc cells harboring vcrA cells compared with cells harboring 

bvcA.37,361   
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Figure 5-9. Abundance of vcrA and bvcA a) RNA transcript copies and b) DNA gene copies in pilot 

test well DHT-2 

 
Figure 5-10. VFA concentrations measured in pilot test well DHT-2. RNA/DNA samples collected 

at same time points as VFA samples. 

5.5 Conclusions 

As previously reported, the transcription of RDase genes, measured by RNA abundance, 

is promoted by the type and availability of electron acceptor.11,42,347,455–458 The absence of 

electron donor did not appear to cause down-regulation of vcrA gene transcription and the 

abundance of vcrA transcripts decreased 7.46-fold when electron donor was depleted to 

undetectable concentrations (<0.001 mM). The decline in vcrA gene transcripts occurred 

slowly, with a half-life of 15.3 (±1.68) days. This contrasts with a half-life of 4.8- to 24-

hours when electron acceptor is depleted.11,42 The abundance of vcrA DNA decreased less 

than 1 order of magnitude over time, even when the electron donor was depleted (compared 

with a 7.46-fold decrease in transcripts). The discrepancy is likely caused by the detection 
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of vcrA DNA in inactive cells and the detection of vcrA RNA transcripts only in active 

cells.  

Increasing electron donor availability first increased the abundance of vcrA and bvcA DNA, 

indicating increase growth of cells harboring these genes. Increased RDase gene transcripts 

were detected in the following sampling round (12 days later) as the newly grown cells 

transcribed the vcrA and bvcA gene in response to the presence of electron acceptors 

(chlorinated ethenes). 

This study supports the current practice of pulsed electron donor delivery as RDase RNA 

is not rapidly depleted when electron donor is limited and will remain up-regulated as cells 

await future electron donor amendments. Because vcrA transcripts do not decay rapidly if 

electron acceptor is present while electron donor is depleted, vcrA transcript abundance is 

not necessarily indicative of active MRD, an observation that has been made in previous 

studies.25,351 
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6.0 Strain-specific response of Dehalococcoides mccartyi to 

perfluoroalkyl substances and impact on microbial reductive 

dechlorination 

The contents of this chapter are currently being prepared as a manuscript for publication, 

which will be supplemented with additional measurements of gene abundance and with 

estimates of dechlorination rates derived from fitting the data to a numerical model. 

Supplementary material for this submission is included as Appendix C. 

6.1 Abstract 

Although bioremediation is a common remedy for groundwater contaminated by 

chlorinated solvents, per- and polyfluoroalkyl substances (PFAS) have been shown to 

inhibit microbial reductive dechlorination (MRD), the process that detoxifies 

tetrachloroethene (PCE) and trichloroethene (TCE) to ethene. As PFAS are commonly co-

located with chlorinated solvent groundwater plumes, their impact on the microbial species 

capable of MRD, particularly Dehalococcoides mccartyi (Dhc), are of critical concern for 

bioremediation of chlorinated ethenes. Batch reactor experiments were prepared with an 

aqueous solution containing a mixture of ten perfluoroalkyl acids (PFAAs) and microcosm 

experiments were prepared with the same PFAA mixture plus soil collected from Loring 

Air Force Base (Aroostook County, ME). Experiments, bioaugmented with KB-1® 

(SiREM; Guelph, ON), were completed to assess the impact of PFAAs on MRD by a PCE 

to ethene methanogenic dechlorinating consortium containing Acetobacerium sp., 

Geobacter sp. (Geo), and relying on Dhc strains to complete the transformation to ethene. 

Although PFAA concentrations of 11.7 to 49.8 mg/L increased the time required to 

transform cis-DCE to ethene by 18% to 37% (6.0-13 days) in batch reactors, the presence 

of a solid phase eliminated this effect in microcosms with initial aqueous PFAA 

concentrations as high as 53.5 mg/L. Batch reactors containing 61.7 and 101 mg/L PFAAs 

did not fully transform PCE to ethene over the 48 day experiment, while microcosms 
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initially containing 120 mg/L PFAA completely dechlorinated PCE within 28 days. This 

time to transform PCE to ethene, however, was slightly longer (16%, 5 days) in 

microcosms containing 120 mg/L than in those containing 53.5 mg/L PFAAs. Examination 

of the Dhc strain-specific reductive dehalogenase genes implicated in the transformation 

of chlorinated ethenes to ethene revealed that high concentrations of PFAAs promoted the 

growth of Dhc strains harboring bvcA rather than cells harboring the vcrA gene. A 

microbial consortium containing multiple Dhc strains (KB-1®) was able to transform PCE 

to ethene even at PFAA concentrations of 120 mg/L when porous media was present, 

indicating that MRD can be implemented to treat chlorinated ethenes in plumes comingled 

with PFAAs.  

6.2 Introduction 

In situ bioremediation (ISB) of chlorinated solvents, including the ubiquitous groundwater 

contaminants tetrachloroethene (PCE) and trichloroethene (TCE), is an effective remedy 

that has been implemented at numerous sites.1–4,15 Chlorinated solvents rarely occur in 

isolation and the presence of co-contaminants can impact bioremediation performance.355–

357,461 Per- and polyfluoroalkyl substances (PFAS) are a class of contaminants of emerging 

concern that are often found co-located in aquifers contaminated with chlorinated 

solvents.44,45 PFAS were used in a variety of products including firefighting aqueous film 

forming foams (AFFFs), surface coating protection on cardboard, carpets, leather, and 

textiles, nonstick cookware, and breathable, waterproof membranes.65–67 Many fire-

training areas used AFFFs to extinguish fires fed by off-specification fuels and waste 

solvents, some of which were comingled with chlorinated solvents, resulting in the co-

release of PCE, TCE, and PFAS to soil and groundwater.44,45 In source areas associated 

with AFFF use, including at NAS Fallon (NV), Tyndall Air Force Base (FL), and 

Wurtsmith Air Force Base (MI), Moody and Field (1999) reported plumes of PFAS 

contaminated groundwater with total PFAS concentrations up to 7.09 mg/L. 
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PFAS encompass a large class of compounds including more than 4,000 chemicals 

registered with the chemical abstract service.462 Many of these compounds are degraded 

into the environment to fully-fluorinated perfluoroalkyl acids (PFAAs), also known as 

terminal PFAS.68,407–409,411,418 Although there is no well understood pathway for the 

biotransformation of PFAAs, their presence affects the bioremediation of other 

compounds, including chlorinated solvents. Weathers et al. (2016) reported that TCE 

degradation by Dehalococcoides mccartyi (Dhc) strain 195 was inhibited by PFAA 

concentrations in excess of 66 mg/L in a methanogenic culture. A similar study found that 

TCE dechlorination by Dhc was prevented by 0.3% solutions of neat AFFF from Ansul 

and National foam, but was not inhibited by 3M AFFF, with total PFAS concentrations 

ranging from 30 to 120 mg/L in all experiments.46 In order to treat chlorinated solvents in 

plumes mixed with PFAS, the conditions under which Dhc strain-specific activity is 

inhibited must be better understood. 

Current field implementations of PCE and TCE bioremediation rely on Dhc strains, to 

complete the transformation of PCE to benign ethene.5–9 Multiple strains of Dhc have been 

identified and those implicated in transformation of chlorinated ethenes harbor specific 

reductive dehalogenase (RDase) genes.10 Each Dhc strain has the capacity to transform 

specific chlorinated compounds but only a limited number of strains that transform vinyl 

chloride (VC) to ethene have been identified.11–14 Dhc strains harboring the tceA gene have 

been shown to metabolically transform PCE/TCE to cis-dichloroethene (cis-DCE) and co-

metabolically transform cis-DCE to VC and VC to ethene while strains harboring the bvcA 

and vcrA genes are able to transform DCE to VC and VC to ethene metabolically, resulting 

in more efficient transformation and limiting the accumulation of cis-DCE and VC during 

ISB.10,290,301  
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Because specific Dhc strains are necessary to fully transform PCE to ethene, understanding 

the strain-specific impacts of co-contaminants is essential to successful implementation of 

ISB. Geochemical parameters, including oxygen concentration, temperature, and pH, have 

been shown to impact the abundance of RDase genes and tend to most inhibit cells 

harboring the vcrA gene, one of the genes necessary for metabolic transformation of VC to 

ethene.25,26,29,350,351 The presence of co-contaminants such as 1,1,1-trichloroethane and 

triclocarban has also been shown to impact specific Dhc strains with both compounds 

having a greater impact on cells harboring vcrA than cells harboring tceA.30,358 Although 

Weathers et al. (2016) demonstrated that PFAAs can inhibit TCE degradation by Dhc strain 

195 (harboring the tceA gene), they did not examine the strain-specific impact of PFAAs, 

inhibition in a culture containing multiple Dhc strains, or inhibition of Dhc strains that 

metabolically transform VC to ethene. Additionally, the presence of a solid phase has been 

shown to minimize or prevent inhibition of microbial reductive dechlorination at low pH 

and at high PCE and TCE concentrations as soil particles provide microenvironments 

where microbes are not exposed to the high concentrations present in the bulk liquid.35,463 

Similarly, the inhibition of microbial reductive dechlorination (MRD) by PFAAs measured 

in batch reactor experiments may not occur at the same aqueous PFAA concentrations if a 

solid phase is present. 

A series of batch reactor and microcosm experiments were completed to provide insight 

into the conditions under which PFAAs can inhibit microbial reductive dechlorination and 

to assess the impact of these compounds on specific Dhc strains. All reactors were prepared 

with a mixture of 10 PFAAs observed in situ with total PFAA concentrations ranging from 

0 to 138.5 mg/L. Experiments were bioagumented with KB-1® (SIREM; Guelph, ON), a 

methanogenic dechlorinating consortium containing Acetobacerium sp., Geobacter sp. 

(Geo), and multiple Dhc strains harboring the vcrA, bvcA, and tceA RDase genes.13,314 
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Microcosm experiments containing soil from a PFAS-contaminated site were used to 

assess the impact of a solid phase on the effects measured in batch reactor experiments. 

RDase genes were quantified to provide insight into the strain-specific responses of Dhc to 

PFAAs and into the conditions under which inhibition may impede successful ISB. This 

study aims to determine the impact of PFAAs on Dhc biodegradation rates and population 

growth, Dhc strain-specific impacts of these compounds, and the effect of a solid phase on 

inhibition and strain distribution. 

6.3 Materials and Methods 

6.3.1 Chemicals and porous media  

Sodium sulfide nonahydrate (Fisher Scientific; Hampton, NH) and L-cysteine (Sigma 

Aldrich; St. Louis, MO) were used as reductants to maintain anoxic conditions and sodium 

DL-lactate solution, 60% w/w (Sigma Aldrich; St. Louis, MO) was used as an electron 

donor. TCE (ACS reagent, >99.5%) with a density of 1.46 g/mL was obtained from Sigma 

Aldrich; St. Louis, MO and PCE (99% extra pure) with a density of 1.62 g/mL from Acros 

Organics (Fisher Scientific; Hampton, NH). Aqueous solutions were prepared in deionized 

water produced by a Milli-Q® Integral Water Purification System (EMD Millipore; 

Burlington, MA). 

PFAAs were obtained from Sigma Aldrich (St. Louis, MO) as nonaflurobutane-1-sulfonic 

acid (PFBS) 97%, heptafluorobutrycic acid (PFBA) 98%, perfluoropentanoic acid 

(PFPeA) 97%, tridecaluorohexane-1-sulfonic acid potassium salt (PFHxS) >98%, 

undecafluorohexanoic acid (PFHxA) >97%, perfluoroheptanoic acid (PFHpA) 99%, 

heptadecafluorooctanesulfonic acid potassium salt (PFOS) >98%, perfluorooctanoic acid 

(PFOA) 95%, perfluorononanoic acid (PFNA) 97%, and perfluorodecanoic acid (PFDA) 

98%.  Ethlyene glycol monobutyl ether (EGMBE) was obtained from Fisher Chemical 

(Hampton, NH) and was used to increase the solubility of PFAAs in select experiments. 
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Porous media used in microcosms consisted of surficial soils recovered via shovel in the 

vicinity of soil boring AA07SB04 at Loring Air Force Base (Aroostook County, ME) in 

October 2017. This location, approximately 30 m northeast of the Crash Fire Station, had 

been impacted by PFAS from AFFF with measured concentrations of 3.57 mg/kg PFOS, 

0.015 mg/kg PFOA, and 0.001 mg/kg PFBS.464 The soil contains 1.7% organic carbon by 

mass as measured using the method in Appendix C1.0. 

The liquid phase used in the batch reactors consisted of an anoxic growth medium modified 

from the recipe of Löffler et al. (2005) to reduce the total ionic strength to prevent 

precipitation PFOS at high concentrations (PFOS solubility is affected by salt 

concentration465). The ionic strength of the medium was reduced from 102.7 mM to 19.9 

mM by reducing the concentration of 100x salts solution to 12.5% of the original 

concentration, reducing the sodium bicarbonate buffer from 30 mM to 10 mM, and 

reducing the concentrations of trace element solution, Se/Wo solution, L-cysteine, and 

sodium sulfide by 50% each. The medium was prepared with 5 mM lactate as an electron 

donor. 

6.3.2 Batch reactor and microcosm configurations 

Batch (without porous media) and microcosm (with porous media) reactor transformation 

studies were completed to assess the impact of terminal PFAS on microbial reductive 

dechlorination by a mixed-community culture capable of transforming PCE and TCE to 

ethene. This culture (KB-1®; SiREM; Guelph, ON) contains Acetobacerium sp., Geo, and 

multiple Dhc strains harboring the vcrA, bvcA, and tceA RDase genes.13,314 In contrast to 

previous work that identified impacts on MRD by Dhc strain 195 in the presence of a 

mixture of 11 PFAAs at equal concentrations,43 this work utilized a mixture of 10 PFAAs, 

in ratios that approximate those measured in groundwater at the fire training area of Loring 

Air Force Base (Aroostook County, ME), and a commercially available dechlorinating 
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consortium to create more realistic conditions. To prevent the perfluorooctane sulfonate 

(PFOS) concentration from exceeding 25 mg/L at the highest mixture concentrations, its 

proportion of was reduced from the 44.3% of total PFAS observed at the site to 15-20% of 

total PFAS and the proportions of other compounds were increased as shown in Table 6-1 

(columns 1 and 2). When PFOS was added to the PFAS mixture at concentrations above 

25 mg/L, its measured concentration was lower than the mass added, likely due to 

precipitation of PFOS from the low salts growth medium. 

Table 6-1. Composition of PFAA Mixture in Batch Reactor Experiments 

PFAA 

% total 

PFAAs (by 

mass) in 

Loring AFB 

Overburden 

% total 

PFAAs (by 

mass) in 

Batch 

Reactors 

% total 

PFAAs (by 

mass) in 

EGMBE 

Batch 

Reactors 

% total 

PFAAs (by 

mass) in 

Microcosms 

(initial) 

% total 

PFAAs (by 

mass) in 

Microcosms 

(final) 

PFBS 0.43% 5.67% 5.30% 4.43% 4.95% 

PFBA 3.74% 6.41% 6.95% 10.2% 10.9% 

PFPeA 13.3% 14.9% 14.3% 18.1% 18.9% 

PFHxS 14.5% 17.9% 14.7% 13.9% 14.7% 

PFHxA 10.2% 10.7% 15.7% 18.7% 18.7% 

PFHpA 5.20% 6.30% 7.21% 6.17% 6.56% 

PFOS 44.3% 22.7% 20.0% 15.4% 12.3% 

PFOA 7.02% 9.33% 9.70% 8.56% 9.00% 

PFNA 1.13% 3.45% 3.63% 3.21% 3.46% 

PFDA 0.17% 2.59% 2.46% 1.28% 0.68% 

 

Experiments were performed in 160 mL glass serum bottles capped with butyl rubber 

stoppers (Chemglass Life Sciences; Vineland, NJ) and aluminum crimp caps (Chemglass 

Life Sciences; Vineland, NJ). All reactors were prepared at room temperature in an 

anaerobic chamber containing an atmosphere of 97% N2/3% H2 (Coy Laboratory Products; 

Grass Lake, MI). Batch reactors were prepared with an aqueous volume of 120 mL; 

microcosm experiments were prepared with 100 mL of aqueous volume and 14.7–18.6 g 

of porous media.  
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A PFAS solution was prepared by dissolving 10 PFAAs in pre-prepared medium to create 

a stock solution with a total PFAA concentration of 101-122 mg/L. The ratio of PFAAs 

was configured to simulate the relative concentrations observed at Loring AFB (Table 6-

1), although the PFOS concentration was reduced to prevent it from precipitating at high 

total PFAA concentrations and the concentrations of other compounds were increased. The 

stock solution was used to create 6 sets of 5 batch reactors containing initial measured 

concentrations of 101 mg/L, 61.7 mg/L, 49.8 mg/L, 26.5 mg/L, 11.7 mg/L, and 0 mg/L 

total PFAAs (Table C-1), above and below the 66 mg/L total PFAA concentration shown 

to impact Dhc strain 195.43 Reactors were then amended with 15 mL of low salts growth 

medium containing PCE and TCE to provide average initial concentrations in each batch 

reactor of 0.039 (±0.004) mM PCE and 0.18 (±0.02) mM TCE. For the highest 

concentration reactors, the PCE/TCE solution was prepared in medium containing 101 

mg/L PFAAs to maintain the target PFAA concentrations. Reactors were also amended 

with 0.5 mL of 200x Wolin vitamin466 solution to provide nutrients necessary for 

microorganisms. In each set of 5 batch reactors, 3 reactors were bioaugmented with 6 mL 

of KB-1® inoculum (SIREM; Guelph, ON), while 2 reactors received 6 mL of low salts 

growth medium to maintain the same volume as the biologically active reactors. These two 

reactors were sterilized via autoclave to serve as abiotic controls.  

To achieve PFAS concentrations above the 110 mg/L used by Weathers et al. (2006), a set 

of batch reactor experiments were prepared using 1% ethylene glycol monobutyl ether 

(EGMBE) by volume. This solvent, also known as butyl carbitol, was used in formulations 

of AFFF and could be present in PFAS plumes from fire-training or firefighting activities.44 

Batch reactors with EGMBE were prepared as described above with initial measured 

concentrations of 119.8 mg/L, 53.5 mg/L, 25.9 mg/L, 12.8 mg/L, and 0 mg/L total PFAAs 

(Table C-2); a set of positive control reactors were also prepared with no PFAAs or 
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EGMBE. At each concentration three reactors were bioaugmented and two were sterilized 

as described above. 

Microcosm experiments were prepared in an anaerobic chamber with 14.7–18.6 g of 

porous media collected from Loring Air Force Base (Aroostook County, ME) and 100 mL 

of reduced salt growth medium containing a PFAA mixture similar to that used in the batch 

reactors (Table 6-1). Microcosms containing initial measured concentrations of 119.8 

mg/L, 53.5 mg/L, 25.9 mg/L, 12.8 mg/L, and 0 mg/L total PFAAs (Table C-2) were 

prepared in the same manner as the batch reactors. Negative control microcosms were not 

autoclaved to maintain the physical-chemical properties of the soil, instead 10 mg/L of 

sodium azide was added to inhibit reductive dechlorination. An additional six microcosms 

were prepared without bioaugmentation and without sodium azide to assess the 

dechlorinating capability of the native microbial population. Three of these reactors were 

prepared with 12.8 mg/L PFAAs and three were prepared without PFAAs. In subsequent 

sections, microcosms are referred to by the initial measured concentrations of PFAAs listed 

above although the aqueous concentrations decreased as described in Section 6.4.4. 

6.3.3 Batch reactor sampling 

After bioaugmentation, 1.0 to 2.5 mL samples were collected every 2 to 7 days from each 

of the reactors using a sterile 25-gauge needle (Becton, Dickinson and Company; Franklin 

Lakes, NJ) and polypropylene syringe (Becton, Dickinson and Company; Franklin Lakes, 

NJ). During sampling, 1.0 to 3.0 mL of nitrogen gas was injected to maintain atmospheric 

pressure in the bottles prior to collecting aqueous samples. Sample aliquots of 1.0 mL were 

analyzed for chlorinated ethenes by gas chromatography with flame ionization detection 

(GC-FID). Additional sample aliquots of 1.0 mL were prepared for future DNA extraction 

and quantitative polymerase chain reaction (qPCR) analysis by centrifugation as described 

in Section 6.3.5 below. After centrifugation, the aqueous phase was analyzed for VFA and 
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fluoride concentrations by ion chromatography (IC). The remaining 0.5 mL sample volume 

was analyzed for PFAS by liquid chromatography with tandem mass spectrometry 

(LC/MS-MS). Samples for PFAS analysis were placed in a 15 mL high-density 

polyethylene (HDPE) bottles containing 9.5 mL of 4M equivalent sodium hydroxide (20:1 

dilution) and stored at 4°C prior to analysis. At the time of analysis samples were further 

diluted into an 80:20 water: methanol solution as necessary to ensure that the expected 

concentration fell within the calibration range of the analytical instrument.  

6.3.4 Chemical analytical methods 

Samples for chlorinated ethene and ethene analysis were placed into headspace analysis 

vials immediately after collection and analyzed within 24-hours. Chlorinated ethene and 

ethene concentrations were measured using an Agilent 7890B GC system with a DB-625 

column and FID (Agilent Technologies; Santa Clara, CA).336 Samples were introduced to 

the GC by a Telemark HT3 headspace autosampler (Teledyne Technologies; Thousand 

Oaks, CA) using a constant heating program. 

Targeted analysis of PFAS was based on a modification of EPA Method 537 that employs 

large volume injection (LVI).375,467 Quantification was achieved using a Waters Xevo TQ-

S triple quadrupole mass spectrometer equipped with a Waters Acquity ultra high 

performance liquid chromatograph (uHPLC). To achieve analyte separation, a Waters 

BEH C-18 column (1.7 µm dia., 2.1 × 50 mm) was operated at a flow rate of 0.4 mL/min 

with an eluent gradient consisting of 2 mM ammonium acetate in water or methanol. The 

mass spectrometer was operated in negative electrospray ionization and multiple reaction 

monitoring modes. The method is currently able to detect 40 PFAS, precursors, and C-13 

labeled standards with a total run time of approximately 10 min and detection limits 

ranging from 5 to 20 ng/L. LVI (50 µL) was used to improve sensitivity without the use of 

solid phase extraction.  
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Volatile fatty acids (VFAs) and fluoride were measured by ion conductivity (IC) using a 

Dionex ICS-2100 IC system with IonPac AS-18 Fast column (Thermo Scientific; 

Waltham, MA). Soil organic and inorganic carbon content was determined using a total 

organic carbon (TOC)-L analyzer (Shimadzu; Kyoto, Japan) using the subtraction method 

(total carbon minus inorganic carbon equals organic carbon).442 

6.3.5 Biological analytical methods 

Aqueous biomass samples (1 mL) were prepared by room temperature centrifugation at 

15,000 rpm (21,130×g) for 15 minutes using an Eppendorf 5424 centrifuge with 5424R 

rotor (Eppendorf; Hamburg, Germany). After removing the supernatant, pellets were 

stored at -20°C. Microbial genomic DNA was extracted from the pellets using the QIAamp 

DNA Mini Kit (Qiagen; Hilden, Germany) and following the manufacturer’s protocol. 

Extracted DNA was stored at -20°C until qPCR analysis. 

Dhc strain abundance was quantified by qPCR analysis targeting the Dhc 16S rRNA gene 

with additional analysis targeting the tceA, vcrA, and bvcA RDase genes. All qPCR 

analyses were measured in triplicate using a Step One Plus Real-Time PCR System 

(Applied Biosystems; Foster City, CA) under standard operating conditions and TaqMan-

based chemistry. Primers and probes were obtained from IDT Technologies (Coralville, 

IA) or ThermoFisher and the TaqMan Universal PCR Master Mix from Applied 

Biosystems (Foster City, CA). For each analysis, a standard curve was generated using 10-

fold serial dilutions of a stock solution containing a known concentration of plasmid DNA 

with a single copy of the target gene.37 

6.4 Results and Discussion 

6.4.1 PCE and TCE biodegradation 

In batch reactors, all PFAA concentrations tested (up to 101 mg/L) did not impede the 

transformation of PCE and TCE to cis-DCE over the entire period PCE and TCE were 
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detected (<0.0014 mM): 6.0 (±0.0) days in reactors without PFAAs and an average of 5.2 

(±0.99) days in reactors with PFAAs (Figure 6-1). Similarly, in the presence of soil 

(microcosm experiments), there was no difference in the time to dechlorinate PCE and 

TCE to cis-DCE at any of the PFAA concentrations tested. PCE or TCE were no longer 

detected 9 days after bioaugmentation in all microcosms (Figure 6-2).  

Batch reactors with EGMBE and PFAAs required additional time to fully transform PCE 

and TCE to cis-DCE at all concentrations tested. In the sets of bioaugmented reactors, the 

average time until PCE and TCE were no longer detected was 81% longer (6.3 ±0.9 days) 

in those containing 28.7 and 65.5 mg/L PFAAs, 100% longer (7.0 ±0.0 days) in those 

containing 112.6 mg/L PFAAs, and 195% longer (10.3 ±0.9 days) in those containing 

138.5 mg/L PFAAs as compared to reactors without PFAAs (3.5 ±0.5 days) (Figure 6-3).  

The rapid dechlorination of PCE and TCE to cis-DCE is likely facilitated by Geo as they 

have been shown to outcompete Dhc when PCE and TCE are present.257,314 These results 

suggest that Geo are not likely to be inhibited by PFAAs alone but may be negatively 

impacted by the combination of PFAAs and EGMBE. 

 
Figure 6-1. Average a) PCE b) TCE c) cis-DCE and d) VC concentrations in triplicate batch 

reactors. Vertical error bars represent standard deviation between triplicate batch reactors. 
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Figure 6-2. Average a) PCE b) TCE c) cis-DCE and d) VC concentrations in triplicate microcosms. 

Vertical error bars represent standard deviation between triplicate microcosms. 

 
Figure 6-3. Average a) PCE b) TCE c) cis-DCE and d) VC concentrations in triplicate batch 

reactors contained EGMBE. Vertical error bars represent standard deviation between triplicate 

microcosms. 

6.4.2 cis-DCE and VC biodegradation 

Reductive dechlorination of cis-DCE to VC and VC to ethene was impeded by PFAAs 

concentrations in batch reactor experiments. Batch reactors without PFAAs fully 

transformed cis-DCE to VC within 32.0 (± 0.0) days and transformed VC to ethene within 

34.0 (+/- 2.0) days, while reactors with 11.7 mg/L PFAAs required 21% longer (38.6 ±1.9 

days) to transform cis-DCE to VC, and 18% longer (40.0 ±0.0 days) to transform VC to 

ethene (Figure 6-1). Similarly, transformation of cis-DCE to VC required 38% longer (44.0 
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±0.0 days) and 46% longer (46.7 ±1.9 days) in reactors with 26.5 mg/L and 49.8 mg/L 

PFAAs, respectively. Transforming VC to ethene also required 37% longer (46.7 ±1.9 

days) in reactors with 26.5 and 49.8 mg/L PFAAs when compared with reactors containing 

0 mg/L PFAAs (Figure 6-1). At the end of the experiment, 48 days after bioaugmentation, 

reactors with 61.7 and 101 mg/L PFAAs did not fully dechlorinate cis-DCE to ethene 

(Figure 6-1).  

In contrast, the presence of a solid phase prevented the inhibition of MRD of cis-DCE. 

Transformation of cis-DCE to VC and VC to ethene was not impeded by PFAA 

concentrations of 53.5 mg/L and lower with cis-DCE no longer detected after 26.3 (±1.7) 

days in all bioaugmented microcosms with 53.5, 25.9, 12.8, or 0.0 mg/L PFAAs (Figure 6-

2). Only the microcosms prepared with 119.8 mg/L PFAS required additional time (6% 

longer, 28.0 ±0.0 days) to fully transform cis-DCE to VC. Similarly, transformation of VC 

to ethene required 9% longer (37.0 ±0.0 days) in reactors with 119.8 mg/L PFAAs whend 

compared to microcosms with 53.5 mg/L PFAA and lower (33.8 ±3.2 days). In the absence 

of soil, however, PFAA concentrations of 61.7 and 101 mg/L prevented complete 

transformation of VC to ethene over the course of the experiment. This difference could be 

caused by protective microenvironments around solid particles. In previous studies, the 

presence of certain porous media, even at low solid to liquid ratios (10 g soil to 100 mL 

aqueous phase), prevented complete inhibition of dechlorination at low pH.463 The authors 

attributed this phenomenon to more favorable pH conditions at the solid-aqueous interface; 

similarly, cells attached to soil particles may not be exposed to the same detrimental effects 

of PFAAs as those in the bulk aqueous phase.  

In batch reactors prepared with PFAAs and EGBE, dechlorination of cis-DCE to VC was 

impacted by the presence and concentration of PFAAs. The time until VC was detected (at 

> 0.001 mM) was 4.5 times longer (13.7 ±0.9 days) in reactors with 28.7 mg/L PFAAs and 



106 of 200  

10.9 times longer (29.7 ±1.9 days) in reactors with 65.5 mg/L PFAAs when compared to 

reactors without PFAAs (2.5 ± 0.5 days) (Figure 6-3). The sets of reactors containing 

EGMBE and 112.6 mg/L and 138.5 mg/L PFAAs did not exhibit dechlorination of cis-

DCE to VC over the course of the experiment (31 days). The greater inhibition observed 

in these reactors could be due to a synergistic effect between EGMBE and PFAS.  

6.4.3 Total and strain-specific growth of Dehalococcoides  

In microcosm experiments, analysis of the Dhc population, via qPCR of the Dhc 16S rRNA 

gene, revealed that total Dhc 16S rRNA gene increased from an average initial abundance 

of 1.21×106 (±3.59×105) gene copies/mL to 4.97×107 (±3.36×107) gene copies/mL over 

the first 28 days of the experiments (while chlorinated ethenes were present) (Figures 6-5 

and C-4). Growth occurred regardless of PFAA concentration with increases of 25-, 21-, 

22-, 27- and 84- fold in the reactors containing 0, 12.8, 25.9, 53.5, and 119.8 mg/L PFAAs, 

respectively. 

 
Figure 6-4. Dhc and RDase abundance in microcosm experiments with a) 0 ppm, b) 12.8 ppm, c) 

25.9 ppm, and d) 53.5 ppm PFAAs 
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In the presence of EGMBE, total Dhc 16S rRNA gene abundance was 1 to 3 orders-of- 

magnitude lower in reactors containing more than 28.7 mg/L PFAAs than in reactors with 

28.7 mg/L or 0 mg/L PFAAs (Figures 6-6 and C-5). Total Dhc abundance increased an 

average of 54.3-fold (±3.1) in the positive control reactors (no EGMBE), 18.7 (±13.2)  

-fold in reactors containing 0 mg/L PFAAs and EGMBE, and 45.8 (±8.5) -fold in reactors 

containing 28.7 mg/L PFAAs and EGMBE. In comparison, Dhc growth was inhibited in 

reactors with greater than 28.7 mg/L PFAAs with 2.8 (±1.0)-, 1.7 (±0.3)-, and 0.9 (±0.1)  

-fold increases in reactors containing EGMBE and 65.5, 112.6, and 138.5 mg/L PFAAs, 

respectively. 

 
Figure 6-5. Dhc and RDase abundance in EGMBE batch reactor experiments with a) 0 ppm and no 

EGMBE (Positive Control), b) 28.7 ppm, and c) 65.5 ppm PFAAs 

This analysis also demonstrated differential growth of Dhc strains in the presence of 

PFAAs. In microcosm experiments with initial concentrations of 25.9 mg/L PFAAs and 

lower, the increase in Dhc 16S rRNA and RDase gene abundance was within 20% of the 

average increase in all experiments (Table 6-2), although the greatest increase in vcrA 

abundance occurred in the absence of PFAAs. At an initial PFAA concentration of 53.5 

mg/L, the abundance of the bvcA gene increased an order-of-magnitude (118-fold) 

compared to lower growth in reactors with lower PFAA concentrations (average of 62.6- 

±3.18-fold). This difference could be due to a greater tolerance of non-ideal conditions by 

Dhc cells harboring bvcA which has been observed in studies of oxygen exposure.350 The 

microcosms prepared with the highest initial PFAA concentration (119.8 mg/L) was 
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bioaugmented from a different bottle of KB-1® inoculum with different initial gene 

abundances (Figure C-4) so it is not possible to compare the -fold increases with the other 

microcosms.  

Table 6-2. Increase in Dhc 16S rRNA and RDase gene abundance in microcosm experiments 

Initial 

PFAS -fold increase (day 28) 

mg/L Dhc vcrA bvcA tceA 

0 25.1 31.1 60.1 93.0 

12.8 21.0 22.8 67.1 93.0 

25.9 22.0 24.3 60.7 98.2 

53.5 26.7 20.8 118.4 95.2 

 

In microcosms with the highest PFAA concentrations (53.5 and 119.8 mg/L), Dhc cells 

harboring the bvcA gene made up a larger percentage of the total RDase genes (13.2% and 

20.3%, respectively) than in reactors with 25.9 mg/L PFAS and less (average 6.3% 

±0.94%). In microcosm containing 53.5 and 119.8 mg/L PFAAs, cells harboring the vcrA 

gene comprised a smaller proportion of the RDase genes (77% and 74%, respectively) than 

in reactors with 25.9 mg/L PFAS and less (85% ±1.9%), likely due to the higher efficiency 

of cells harboring bvcA under non-ideal conditions. The relative abundance of cells 

harboring the tceA gene was less variable (average 8.1% ±1.6%) across all PFAA 

concentrations with the lowest proportion (5.6% ±1.3%) in microcosms with 119.8 mg/L 

PFAS. 

In reactors containing EGMBE, Dhc cells harboring the vcrA gene (associated with the 

transformation of TCE and cis-DCE to ethene) increased in abundance by 33.2 (±3.6)- and 

12.5 (±8.0)-fold over the course of the experiment in the positive control and 0 mg/L 

PFAAs control reactors, respectively, but only 4.8 (±0.52)-fold in reactors containing 28.7 

mg/L PFAAs. Alternatively, cells harboring the bvcA gene (associated with the 

transformation of DCE isomers to ethene), increased to a higher abundance in the reactors 



109 of 200  

containing 28.7 mg/L than in the reactors containing no PFAAs with increases of 131 

(±8.9)-,25.1 (±23.8)-, and 36.7 (±19.2)-fold in the 28.7 mg/L PFAS, 0 mg/L PFAAs, and 

positive control reactors, respectively (Figures 6 and C-5).  

These analyses revealed a shift in the Dhc strain responsible for ethene formation from 

cells harboring vcrA in the absence of PFAAs to cells harboring bvcA when PFAAs 

concentrations were high and in the presence of PFAAs and EGMBE. The shift was 

observed in microcosms with an initial PFAA concentration of 53.5 mg/L and a final PFAA 

concentration of 38.7 mg/L (Table C-2) but not in microcosms with an initial concentration 

of 25.9 mg/L and a final concentration of 19.4 mg/L. Similarly, cells harboring the bvcA 

gene were more resilient than cells harboring the vcrA gene in the presence of EGMBE at 

a PFAA concentration of 28.7 mg/L.  

6.4.4 Sorption of PFAAs  

There was no evidence of PFAA transformation in the batch reactor experiments. Although 

measured concentrations of total PFAA varied from -13% to +0% over the course of the 

experiment and concentrations of individual PFAAs varied from -17% to +20% (Table C-

1), there was no downward trend with time and fluoride was not detected in IC analyses. 

Batch reactors containing EGMBE showed greater variability (total PFAAs varied -35% 

to +6%; individual compounds varied -78% to +131%; Table C-1) but also showed no 

downward trend over time.  

In the microcosms, the concentration of PFAAs decreased over the first 20 days, then 

remained constant, likely due  to sorption of the materials to the organic carbon in the 

porous media (Table C-2, Figure C-6)).82,468,469 As the concentrations dropped in both 

abiotic and bioaugmented microcosms and fluoride was not detected in IC analyses, it is 

unlikely that PFAAs were transformed or degraded. The total PFAA concentrations 

dropped to 72% to 75% of the initial concentration while the concentration of individual 
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compounds remained constant or dropped to as low as 37% of the initial concentration 

(Table C-2). PFDA and PFOS showed the greatest declines in concentration averaging 

39% and 59% of the initial concentration, respectively (Table C-2). The greater decreases 

in PFOS and PFDA concentrations are expected due to the affinity of longer carbon chain 

PFAAs to adsorb to organic carbon.383,385,470  

6.5 Conclusions 

Total PFAA concentrations of 11.7 mg/L and higher inhibited the reductive dechlorination 

of cis-DCE to VC and ethene by Dhc strains harboring the vcrA and bvcA genes in batch 

reactor systems. The presence of a solid phase, however, prevented this inhibition. 

Microcosm experiments performed with total initial PFAAs concentrations of 53.5 mg/L 

or lower (38.7 mg/L final) did not exhibit any slowdown of microbial reductive 

dechlorination. This protection results from a combination of PFAA sorption to the solid 

phase, decreasing the total aqueous concentration by approximately 30%, and 

microenvironments around solid particles that may protect microbial cells from the high 

concentrations in the bulk liquid, as has been observed in low pH conditions.463 The 

presence EGMBE, in conjunction with PFAAs, exacerbated the inhibition of MRD. 

Transformation of all chlorinated ethenes was inhibited in experiments with total PFAA 

concentrations of 28.7 mg/L and higher.  

Although Weathers et al. (2016) did not show inhibition of reductive dechlorination by 

Dhc strain 195 in experiments performed with 22 mg/L PFAAs, the discrepancy is likely 

caused by the mixture of PFAAs used in each experiment and the presence of EGMBE. In 

the Weathers et al. (2016) study, the 22 mg/L PFAA experiments contained equal 

concentrations of each PFAA (i.e. 2 mg/L PFOS), while in these experiments 

concentrations of each compound were unequal (i.e. 20.0%, 5.7 mg/L PFOS). These results 

indicate the concentration of individual PFAA compounds may inhibit reductive 
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dechlorination even if the total PFAA concentration is less that the total concentration 

shown to cause inhibition. Preliminary batch reactor experiments performed with PFOS 

alone (not shown) revealed a lag in the time to transform all chlorinated ethenes (PCE, 

TCE, cis-DCE, and VC) at PFOS concentrations of 2 mg/L and higher. There was no trend 

with increasing PFOS concentration, however, and additional investigation is necessary to 

determine the impact of single PFAAs on microbial reductive dechlorination by Dhc.  

The presence of PFAAs did not impede total Dhc growth in microcosm experiments, but 

the composition of the population was altered with bvcA-harboring Dhc strains superseding 

vcrA-harboring strains as the key contributors to ethene production when initial PFAA 

concentrations were 53.5 mg/L and higher. In the presence of PFAAs and EGMBE, a 

similar shift in the predominant Dhc strain was observed at a PFAA concentration of 28.7 

mg/L. Similar resilience of bvcA-harboring Dhc strains has been measured under elevated 

temperatures (35°C29), suggesting these strains are more resilient to conditions typically 

considered non-ideal for Dhc growth and activity. The total growth of Dhc was inhibited 

by higher concentrations of PFAAs (66.5. 112.6, and 135.8 mg/L) when EGMBE was 

present. 

This study documents complete dechlorination of PCE to ethene by a microbial consortium 

containing multiple strains of Dhc even at initial PFAA concentrations as high as 120 mg/L 

(86.3 mg/L after sorption) if porous media is present. Although the PFAA concentration 

was reduced by 72%-75% due to sorption to the solid phase, sorption alone does not 

account for the reduced inhibition. The equilibrium PFAA concentration of 86.3 mg/L in 

the microcosms exceeded the batch reactor concentration (61.7 mg/L) at which PCE and 

TCE were not fully transformed to ethene. These results suggest that MRD is a suitable 

treatment for chlorinated ethenes in groundwater, even if PFAAs are present, as there will 

be a solid phase to protect microorganisms from high aqueous concentrations. The shift in 
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the Dhc strains capable of metabolically transforming cis-DCE to ethene, from cells 

harboring the vcrA gene to cells harboring the bvcA gene, measured at high PFAA 

concentrations and in the presence of EGMBE, demonstrates the advantage of maintaining 

a diverse Dhc population containing multiple strains.  
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7.0 Key Findings, publications, and recommendations for future work 

The studies completed are intended to enhance the understanding of Dehalococcoides 

mccartyi (Dhc) strains, as measured by the reductive dehalogenase (RDase) genes they 

harbor, and the microbial reductive dechlorination (MRD) of chlorinated ethenes for use 

in in situ bioremediation (ISB). The work focuses on the RDase genes implicated in 

complete transformation of tetrachloroethene (PCE) and trichloroethene (TCE) to ethene, 

as a surrogate for strain-specific response, and the factors that impact abundance and 

expression of these genes. This information may be used by practitioners of ISB to design 

efficient remedies and avoid some of the pitfalls that prevent complete dechlorination of 

chlorinated ethenes to benign ethene.  

7.1 Key Findings 

7.1.1 Bioenhanced back diffusion and population dynamics of Dehalococcoides mccartyi 

strains in heterogeneous porous media 

• Differences in hydraulic conductivity and organic carbon (OC) content-controlled 

desorption and back diffusion of sequestered chlorinated solvents from OC and 

low-permeability zones. 

• Organohalide respiring bacteria enhanced the mass transfer of TCE out of the low-

permeability regions over abiotic dissolution processes alone.  

o MRD enhanced back diffusion by 12%, with local enhancements up to 

53% measured where TCE was stored in low-permeability and high-OC 

lenses, resulting in increased overall mass flux of chlorinated ethenes from 

the aquifer cell.   

o The greatest bioenhancement of back diffusion occurred in regions of 

contrasting hydraulic conductivity and OC content.  
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• The distribution of specific Dhc strains was influenced by the availability of 

electron acceptors within and near soils of differing physical properties. 

o Subsurface heterogeneity represented in the aquifer cell resulted in 

variations electron acceptor availability, shifting the Dhc strains present 

from cells harboring tceA in locations where TCE was available to cells 

harboring vcrA where vinyl chloride was available.  

o Cells harboring bvcA were most abundant near low-permeability, high OC 

materials where cis-DCE was available due to the preferential utilization 

of this electron acceptor. 

• Dhc cells were capable of penetrating low-permeability porous media including 

clays, contributing to enhanced back diffusion. 

7.1.2 Impact of residence time on extent of trichloroethene degradation 

• The average residence time of contaminants and amendments in a bioactive zone 

determined the extent of TCE biodegradation in the field pilot test and aquifer cell 

experiment.  

o Increasing the average residence time from 8 days to 16 days in the aquifer 

cell increased the proportion of ethene in the effluent from 17% of total 

ethenes on a molar basis to 78% ethene.  

o In the field-pilot test, a 50% increase in average residence time (from 14 

days to 21 days) increased the proportion of ethene in the downgradient 

well from 5% to 46% of total ethenes on a molar basis.  

• Localized heterogeneity in the permeability of porous media influenced the extent 

of TCE dechlorination in both experiments.  
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• A high permeability layer caused local residence times to vary from the predicted 

average residence time, allowing contaminants in the treatment zone to reach the 

downgradient location without being fully transformed to ethene.  

7.1.3 Dehalococcoides mccartyi reductive dehalogenase gene expression during pulsed 

lactate delivery 

• The absence of electron donor did not appear to cause down-regulation of vcrA 

gene transcription in the aquifer cell experiment.  

o The abundance of vcrA transcripts decreased slowly, with a half-life of 

15.3 (±1.68) days, when electron donor was depleted.  

• The increase in RDase transcript abundance lagged the increase in RDase gene 

abundance after an electron donor pulse in the in situ pilot test. 

o Increasing electron donor availability first increased the abundance of 

vcrA and bvcA DNA, indicating increase growth of cells harboring these 

genes.  

o RDase gene transcripts increased at a later time as the increased number 

of cells transcribed the vcrA and bvcA gene in response to the presence of 

electron acceptor. 

7.1.4 Strain-specific response of Dehalococcoides mccartyi to perfluoroalkyl substances 

and impact on microbial reductive dechlorination  

• Total perfluoroalkyl acid (PFAA) concentrations as low as 11.7 mg/L inhibited the 

reductive dechlorination of cis-DCE to VC and ethene by Dhc in batch reactor 

systems.  

• The presence of a solid phase presented inhibition at PFAA concentrations of 53.5 

mg/L or lower. This protection results from a combination of PFAA sorption to 

the solid phase, decreasing the total aqueous concentration by approximately 30%, 
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and microenvironments around solid particles that protect microbial cells from the 

high concentrations in the bulk liquid.  

• The presence EGMBE in conjunction with PFAAs exacerbates the inhibition of 

MRD. Transformation of all chlorinated ethenes was inhibited in experiments with 

total PFAA concentrations of 28.7 mg/L and higher.  

• The presence of PFAAs did not impede total Dhc growth in microcosm 

experiments but, in the presence of PFAAs and EGMBE, the total growth of Dhc 

was inhibited by PFAA concentrations of 66.5 mg/L. 

• PFAAs shifted the strain of Dhc responsible for transforming cis-DCE to ethene. 

In microcosms with initial PFAA concentrations of 53.5 mg/L and in batch reactors 

containing 28.7 mg/L PFAAs and EGMBE, the composition of the dechlorinating 

population was altered with bvcA-harboring Dhc strains superseding vcrA-

harboring strains as the key contributors to ethene production.  

7.2 Implications for Bioremediation 

7.2.1 Bioenhanced back diffusion and population dynamics of Dehalococcoides mccartyi 

strains in heterogeneous porous media 

• Future predictions of bioremediation performance should incorporate bioenhanced 

desorption and diffusion to improve the accuracy of predicting cleanup times. By 

accounting for this bioenhancement, predicted cleanup times may be reduced and 

bioremediation can be proposed as a remedy for sites where chlorinated solvent 

mass is stored in low-permeability materials or those with a high capacity to adsorb 

contaminants.  

• The observed shift in the predominant Dhc strain with changes in electron acceptor 

abundance demonstrates the importance of maintaining a robust dechlorinating 

community harboring multiple RDase genes and monitoring multiple strains to 
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obtain more complete information for the assessment of bioremediation progress. 

If the necessary strains are present, the dechlorinating microbial population (e.g., 

Geobacter lovleyi and Dhc strains) adapts to changes in electron acceptor 

availability caused by the transport of chlorinated ethenes into and out of low-

permeability and highly sorptive soils. Such shifts in the microbial population 

allow efficient transformation of chlorinated ethenes to ethene over the course of 

a bioremediation application. 

 7.2.2 Impact of residence time on extent of trichloroethene degradation 

• Increasing the average residence time in the treatment zone is a useful tool to 

increase the extent of chlorinated solvent biodegradation, especially if aquifer 

heterogeneity is unknown.  

7.2.3 Dehalococcoides mccartyi reductive dehalogenase gene expression during pulsed 

lactate delivery 

• This study supports the current practice of pulsed electron donor delivery as RDase 

RNA is not rapidly depleted when electron donor is limited and will remain up-

regulated as cells await future electron donor amendments.  

• Because vcrA transcripts do not decay rapidly if electron acceptor is present but 

electron donor is depleted, transcript abundance is not necessarily indicative of 

active MRD. 

7.2.4 Strain-specific response of Dehalococcoides mccartyi to perfluoroalkyl substances 

and impact on microbial reductive dechlorination  

• This study did not measure an impact on MRD of PCE and TCE by a consortium 

containing multiple Dhc strains at PFAA concentrations of 53.5 mg/L or lower 

when porous media was present. This finding suggests that ISB is an appropriate 
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remedy for chlorinated ethene plumes even if they are comingled with per- and 

polyfluorinated alkyl substances (PFAS) below this concentration.  

• The preferred growth of Dhc strains harboring the bvcA gene over cells harboring 

the vcrA gene at high PFAA concentrations reinforces the necessity of maintaining 

a robust microbial community with multiple Dhc strains, especially in conditions 

that are considered non-ideal.  

7.3 Publications and Presentations 

The research in this dissertation is the subject of one published manuscript and three 

manuscripts currently in preparation for publication. Portions of this research has 

contributed to previously presented material in conference platform and poster 
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Groundwater Plumes (ER-2714).” Poster Presentation. 2019 Strategic Environmental 
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7.4 Recommendations for Future Research 

This research aims to improve the implementation of ISB by advancing the understanding 

of Dhc strains and MRD. However, additional research is needed to expand upon the 

findings presented above.  

In Chapter 3, MRD was shown to enhance transport of TCE from low-permeability 

materials by up to 52% in an aquifer cell experiment with four lenses. Additional laboratory 

studies using more realistic porous media heterogeneities (e.g., interbedded materials, long 

and narrow lenses, and/or thick layers) and field-scale studies of bioenhancement would 

provide more evidence and data to incorporate this phenomenon into ISB designs. The 

study also examined the distribution of Dhc strains around low-permeability lenses and 

strain-specific abundance was found to vary with electron acceptor availability (caused by 

permeability variations). An additional study in which the electron acceptor was 

continuously supplied would allow examination of the impact of porous media 

heterogeneity alone on Dhc strains.  

Although residence time is a well-understood and commonly used design parameter in ISB, 

the results of Chapter 4 demonstrate that local residence time controls the extent of 

biotransformation in heterogeneous systems. In the absence of sufficient site 

characterization data to identify local variations in permeability, increasing average 

residence time will increase the extent of TCE biodegradation. In order to use average 

residence time as a simple design parameter, additional data are needed. A systematic 

investigation of microbial reductive dechlorination in homogeneous porous media could 

provide a correlation between hydraulic conductivity, residence time, and chlorinated 
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ethene degradation. With sufficient data, the appropriate residence time could be selected 

prior to implementing ISB. 

The results presented in Chapter 5 demonstrate that vcrA RNA transcripts decay slowly 

when electron donor is depleted and, thus, are not indicative of active MRD. Additional 

studies should be completed to examine the impact of electron donor variation on bvcA and 

tceA gene expression to provide additional evidence that RDase genes will remain up-

regulated when electron donor is provided intermittently. Additional conditions under 

which RDase genes are transcribed and decay (e.g. pH, oxidation-reduction potential, co-

contaminant concentrations) could also assist in the use of dechlorinating microorganisms 

at complex sites where conditions may vary significantly across the aquifer and over time. 

Terminal PFAS (PFAAs) have a greater impact on Dhc strains harboring the vcrA gene 

than on strains harboring the bvcA and tceA genes as presented in Chapter 6. This impact 

on specific strains may cause the overall inhibition of MRD observed at high PFAA 

concentrations. Although these conditions are unlikely to exist in in situ plume regions, 

continued research into the impact of PFAAs on MRD may help improve the efficiency of 

ISB in comingled plumes. As the mixtures of PFAAs in the groundwater can vary 

substantially from site to site, additional studies examining the impact of individual PFAAs 

on Dhc strains and dechlorination rates may help identify conditions which are not 

favorable to MRD. As Dhc strains harboring the bvcA gene have been found to be resilient 

to multiple non-ideal conditions, additional research into these Dhc strains and the 

conditions that favor them could advance the implementation of bioremediation in 

conditions that are considered non-ideal. 
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Appendix A: Supplementary Material for Chapter 3: Bioenhanced 

back diffusion and population dynamics of Dehalococcoides mccartyi 

strains in heterogeneous porous media 

A1.0 Methods 

A1.1 Chemicals and Porous Media 

Sodium bromide at a concentration of 10 mM (Fisher Scientific; Hampton, NH) and 

sodium fluorescein at a concentration of 0.075 mM (Sigma Aldrich; St. Louis, MO) were 

used as non-reactive tracers. Sodium chloride at 10 mM (Fisher Scientific; Hampton, NH) 

was used as a background electrolyte. TCE (ACS reagent, >99.5%) with a density of 1.46 

g/mL and an aqueous solubility of 8.37 mM was obtained from Sigma Aldrich; St. Louis, 

MO. Aqueous solutions were prepared in 18.2 MΩ deionized water produced by a Milli-

Q® Reference Water Purification System (EMD Millipore; Burlington, MA). 

ASTM International Standard 20-/30 mesh sand (US Silica Company; Ottawa, IL) was 

used as the background matrix for the aquifer cell system experiment based on its high 

hydraulic conductivity (200 m/day471) and uniform grain size. Within the background 

matrix, there were four lenses consisting of Webster soil, a silty clay loam (23% sand, 44% 

silt, 33% clay)472 collected from the upper 30 cm of the soil horizon at the Agricultural 

Experiment Station (Ames, IA), Appling soil, a loamy coarse sand (77% sand, 14% silt, 

9% clay) 472 collected from the Ap1 and Ap2 horizons (upper 30 cm of the soil profile) at 

the University of Georgia Agricultural Experiment Station (Eastville, GA), F-95 fraction 

of Ottawa Sand Standard sand (Fisher Scientific; Hampton, NH), and loamy sand (69% 

sand, 22.5% silt, 3.5% clay) collected from the Commerce Street Superfund site (Williston, 

VT). Webster soil was selected due to its high OC content (1.96%442); it has a hydraulic 

conductivity of 0.86 m/day 443. Appling soil has a slightly lower OC content (0.66%442) and 

a hydraulic conductivity of 10.2 m/day.445 F-95 low-permeability sand was selected 

because it has minimal OC (0.01%442) and, therefore, minimal sorption potential, but has a 
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hydraulic conductivity lower than that of the background matrix (1.9 m/day447). The soil 

from the Commerce Street site is from a location where bioremediation is being considered 

and has an OC content of 0.09% and a hydraulic conductivity of 1.7-6.9 m/day.446 The 

underlying clay layer (45% silt, 55% sand), collected from the Commerce Street Site, 

contains 0.3% OC.446 Natural soils (Webster, Appling, and Commerce Street) were ground 

with a mortar and pestle, then passed through a #30 mesh sieve to remove large particles. 

A1.2 Tracer Test 

A non-reactive tracer test was performed in the aquifer cell using a 10 mM sodium bromide 

(Fisher Scientific; Hampton, NH) and 0.075 mM sodium fluorescein (Sigma Aldrich; St. 

Louis, MO) solution at a flow rate of 2.3 to 2.6 mL/min (200-227 cm/day seepage velocity). 

After a 750 mL pulse of this solution (approximately 0.66 PVs), the influent was changed 

to the background electrolyte solution of 10 mM sodium chloride. Effluent samples were 

collected continuously in 19-minute fractions using a CF-2 fraction collector (Spectrum 

Laboratories; Rancho Dominguez, CA). Additional 0.6 mL samples were collected from 

12 of the sampling ports throughout the tracer experiment approximately once every 90 

minutes. Effluent sample bromide concentration was measured using a bromide 

combination electrode; port sample bromide concentrations were measured by ion 

exclusion chromatography (IC) as described below. Black light, time-lapse photographs 

were taken with an EOS Rebel T2 digital camera (Canon; Melville, NY) throughout the 

tracer experiment to visually verify the flow of fluorescein through the aquifer cell. 

A1.3 Analytical methods 

Chlorinated ethene and ethene concentrations were measured using an Agilent 7890B GC 

system with a DB-625 column and an FID (Agilent Technologies; Santa Clara, CA).336 A 

1mL sample was placed in a 20mL headspace vial containing 20 mL of air and sealed with 

a septum and aluminum crimp cap. The oxygen in the air inhibits continued reductive 
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dechlorination.25,277,336 Samples were introduced to the GC by a Telemark HT3 headspace 

autosampler (Teledyne Technologies; Thousand Oaks, CA) using a constant heating 

program. Large volume bromide samples (effluent) were measured using a bromide 

combination electrode (Cole Parmer; Vernon Hills, IL) connected to a Model 50 

conductivity meter (Accumet Engineering; Hudson, MA); for small volume (port) samples, 

bromide concentrations were measured by IC using a Dionex ICS-2100 IC system with 

IonPac AS-18 Fast column (Thermo Scientific; Waltham, MA). VFA concentrations were 

measured using a HPLC connected to an Aminex HPX-87H column (Bio-Rad 

Laboratories; Hercules, CA) as described by He et al. (2003), using an 1200 Agilent HPLC 

System with diode array detector (DAD; Agilent Technologies; Santa Clara, CA).  

Chlorinated ethenes in soil samples were determined using a methanol extraction method 

modified from Costanza, 2005. Briefly, 5 to 10 mg of soil were placed in 10mL of methanol 

in a 20mL crimp cap vial and allowed to equilibrate for 24 to 48 hours. After equilibration, 

vials were centrifuged at room temperature at 800 rpm (129×g) in an Eppendorf 5810R 

centrifuge (Eppendorf, Happauge, NY) and samples were collected using a needle and 

syringe. Methanol from soil extractions was sampled and analyzed by GC-ECD using a 

direct liquid injection into an Agilent 7890B GC with DB-5MS capillary column (0.25 mm 

i.d., 30 m length, 0.1 μm film thickness; Agilent Technologies; Santa Clara, CA). A 1 μL 

aliquot of sample was injected by the autosampler into a 300°C split inlet with a constant 

stream of helium carrier gas at pressure of 5.3 psi. The inlet was operated with a 

3mL/minute septum purge flow and a 40:1 split ratio. The GC oven was held at 30°C for 8 

minutes followed up a rapid (100°C/min) increase to 60°C where it was held for 2 minutes 

after which the oven was heated to 200°C at a rate of 25°C/min. Compounds were detected 

with and micro ECD operated at 300°C with 30 mL/min of nitrogen gas makeup flow. The 



125 of 200  

method was calibrated at the start of the experiment using a standard curve of 5 replicates 

of 5 samples with known concentrations.  

A1.4. Solid Phase Sampling  

Following collection of the final round of aqueous samples from the side ports, the aquifer 

cell was partially dewatered by pumping out approximately ½ of the aqueous phase using 

a peristaltic pump to facilitate aquifer cell unpacking. The solid phase from the aquifer cell 

was then destructively sampled by placing the aquifer cell on its side, and removing one 

pane of glass. Soil samples were collected from the porous media corresponding to the 13 

ports where aqueous samples were collected with an additional 3 samples collected from 

each of the soil lenses and 6 samples collected from the clay confining layer (Figure 3-1). 

Each sample was immediately placed in a sterile 50 mL centrifuge tube and frozen at -

80°C for future DNA extraction and microbial quantification. An additional thirty-five 

samples (5 of background sand, 5 of each lens, and 10 of the clay confining layer) were 

collected and analyzed for TCE using the methanol extraction procedure described above. 

A1.5 Microbial quantification 

Aqueous biomass samples (15 mL effluent samples and 1 mL sampling port samples) were 

prepared by centrifugation as described by Cápiro et al. (2015). After removing the 

supernatant, pellets were stored at -20°C. Microbial genomic DNA was extracted from the 

pellets using the QIAamp DNA Mini Kit (Qiagen; Hilden, Germany) and following the 

manufacturer’s protocol. Microbial DNA was also extracted from 0.24 to 0.34 g wet soil 

samples using the PowerSoil DNA Isolation Kit (Mo-Bio Laboratories; Carlsbad, CA) in 

accordance with the manufacturer’s protocol. All extracted DNA was stored at -20°C until 

quantitative polymerase chain reaction (qPCR) analysis. 

Dhc cell abundance was quantified by qPCR analysis targeting the Dhc 16S rRNA gene 

with additional analysis targeting the tceA, vcrA, and bvcA RDase genes. All qPCR 
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analyses were measured in triplicate using a Step One Plus Real-Time PCR System 

(Applied Biosystems; Foster City, CA) under standard operating conditions and TaqMan-

based chemistry 37. Primers and probes were obtained from IDT Technologies (Coralville, 

IA) or ThermoFisher and the TaqMan Universal PCR Master Mix from Applied 

Biosystems (Foster City, CA). GeoSZ 16S rRNA gene copies were measured using SYBR 

Green detection chemistry according to described protocols 317,474 with the modifications 

introduced by Amos et al. (2009). For each analysis, a standard curve was generated using 

10-fold serial dilutions of a stock solution containing a known concentration of plasmid 

DNA with a single copy of the target gene 37. Dhc cell abundance was calculated on the 

basis of a single 16S rRNA gene copy per cell 475,476 and GeoSZ abundance based on 2 16S 

rRNA gene copies per cell 477. Attached gene copies were calculated by subtracting the 

product of the aqueous gene copy concentration and the volume of water contained in the 

soil sample from the total number of cells measured in the solid sample. 

A1.6 Modeling aquifer cell and flow field 

The governing equation for aqueous transport of non-reactive components in the simulator 

MT3DMS is given as: 

𝜕

𝜕𝑡
(𝜃𝐶𝑎) + 𝜵 ∙ (𝜃𝐶𝑎𝑣𝑎) − 𝜵 ∙ (𝜃𝑫ℎ

𝑎 ∙ 𝜵𝐶𝑎) = 𝐸𝑎𝑠 (1) 

where 𝜙 is the porosity of the aquifer material (dimensionless), 𝐶𝑎 is the mass 

concentration in aqueous phase (ML-3), 𝑣𝑎 is the aqueous phase linear pore water velocity 

(LT-1), 𝑫ℎ
𝑎 is the aqueous phase hydrodynamic dispersion tensor (L2T-1), and 𝐸𝑎𝑠 is the 

mass transfer between sorbed and aqueous phases: 

𝐸𝑎𝑠 = −𝜌𝑏

𝜕𝑆

𝜕𝑡
 (2) 

where 𝜌𝑏 is the porous media bulk density (ML-3) and 𝑆 is the sorbed concentration of the 

component with respect to the solid mass (MM-1). In this work, consistent with available 
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batch data, linear equilibrium sorption of TCE to soil materials was assumed, 𝑆 = 𝐾𝑑𝐶𝑎, 

where 𝐾𝑑 is the distribution coefficient (L3M-1). This version of MT3DMS was coupled 

with MODFLOW 478 to account for transient groundwater flow. 

To represent the actual experimental conditions of the aquifer cell, the model domain was 

tailored to account for all of its features, including the lenses, clay layer, and most 

importantly, the influent delivery system. Prediction accuracy for compound 

concentrations in the aquifer cell depends primarily on a simulation of the resultant flow 

field. A schematic diagram of the model domain for the aquifer cell is shown in Figure A-

1. The aquifer cell was conventionally modeled as a pseudo two-dimensional domain, as 

transverse transport along its thickness was considered to be minimal. Flow chambers, 

constructed as slotted stainless-steel wells to promote uniform flow distribution into the 

aquifer cell, were simulated by assigning a hydraulic conductivity six orders –of- 

magnitude higher than that of the background sand to the first and last column of the 

numerical grid cells. A stainless-steel drop tube in the influent chamber was used to allow 

the influent solution to flow from a constant head reservoir to create a steady flow rate, and 

an effluent drop tube was open to the atmosphere at a fixed height. In order to simulate 

these conditions, the numerical grids at the inlet and outlet points (Figure A-1) of the flow 

tubes were assigned as constant head cells. A fine spatial discretization was applied to the 

model domain with a grid spacing of 1 cm (length) × 0.25 cm (height) to capture mass 

transfer processes (e.g., diffusion) in the vicinity of lens and clay layers. An implicit finite 

difference scheme with upstream weighting on advection was used to solve the transport 

equations, providing computational efficiency and robust numerical solutions. An adaptive 

temporal discretization was applied to minimize numerical dispersion.  
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Figure A-1. Aquifer cell construction for numerical simulation. Figure by Lurong Yang.  

As the hydraulic head gradient was controlled and known throughout the experiments, 

hydraulic conductivity and dispersivity coefficients were adjusted by running numerical 

simulations to match 1) the average effluent flow rate and 2) the breakthrough curves of 

the initial bromide tracer test. Effluent tracer breakthrough curves (BTC) were used to 

calibrate the hydraulic conductivity of the background sand while sampling port tracer data 

was mainly used to fit the hydraulic conductivities of the lenses and the clay. Iterative 

revision of parameters was used to minimize the root mean square errors between model 

simulation and experimental observation of the BTC as the complexity of the system and 

the number of adjustable variables prevented the use of a parameter optimization 

procedure.  

A2.0 Supplemental Information Results: 

A2.1 Bromide Tracer Breakthrough 

Calibrated parameters used in the tracer test model are listed in Table 2. The hydraulic 

conductivity values of the emplaced media were reduced by a factor of 1.5 to 2 from initial 

values in order to match both measured hydraulic gradient and flow rate. An initial 
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longitudinal dispersivity value of 0.1 cm and a vertical to longitudinal ratio of 0.1 cm were 

employed, following Lyon-Marion et al. (2017). The longitudinal dispersivity was then 

slightly adjusted to a value of 0.24 cm after calibration in order to match the rise and tailing 

of the BTC. Experimental measurements and the associated numerical simulation of the 

bromide BTC are plotted in Figure A-2. Using the calibrated parameters, the model 

matched the experimental BTC with goodness of fit of 0.86, 0.60, 0.82, and 0.79, calculated 

by “goodnessOfFit” (MATLAB, The Mathworks, Natick, MA), for data collected in 

effluent, and ports 1E, 2C, and 4D, respectively. The model simulation matched the 

asymmetrical shape of the BTCs, but under-predicted the magnitude of the effluent tailing 

at late times, possibly due to simulation of the diffusive mass transport within the clay layer 

at the bottom (Figure A-3). However, a mass balance calculation by using experimental 

data of influent mass (750.8 gram) and effluent mass (831.9 gram) yielded a mass recovery 

of 110%, suggesting that the high tailing could be attributed to mass retention from a prior 

tracer test (not modeled). The model predictions for sampling ports matched the 

breakthrough times and the plateau maximum concentrations (10mM). In general, the 

model results displayed good agreement with experimental BTCs in terms of the shape, 

arrival time, and plateau concentration, demonstrating the capability of the model to 

simulate the heterogeneous aquifer cell and the suitability of calibrated parameters used in 

the model.  

A2.2 Modeling of Desorption and Diffusion Under Abiotic and Biotic Conditions  

In predicting desorption and diffusion under abiotic conditions, the model 

accounted for the variability of TCE concentration in the influent chamber/well 

throughout the experiment. Since the influent TCE concentration was not uniform 

over the experiment, the measured concentration time series was used as the 
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boundary condition for the presented simulations, resulting in irregular curves for 

predicted chlorinated ethene concentrations. 

Model-experimental comparisons for the abiotic experiment revealed small 

predictions errors (RMSE<19%), averaging 10%. Thus, while some of the 

discrepancy reported between abiotic simulations and biotic experimental 

observations may be attributed to lack of model prediction accuracy, the 

discrepancy (𝛿𝑀𝑅𝐷 (%)) for the period from PV 2.9 to the end  is significantly 

(p=0.018) greater than the abiotic prediction error at all ports (Figure 3-3). 

 
Figure A-2. Comparison of bromide tracer concentration measurements (open circles) and model 

fit (solid lines) in (a) effluent and (b-d) ports. Figure by Lurong Yang. 
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Figure A-3. Simulated aqueous concentration of bromide in aquifer cell at PV 1.96 (hour 15) of 

tracer experiment. Figure by Lurong Yang. 

 

2.3 Impact of moisture content on microbial quantification 

Moisture content in the background material varied substantially due to the sampling and 

dewatering procedure described above (Table A-1b). Despite this variation, there was no 

relationship between gene abundance and moisture content in the background porous 

media (Figure A-4). Moisture content did not vary withing the lenses or clay layer.  

   

Figure A-4. Solid sample gene abundance (gene copies/mass of soil containing 1mL of pore water) 

vs. moisture content in background sand samples. 
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Table A-1. qPCR results for Dhc 16S rRNA and RDase genes for (a) aqueous and (b) soil samples. 

(a) 

Sample 

Location 

Sample 

PVa 

Sample 

Daya 

Dhc 16S 

rRNAb 
vcrAb bvcAb tceAb 

GeoSZ 

16S 

rRNAb 

Inoculum 0 0 2.40E+07 9.83E+07 2.94E+06 5.97E+05 1.57E+06 

Port 1B 0.5 1.6 3.84E+04 2.09E+04 2.06E+04 3.13E+04  

Port 1E 0.5 1.6 1.47E+06 4.76E+04 1.64E+04 6.62E+06 7.67E+03 

Port 2A 0.6 1.8 3.26E+04 5.53E+05 8.56E+03 5.99E+03  

Port 2B 0.6 1.7 3.46E+04 1.25E+05 7.52E+04   

Port 2C 0.6 1.7 1.01E+05 1.00E+06 7.63E+04  3.34E+04 

Port 3A 0.9 2.6 1.31E+05 3.53E+06 3.45E+05   

Port 3C 0.9 2.6 3.51E+04 5.85E+04 1.31E+04 1.72E+04  

Port 3E 0.6 1.8 3.38E+04 1.37E+05 1.96E+04  1.96E+04 

Port 4A 0.9 2.8 9.42E+05 1.51E+07 1.78E+06   

Port 4B 0.9 2.8 4.77E+05 4.63E+06 4.79E+05 1.19E+04  

Port 4C 0.9 2.7 6.17E+04 1.89E+06 1.15E+04 2.57E+03  

Port 4D 0.9 2.7 5.36E+04 1.53E+05 1.20E+04 1.38E+04 2.06E+06 

Port 1B 2.3 7.5 2.98E+06 3.65E+06 3.48E+06 4.70E+06  

Port 1E 2.3 7.5 4.43E+04 5.59E+04 3.45E+04 1.23E+04 6.20E+05 

Port 2A 2.3 7.7  4.37E+06 7.56E+06 2.37E+06  

Port 2B 2.3 7.6  8.22E+05 3.44E+05   

Port 2C 2.3 7.6 1.74E+05 7.31E+05 5.42E+05 5.66E+05 1.32E+06 

Port 3A 2.4 7.8 9.97E+04 1.62E+06 5.96E+05   

Port 3C 2.4 7.8 4.24E+05 2.98E+05 2.01E+05 1.07E+05 1.23E+07 

Port 3E 2.3 7.7 5.17E+06 3.36E+06 1.42E+05 2.87E+04  

Port 4A 2.5 8.0 6.32E+06 6.07E+06 2.29E+05 1.97E+05  

Port 4B 2.5 8.0 5.94E+06 3.56E+06 2.14E+05 6.24E+04  

Port 4C 2.4 7.9  9.72E+05 5.04E+04   

Port 4D 2.4 7.9 1.28E+06 1.13E+06 1.10E+06 1.79E+06 3.15E+06 

Port 1B 5.0 15.6 1.77E+06 2.68E+06 2.15E+06 2.79E+06  

Port 1E 5.0 15.5 9.74E+06 3.94E+06 1.96E+06 2.11E+05 4.90E+06 

Port 2A 5.1 15.7  2.46E+07 1.29E+07 3.73E+06  

Port 2B 5.1 15.7  6.62E+12 1.91E+05   

Port 2C 5.0 15.6 4.90E+06 8.62E+06 2.96E+06  6.55E+05 

Port 3A 5.4 16.6 6.32E+05 1.38E+07 5.02E+05   

Port 3C 5.4 16.5 5.15E+07 5.15E+07 4.07E+06 2.94E+06  

Port 3E 5.1 15.8 1.26E+07 1.11E+07 2.89E+05  5.24E+06 

Port 4A 5.5 16.8 1.04E+08 1.20E+08 1.96E+06   

Port 4B 5.5 16.8 1.29E+08 1.32E+08 3.92E+05 5.37E+04  

Port 4C 5.4 16.7  1.03E+08 1.39E+06   

Port 4D 5.4 16.7 9.09E+07 7.96E+07 2.94E+06 1.40E+06 3.63E+06 

Port 1B 9.8 37.3 4.44E+07 7.10E+07 1.17E+07 3.12E+06 5.77E+06 

Port 1E 9.8 37.3 5.42E+07 5.67E+07 2.00E+07 1.23E+07 8.45E+06 

Port 2A 9.8 37.3 3.84E+07 1.13E+08 2.04E+07 9.96E+05 1.67E+06 

Port 2B 9.8 37.3 1.89E+07 0.00E+00 0.00E+00 1.67E+07  

Port 2C 9.8 37.3 2.51E+07 8.36E+07 7.55E+06 8.88E+04 2.28E+06 

Port 2D 9.8 37.3 6.37E+07 1.23E+08 1.75E+07 5.18E+07  

Port 3A 9.8 37.3 3.35E+07 5.21E+07 9.44E+06 2.54E+06 3.55E+06 
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Sample 

Location 

Sample 

PVa 

Sample 

Daya 

Dhc 16S 

rRNAb 
vcrAb bvcAb tceAb 

GeoSZ 

16S 

rRNAb 

Port 3C 9.8 37.3 2.11E+07 1.85E+07 3.38E+06 3.48E+05 9.97E+06 

Port 3E 9.8 37.3 3.94E+07 1.27E+08 8.29E+06 9.05E+05 2.06E+06 

Port 4A 9.8 37.3 2.55E+07 2.89E+07 6.52E+06 4.72E+05 1.77 E+06 

Port 4B 9.8 37.3 2.65E+07 3.95E+07 6.35E+06 1.20E+06 2.04 E+06 

Port 4C 9.8 37.3 3.39E+07 4.69E+07 4.61E+06 7.92E+04  

Port 4D 9.8 37.3 6.65E+07 9.54E+07 1.10E+07 1.62E+04 5.37 E+06 
asince bioaugmentation  bgene copies/mL 

(b) 

Sample 

Location 

Sample 

moisture 

content 

Dhc 16S 

rRNAb 
vcrAb bvcAb tceAb 

Port 1B 3.1% 5.29E+08 5.86E+08 9.40E+04 1.41E+05 

Port 1E 13.7% 2.04E+08 1.69E+08 1.04E+05 2.92E+05 

Port 2A 7.0% 5.06E+06 6.68E+05 8.26E+04 6.42E+04 

Port 2B 8.9% 7.29E+06 5.79E+05 3.32E+04 9.92E+05 

Port 2C 14.1% 8.46E+06 3.10E+05 4.25E+04 6.14E+04 

Port 3A 13.6% 2.70E+06 8.88E+05 2.01E+04 2.44E+06 

Port 3C 5.4% 3.12E+06 6.91E+05 1.15E+05 2.89E+04 

Port 3E 10.7% 1.12E+07 4.79E+06 9.34E+04 5.19E+04 

Port 4A 12.5% 7.40E+06 1.84E+06 3.16E+04 1.66E+04 

Port 4B 5.6% 1.08E+07 2.86E+06 1.25E+05 8.13E+03 

Port 4C 7.8% 4.11E+07 4.49E+07 1.34E+06 5.35E+04 

Port 4D 10.5% 9.06E+06 3.50E+06 1.85E+05 3.23E+04 

Webster Lens 14.7% 1.58E+07 8.39E+06 1.06E+05 4.88E+04 

Webster Lens 14.7% 3.70E+08 7.52E+07 1.11E+07 3.45E+05 

Webster Lens 14.7% 3.16E+08 2.79E+07 1.34E+07 6.62E+04 

Appling Lens 32.9% 3.03E+07 5.07E+06 1.42E+05 4.73E+04 

Appling Lens 32.9% 1.98E+06 0.00E+00 0.00E+00 2.63E+04 

Appling Lens 32.9% 2.92E+06 5.06E+05 1.33E+06 5.61E+04 

Comm. St. 

Lens 18.2% 4.97E+06 8.75E+05 1.02E+06 4.79E+04 

Comm. St. 

Lens 18.2% 1.83E+06 1.65E+05 8.98E+05 6.65E+04 

Comm. St. 

Lens 18.2% 8.35E+06 1.12E+06 1.04E+06 5.35E+04 

F95 Sand Lens 19.4% 4.30E+06 1.51E+05 9.75E+05 4.74E+04 

F95 Sand Lens 19.4% 9.47E+06 2.42E+06 1.13E+05 5.79E+05 

F95 Sand Lens 19.4% 1.13E+07 5.04E+05 1.30E+07 5.19E+04 

Clay Layer 28.8% 1.19E+07 7.40E+05 1.34E+07 8.77E+04 

Clay Layer 28.8% 9.68E+06 8.20E+06 3.23E+06 9.30E+06 

Clay Layer 28.8% 2.03E+07 5.31E+05 1.59E+06 4.94E+04 

Clay Layer 28.8% 2.12E+07 1.38E+06 1.19E+06 1.08E+05 

Clay Layer 28.8% 2.56E+07 3.43E+06 1.08E+06 7.73E+05 

Clay Layer 28.8% 1.95E+08 2.75E+07 5.17E+06 3.59E+04 
aall samples at end of experiment, 9.8 PVs (37.3 days) after bioaugmentation 
bgene copies/ mass of porous media containing 1mL of pore water 
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Figure A-5. Chlorinated ethene concentrations during biotic experiment in (a) effluent, (b) port 1E, 

(c) port 2C, and (d) port 4D. Bioaugmentation occurred at PV 0. Vertical lines represent the 

reduction of influent TCE concentration from 0.5 mM to 0.04 mM and from 0.04 mM to 0.01 mM, 

respectively.  
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Figure A-6. Selected results for the total molar concentration of chlorinated ethenes and ethene 

observed during biotic experiment compared with model simulations of abiotic flushing in port 2C 

and effluent. 
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Figure A-7. Log aqueous Dhc 16S rRNA gene abundance (gene copies/mL) in sampling ports for 

samples collected 0.6, 2.6, 5.2, and 9.8 PVs (2-, 8-, 16-, and 37-days) following bioaugmentation. 
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Figure A-8. Aqueous RDase gene abundance and composition (a) 0.6 PVs (2 days) following 

bioaugmentation and (b) 5.2 PVs (16 days) following bioaugmentation. 
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Appendix B: Supplementary Material for Chapter 4: Impact of 

residence time on extent of trichloroethene biodegradation 

B1.0 Chemicals, Porous Media, Reduced Growth Media and Inoculum  

Sodium bromide at a concentration of 10 mM (Fisher Scientific; Hampton, NH) and 

erioglaucine A (Fluka Chemical; Seelze, Germany) at a concentration of 50 mg/L were 

used as non-reactive tracers. Sodium sulfide nonahydrate (Fisher Scientific; Hampton, NH) 

and L-cysteine (Sigma Aldrich; St. Louis, MO) were used as reductants to maintain anoxic 

conditions and sodium DL-lactate solution, 60% w/w (Sigma Aldrich; St. Louis, MO) was 

used as an electron donor. TCE (ACS reagent, >99.5%) with a density of 1.46 g/mL and 

an aqueous solubility of 1,100 mg/L was obtained from Sigma Aldrich; St. Louis, MO. 

Aqueous solutions were prepared in deionized water produced by a Milli-Q® Integral Water 

Purification System (EMD Millipore; Burlington, MA). 

Groundwater used in laboratory experiments was collected from numerous wells across the 

site and was comingled to create a representative groundwater. Groundwater was collected 

using a modified U.S. Environmental Protection Agency (EPA) low-flow sampling 

protocol (Section B6.0). Prior to use in laboratory experiments, stored groundwater was 

sparged with nitrogen gas for at least four hours and amended with 1 mM L-cysteine and 

0.2 mM sodium sulfide to remove oxygen and reduce the oxidation-reduction potential 

(ORP) to less than -150mV, similar to the site conditions.  

Porous media from the Commerce Street Site was obtained from soil cores collected during 

the installation of wells as described in B5.0. Silty clay was collected from the 40 to 42-

foot depth of borehole CMT-2 and the remaining soil was collected from the 21 to 35-foot 

depth of borehole DHT-2. With the exception of the silty clay, porous media used in the 

aquifer cell was collected from soil cores that were opened in an anaerobic chamber to 

minimize exposure to oxygen and maintain a viable native community. The silty clay was 



139 of 200  

collected from the soil core under aerobic conditions, dried, ground with a mortar and 

pestle, and re-saturated prior to use.  

The inoculum used in the aquifer cell and pilot test studies, KB-1® (SiREM; Guelph, ON), 

is a methanogenic dechlorinating consortium as described above. This inoculum contains 

several dechlorinating cultures including the PCE to cis-DCE dechlorinating species, 

Dehalobacter and GeoSZ, as well as three Dhc strains (FL2, GT, and BAV1) capable of 

completing the transformation of PCE to ethene.  

B2.0 Chemical Analytical Methods 

Groundwater samples for chlorinated ethene and ethene analysis were prepared and 

analyzed according to previously described methods.32,257,336 Laboratory samples were 

placed into headspace analysis vials immediately after collection and analyzed within 24-

hours. Chlorinated ethene and ethene concentrations were measured using an Agilent 

7890B GC system with a DB-625 column and a flame ionization detector (Agilent 

Technologies; Santa Clara, CA).336 Samples were introduced to the GC by a Telemark HT3 

headspace autosampler (Teledyne Technologies; Thousand Oaks, CA) using a constant 

heating program.  

Volatile fatty acid concentrations were measured using a high pressure liquid 

chromatograph (HPLC) connected to an Aminex HPX-87H column (Bio-Rad 

Laboratories; Hercules, CA) as described by He et al. (2003), using an 1200 Agilent HPLC 

System with diode array detector (DAD; Agilent Technologies; Santa Clara, CA).  

Dissolved organic carbon analysis was performed with a TOC-L analyzer using the non-

purgeable organic carbon method (Shimadzu; Kyoto, Japan). Soil sample organic and 

inorganic carbon content was determined using a total organic carbon (TOC)-L analyzer 
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(Shimadzu; Kyoto, Japan) using the subtraction method (total carbon minus inorganic 

carbon equals organic carbon) as described in Marcet et al. (2018). 

B3.0 Soil Physical Analyses 

Soil cores from the installation of site wells (Section B5.0) were delivered to Tufts 

University where they were opened, visually inspected and logged with sample aliquots 

collected at specific locations for analyses. The soil was then segmented and segregated 

into Ziploc® bags representing 6 inches of borehole depth. For select locations and depth, 

soil was oven dried and ground with a mortar and pestle, then sample grain size distribution 

was determined using sieve and hydrometer tests according to Gaeth (2017) and Das et al 

(1997).  

Soil hydraulic conductivity was measured using a static head test in a 15 cm by 2.5 cm 

inner diameter borosilicate glass chromatography column (ACE Glass Inc, Vineland, NJ). 

Oven-dried, ground soil was added to the column in approximately 2 cm intervals where it 

was well mixed using a metal spatula and settled using a gentle vibration tool. The settled 

material was manually compacted before another 2 cm of material was added to the column 

and the process was repeated. Once the column was packed completely full of material, it 

was flushed with carbon dioxide gas for at least 30 minutes, after which Milli-Q® water 

was driven through the column at a constant flow rate using a Rainin Dynamax RP-1 

peristaltic pump (Mettler-Toledo; Columbus, OH). After the column was saturated with at 

least 5 PV of Milli-Q® at 0.5 mL/min, the pump was removed and column was configured 

so flow was driven by a static head maintained at a constant height. The head height was 

measured with a ruler and the flow rate was measured by collecting and weighing the 

column effluent during a fixed period of time (1 to 10 minutes).  
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B4.0 Biological Analytical Methods 

Aqueous biomass samples from laboratory experiments, including 15 mL aquifer cell 

effluent samples and 1 mL aquifer cell sampling port samples were prepared by 

centrifugation as described by Cápiro et al. (2015). After removing the supernatant, pellets 

were stored at -20°C. Microbial genomic DNA was extracted from the pellets using the 

QIAamp DNA Mini Kit (Qiagen; Hilden, Germany) and following the manufacturer’s 

protocol. DNA was extracted from field-collected groundwater using the Mo-bio 

PowerWater Kit (Qiagen; Hilden, Germany) within 48-hours of collection. Alternatively, 

groundwater was field-filtered using 0.22 μm pore size Sterivex filter cartridges (Millipore; 

Burlington, MA) which were immediately placed on ice and stored at -80°C prior to DNA 

extraction using the Mo-bio PowerSoil Kit (Qiagen; Hilden, Germany). Microbial DNA 

was also extracted from 0.24 to 0.34 g wet soil samples collected from soil cores or 

laboratory experiments using the PowerSoil DNA Isolation Kit (Mo-Bio Laboratories; 

Carlsbad, CA). All extractions were performed in accordance with the manufacturers’ 

protocols and extracted DNA was stored at -20°C until qPCR analysis. 

Dhc cell abundance was quantified by qPCR analysis targeting the Dhc 16S rRNA gene 

with additional analysis targeting the tceA, vcrA, and bvcA RDase genes. All qPCR 

analyses were measured in triplicate using a Step One Plus Real-Time PCR System 

(Applied Biosystems; Foster City, CA) under standard operating conditions and TaqMan-

based chemistry.37 Geobacter lovelyi Strain SZ (GeoSZ) 16S rRNA gene copies were 

measured using SYBR Green detection chemistry according to described protocols317,474 

with the modifications introduced by Amos et al. (2009). Primers and probes were obtained 

from IDT Technologies (Coralville, IA) or ThermoFisher and the TaqMan Universal PCR 

Master Mix from Applied Biosystems (Foster City, CA). For each analysis, a standard 
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curve was generated using 10-fold serial dilutions of a stock solution containing a known 

concentration of plasmid DNA with a single copy of the target gene.37 

B5.0 Well installation and soil core collection 

Soil was collected during two well installation events. All borings were completed using a 

direct-push drill rig to the depth of the clay confining layer, 11.3 to 12.2 m bgs, with soil 

samples collected in 1.2 m (4 foot) acetate sleeves. Five CMT wells were installed in the 

proposed treatment area to provide additional data to guide the design and configuration of 

the pilot test. CMT well locations were selected based on groundwater elevation data, 

earlier groundwater sampling results, the TCE and cis-DCE concentration data from the 

preliminary soil borings, and the location of subsurface utilities. The wells were installed 

in two transects perpendicular to the expected groundwater flow direction; two wells in the 

upgradient transect and an additional three wells in a transect downgradient.  

Each CMT well consisted of seven discrete channels screened at discrete intervals to allow 

groundwater samples to be collected from specified depths beneath the water table.481 Well 

screens were installed at 4.7 to 4.9 m bgs, 6.1 to 6.2 m bgs, 7.9 to 8.1 m bgs, 8.8 to 9.0 m 

bgs, 9.6 to 9.8 m bgs, 10.4 to 10.5 m bgs, and 11.1 to 11.3 m bgs. During CMT well 

installation, field personnel cut the recovered soil cores into 0.61 m (2 foot) sections, 

capped each section, and placed them in coolers on ice for storage and transport to Tufts 

University. While awaiting analysis, the soil cores were stored at 4°C to minimize 

microbial activity and the volatilization of compounds in the soils.    

In September 2016, prior to implementing the pilot test, 3 additional wells were installed 

in the vicinity of CMT-1 (Figure 4-1 inset). Two wells (DHT-1 and DHT-2) were 5.1 cm 

(2-inch) diameter PVC-wells, screened between 10.1 and 10.7 m bgs to deliver 

amendments into and collect samples from the depths of the aquifer with high TCE and 
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cis-DCE concentrations. The fourth well, CMT-6, was located 5m upgradient of CMT-1, 

allowing monitoring of constituents entering the pilot test and had a similar construction to 

the existing CMT wells with 6 screened intervals between 6.2 and 6.4 m bgs, 7.9 to 8.1 m 

bgs, 8.8 to 9.0 m bgs, 9.6 to 9.8 m bgs, 10.4 to 10.5 m bgs, and 11.1 to 11.3 m bgs. Well 

DHT-1 was located 3 m upgradient of CMT-1 and was used as an injection well for 

bioaugmentation and biostimulation. The third well (DHT-2) was 2.0 m upgradient of 

CMT-1 and served as an extraction well during recirculation and a monitoring well 

afterward. This configuration allowed CMT-1 to be used as an extraction well during the 

pilot test.  

All wells were developed by rapidly pumping approximately 2.0 L of water from the well 

after installation and at least 72-hours prior to sampling to remove fine materials from the 

well screen and any water that was introduced during drilling.  

B6.0 Groundwater monitoring and sampling 

Site-wide groundwater elevations were measured using a 101 or 102 water level meter 

(Solinst; Georgetown, ON). Measurements were collected at 35 existing site groundwater 

wells in August 2014 with additional measurements prior to and during groundwater 

sampling events. Groundwater samples were collected using U.S. Environmental 

Protection Agency (EPA) low-flow sampling protocols for most wells and using a modified 

low-flow protocol for CMT-wells. The modified protocol limited purging to the slowest 

flow rate, approximately 100 mL per minute, for a maximum of 25 minutes and omitted 

turbidity measurements. Water was removed from the wells using a Geopump 2 peristaltic 

pump (Geotech; Denver, CO) and high-density polyethylene tubing. Water quality 

parameters (temperature, pH, dissolved oxygen, and specific conductivity) were measured 

using a 556 MPS or Professional Plus 1060 meter (YSI; Yellow Springs, OH) and turbidity 
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was measured with a microTPW Handheld Turbidity Meter (HF Scientific; Fort Meyers, 

FL).  

Samples for chlorinated ethene and ethene analysis were collected in 40 mL glass volatile 

organic analysis (VOA) sampling vials with septa caps, completely filled to eliminate 

headspace; additional sample from select VOA vials was used for volatile fatty acid (VFA) 

and dissolved organic carbon (DOC). Samples for biological analysis were collected in 1.0 

L polyethylene bottles for laboratory filtration or 0.3 to 2.0 L of groundwater was filtered 

in the field using a 0.2 μm pore size Sterivex filter cartridge (Millipore; Burlington, MA). 

All samples were collected in triplicate, stored on ice, and transported to Tufts ESL for 

storage and analysis. VOA vials were stored at 4°C, then sampled and analyzed within 72-

hours. Biological samples were stored at -80°C prior to analysis. During operation of the 

pilot test, groundwater samples from the extraction wells were collected from a sample 

port in the treatment trailer connected to the extraction tubing without additional purging. 

B7.0 Additional Site Background Data 

B7.1 Groundwater Elevation  

Site wide groundwater elevations varied from 98.4 to 102.6 m above sea level (North 

American Vertical Datum of 1988) as measured in site monitoring wells in August 2014 

(Figure B-1). Groundwater generally flows north to south with a slight west to east gradient 

in the pilot test area. The unnamed brook does not appear to influence groundwater flow 

with a groundwater elevation of 101.0 m on the west side of the brook (MW-06) and 101.1 

m in a nearby well west of the brook (ASI-05D2). In the pilot test area, groundwater 

elevation measured in the CMT-wells ranged from 100.9 to 101.1 m in September 2014 

with no discernable vertical or horizontal gradients.  
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Figure B-1. Interpolated head contours in 2014. The interpolation was based on available head 

measurements from wells displayed in the maps. Figure by Tian Tang. 

B7.2 Soil Permeability and Grain Size 

Soil permeability ranged from 4.01×10-12 m2 and 3.88×10-12 m2 in shallow sandy soils and 

9.5×10-13 m2 and 2.32×10-12 m2 in deeper, finer grain sediments (Table B-1). In DHT-2, at 

the screened depth used in the pilot test (10.1 to 10.7 m bgs), the permeability was 1.01×10-

13 m2. Grain size analysis indicated that soils in DHT-2 and DHT-4 consist primarily of 

silty fine sands with some clay (Table B-2). In boring DHT-2, a silty clay layer was 

encountered at 10.9 m bgs. 
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Table B-1. Hydraulic conductivities estimated for field and permeability of soil samples collected 

from monitoring wells. 

 

 

 

Depth bgs 

(m ) 

Estimated Hydraulic 

Conductivity (m/d) 

Measured 

Permeability 

(m2) 

Permeability 

Measurement 

Location 

0.00-3.05 3.4471   

3.05-3.66 5.6667 
8.00E-12 CMT-5 

4.70E-12 CMT-1 

3.66-4.27 7.5503   

4.27-4.88 4.4221   

4.88-5.49 1.1475 2.00E-12 CMT-1 

5.49-6.10 1.2263 2.60E-12 CMT-5 

6.10-6.71 1.2239   

6.71-7.32 1.042   

7.32-7.92 2.1358 1.02E-12 DHT-2 

7.92-8.53 0.4982   

8.53-8.69 0.6869 9.97E-13 DHT-2 

8.69-8.84 0.6869   

8.84-8.99 0.6869   

8.99-9.14 0.6869   

9.14-9.30 0.8076   

9.30-9.45 0.8076   

9.45-9.60 0.8076   

9.60-9.75 0.3917   

9.75-9.91 0.3917 1.00E-13 CMT-4 

9.91-10.1 0.403   

10.1-10.2 0.3621   

10.2-10.4 0.3621   

10.4-10.5 0.2836   

10.5-10.7 0.2836   

10.7-10.8 0.2288 1.04E-13 DHT-2 

10.8-11.0 0.2285   

11.0-11.1 0.2019   

11.1-11.3 0.2019   

11.3-11.4 0.2313   

11.4-11.6 0.2313   

11.6-11.7 0.2313   

11.7-11.9 0.2313   

11.9-12.0 0.2313   

12.0-12.2 0.2313   

12.2-bottom 0.131   
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Table B-2. Grain size of material collected from boring DHT-2^ and DHT-4* 

Depth bgs 

(m ) 

% larger 

than 0.42 

mm 

(coarse 

sand) 

% larger 

than 0.21 

mm 

(medium 

sand) 

% larger 

than 0.07 

mm (fine 

sand) 

% smaller 

than 0.07 

mm, not 

suspended 

(very fine 

sand) 

% smaller 

than 0.07 

mm, 

suspended 

(silt) 

% smaller 

than 0.07 

mm, 

suspended 

(clay) 

0.00-0.76^ 36.9% 16.3% 31.7% 2.5% 12.5% 0.3% 

0.76-3.05^ 2.3% 10.8% 37.3% 9.6% 34.4% 5.6% 

3.05-3.81^ 5.8% 30.9% 58.4% 1.1% 3.3% 0.5% 

3.81-4.57^ 7.0% 33.9% 55.5% 3.7% 

4.57-5.33^ 3.7% 0.30% 55.9% 7.9% 5.8% 26.5% 

5.33-6.10^ 0.20% 0.10% 43.0% 16.6% 38.5% 1.5% 

6.10-6.86^ 10.5% 1.4% 41.0% 14.9% 29.5% 2.7% 

6.86-7.62^ 0.00% 0.30% 64.8% 15.6% 16.7% 2.6% 

7.62-8.38^ 1.5% 0.30% 29.8% 28.7% 37.3% 2.5% 

8.38-9.14^ 0.10% 0.10% 23.4% 33.4% 42.0% 1.1% 

9.60-9.91* 5.5% 0.40% 5.4% 9.1% 71.2% 8.4% 

9.91-10.1* 0.30% 0.10% 24.5% 12.6% 54.5% 8.0% 

10.1-10.4^ 0.10% 0.20% 49.7% 10.5% 32.8% 6.7% 

10.4-10.7* 0.0% 0.10% 53.9% 10.1% 28.6% 7.0% 

10.7-10.8^ 1.5% 1.9% 6.2% 5.3% 76.6% 8.6% 

10.8-10.9^ 0.40% 0.60% 7.2% 17.5% 70.8% 3.8% 

10.9-11.0^ 0.00% 0.00% 0.00% 0.00% 66.2% 33.8% 

 

B7.3 Soil Organic Carbon and Sorption Capacity  

Organic carbon was not detected in samples collected from the sandy aquifer below 4.0 m 

bgs but was detected at 0.3% of sample mass in the clay layer. The low amounts of organic 

carbon limited adsorption of TCE to the soil with sorption equilibrium partitioning 

coefficients, Kd, of 1.0×10-4 to 4.8×10-4 L/g (Figure B-2). Site soils are mildly caustic with 

a soil pH of 7.71 to 9.44.  
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Figure B-2. Adsorption isotherms for soils collected from CMT-1 at depths of 2.6 to 2.9 m bgs 

(High sand), 2.4 to 3.0 m bgs (Intermediate), and 12.2 to 1.8 m bgs (Clay). Figure by Sam Gaeth. 

Adsorption equilibrium experiments were conducted with soils collected from CMT-1 at 

depths of 2.6 to 2.9 m bgs, 2.4 to 3.0 m bgs, 3.2 to 3.5 m bgs, and 12.2 to 12.8 m bgs as 

reported in Gaeth (2017). The materials were chosen for their range of particle size and 

organic carbon content. Depth 2.6 to 2.9 m bgs consisted of primarily sand (90.5% sand, 

7.8% silt, and 1.7% clay) with lowest organic carbon content (0.1% by weight) of the three 

materials tested. The material from this depth also had the lowest sorption equilibrium 

partitioning coefficient, Kd, (mass of TCE/mass of soil)/(mass of TCE/volume of solution) 

of the materials with a value of 1.0×10-4 L/g. Similar material from a wider range of 2.4 to 

3.0 m  bgs, consisted of 73.67% sand, 22.5% silt, 3.5 % clay with a slightly higher organic 

carbon content of 0.2% by weight. The Kd for this depth was higher, 4.8×10-4 (L/g), due to 

the increased organic carbon content. A high clay material, collected from the 12.2 to 1.8 

m bgs depth of boring CMT-1, consisted of primarily clay (54.9%) and silt (45.1%), with 

no sand and 0.3% organic carbon by weight. The adsorption isotherm for this depth was 

also 3.5×10-4(L/g). The Kd values for each of these isotherms each differ less than a factor 

of two from their theoretical Kd values, as calculated using the method from Cwiertny and 

Scherer (2010). The small Kd values and relatively similar amount of adsorption among all 
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three materials suggests that contaminant sorption throughout the selected pilot test site is 

limited and confined to a narrow range.  

B8.0 Site Groundwater Flow Model Development  

In order to determine the appropriate pumping and injection rates, a site groundwater flow 

model was developed by Dr. Tian Tang (Tufts University). The model was based on site 

data and implemented using Visual MODFLOW Flex, encompassing a domain that is 

considerably larger than the DHT study area. The elevations of the ground surface and clay 

layer were prescribed based on existing topographical and geophysical data. 

Heterogeneous hydraulic conductivity fields corresponding to different depths below 

ground surface were generated by Dr. Masoud Arshadi (Tufts University) using a Kriging 

interpolation method based on permeability measurements in CMT-1 and CMT-5. The 

measured values vary within one order-of-magnitude.  

To account for the formation layering, modeled vertical conductivities were set to be half 

of those in the horizontal direction. Prescribed heads were set at all lateral boundaries in 

the modeling process. These values were first obtained based on the interpolated 

groundwater elevation contour at the boundaries, and then calibrated to better fit the 

measured and interpolated groundwater levels within the domain. Natural recharge was 

prescribed based upon the available hydrologic data, while no-recharge boundary 

conditions were prescribed at the locations of paved roads and buildings. The small brook 

was treated as a very shallow and narrow river with a riverbed conductivity one order of 

magnitude lower than the average measured horizontal hydraulic conductivity. In addition, 

two pumping wells with different screen depths and pumping rates were included at the 

western and southern parts of the site (Figure B-3), to capture the effect of intermittent 

sump pump discharge.  
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The flow model was calibrated to approximate measured groundwater levels. The sump 

pump discharge rates were used as another fitting parameter to capture the measured 

drawdown at these locations. In general, the simulation reproduces the interpolated 

groundwater elevation contours quite well and the normalized root mean squared error of 

the simulated versus observed head is small (Figure B-3).  

 

Figure B-3. Comparison of interpolated groundwater elevation contour based on well observations 

(2011) and the simulated groundwater elevation contour. Figure by Tian Tang. 

B9.0 Pilot Test Bromide Tracer  

At the inception of the pilot test, bromide injected into DHT-1 was detected in DHT-2 

approximately 9 days after beginning the injection, peaking after 11 days (Figure B-4). The 

pulse was injected over the course of 4 days indicating a residence time of approximately 

7 days between DHT-1 and DHT-2. The successful detection of bromide in DHT-2 

indicated good hydraulic connectivity between the wells. 
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Figure B-4. Bromide breakthrough curve in downgradient well DHT-2 

B10.0 Aquifer cell Tracer Test 

A tracer test was performed in the aquifer cell using a 385 mL (approximately 1/3 pore 

volume) pulse of 10 mM sodium bromide and 0.06 mM erioglaucine A solution at a flow 

rate of approximately 0.15 mL/min. Effluent samples were collected continuously in 75 

minute fractions using a CF-2 fraction collector (Spectrum Laboratories; Rancho 

Dominguez, CA) and bromide concentrations were measured using a bromide combination 

electrode (Cole Parmer; Vernon Hills, IL). Time-lapse photographs were taken with an 

EOS Rebel T2 digital camera (Canon; Melville, NY) throughout the tracer experiment to 

visually verify the flow of erioglaucine A tracer through the aquifer cell. 

The photographs (Figure B-5) reveal more rapid flushing of the blue dye through the center 

of the aquifer cell with delayed transport through the top and bottom layers. This indicates 

the existence of layers of varying permeability with higher permeability in the center and 

lower permeabilities above and below. As the aquifer cell was constructed to mimic the 

stratigraphy of the Commerce Street Site, these layers are likely present in the pilot test 

location and explain the irregular shape of the pilot test bromide tracer curve (Figure B-4). 
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Figure B-5. Photographed tracer position for selected times: (a) hour 5.4, (b) day 1.8, (c) day 3.1, 

(d) day 4.1, and (e) day 4.9. Color digitally enhanced for clarity.  
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Figure B-6. Dhc abundance during pilot test in injection well DHT-1 and downgradient well DHT-

2. Vertical lines represent, from left to right: 1. Beginning of recirculation with lactate; 2. 

Bioaugmentation 3. End of recirculation; 4. Beginning of lactate pulse; 5. End of lactate pulse; 6. 

Beginning of lactate pulse; and 7. End of lactate pulse. 
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Appendix C: Supplementary Material for Chapter 6: Strain-specific 

response of Dehalococcoides mccartyi to perfluoroalkyl substances and 

impact on microbial reductive dechlorination  

C1.0 Soil organic carbon and sorption properties 

Porous media recovered via shovel in the vicinity of soil boring AA07SB04 at Loring Air 

Force Base (Aroostook County, ME) in October 2017 was analyzed for total organic 

carbon and PCE and TCE sorption parameters. Prior to testing the material was air dried, 

ground with a mortar and pestle, and passed through a No. 40 mesh sieve. Organic carbon 

was measured using a Shimadzu TOC-L and SSM-5000 (Shimadzu; Kyoto, Japan) via the 

subtraction method as detailed in Gaeth (2017). Briefly, 50 mg samples were analyzed for 

total carbon via heating at 900°C. A second 50 mg sample was then analyzed for inorganic 

carbon by digestion with phosphoric acid at 250°C and organic carbon content was 

calculated by subtracting the inorganic carbon from the total carbon. Using this 

methodology, the Loring Air Force base soil was found to have a total organic carbon 

content of 0.0167 mg carbon/mg soil (1.7% by mass).  

To create PCE and TCE isotherms, 5 mg samples of Loring Air Force base soil (dried, 

ground and sieved as described above) were placed in 20 mL crimp cap vials with teflon-

lined rubber caps. After adding soil, each vial was filled with sterile low salts anaerobic 

medium containing dissolved PCE or TCE and sealed. Vials were filled to minimize 

headspace (<8% headspace by volume) with an average headspace volume of 2.0% 

(±2.4%). Negative control vials were set up with anaerobic medium and PCE or TCE but 

no soil to account for losses of chlorinated ethenes from the vial over the duration of the 

experiment. Sets of 6 vials (3 with soil and 3 without) were prepared with 10, 25, 50, 100, 

and 200 mg/L TCE and 5, 10, 25, 50, and 100 mg/L PCE. An additional 26 vials (15 with 

soil and 11 without) were prepared with 100 mg/L TCE to determine the time to sorption 
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equilibrium. All vials were placed on a shaker tray and incubated at room temperature 

(21°C) for up to 21 days.  

Vials were destructively sampled after reaching equilibrium. Vials were centrifuged at 400 

rpm (65×g) for 30 minutes in an Eppendorf 5810R centrifuge (Eppendorf, Hauppauge, 

NY) to settle soil particles. After centrifuging, a 1 mL aqueous sample was removed using 

a needle and syringe and placed in a crimp-cap headspace vial for chlorinated ethene 

analysis by GC-FID. The vial was then opened and the remaining aqueous volume was 

removed and replaced with 10 mL of methanol for extraction of sorbed chlorinated ethenes 

as described by Costanza (2005). Vials containing the soil-methanol mixture were shaken 

manually, then placed on a shaker tray to equilibrate for 24 to 48 hours at room temperature. 

The vials were then centrifuged at room temperature and methanol was removed using a 

needle and syringe, placed in a 1.8 mL glass autosampler vial, and analyzed by GC with 

ECD. After analysis, the methanol was removed and replaced and the extraction was 

repeated three times (until chlorinated ethenes were no longer detected in the sample). 

Vials containing 100 mg/L TCE were destructively sampled after 3, 7, 10, and 15 days to 

monitor the extent of TCE sorption over time. The aqueous concentration in these vials 

dropped to 72% (±3.5%) of the initial concentration after 3 days and remained constant in 

subsequent samples (71% ± 5.6%). The remaining samples were destructively sampled 

after 21 days to measure the aqueous and sorbed chlorinated ethene concentrations.  

Equilibrium soil and aqueous concentrations were used to create sorption isotherms for 

PCE and TCE as shown in Figures C-1 and C-2. The linear sorption isotherm best fit both 

sets of data (average R2=0.97) resulting in Kd values of 1.30×10-3 for TCE and 4.70×10-3 

for PCE. Freundlich sorption isotherms also fit the data well (average R2=0.96) with Kd 

values of 7.13×10-4 for TCE and 2.69×10-3 for PCE and N values of 0.879 and 0.929 for 
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TCE and PCE, respectively. The Langmuir form sorption isotherm did not fit the 

measurements (Figures C-1 and C-2). 

 

Figure C-1. TCE adsorption isotherms and equilibrium measurements 

 

Figure C-2. PCE adsorption isotherms and equilibrium measurements
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Table C-1. PFAS concentrations in batch reactors 

 

  

AVG STDEV AVG STDEV AVG STDEV AVG STDEV AVG STDEV AVG STDEV AVG STDEV AVG STDEV AVG STDEV AVG STDEV AVG STDEV

11.7 ppm Batch Reactor Initial 0.90 0.04 1.88 0.08 0.41 0.26 0.93 0.64 0.81 0.05 2.20 0.10 1.17 0.05 0.45 0.02 2.54 0.10 0.37 0.04 11.67 0.58

Variability (high|Low) 0% -21% 0% -5% 0% -13% 20% 0% 0% -63% 0% -82% 0% -3% 0% -9% 3% 0% 5% 0% 0% -2%

Proportion of total PFAS (by mass)

26.5 ppm Batch Reactor Initial 1.83 0.25 3.99 0.53 1.26 0.88 3.17 0.54 1.65 0.23 4.74 0.61 2.49 0.34 0.95 0.10 5.75 0.85 0.64 0.13 26.46 4.05

Variability (high|Low) 0% -17% 0% -10% 0% -10% 0% -8% 0% -5% 0% -9% 0% -9% 0% -13% 0% -7% 0% -3% 0% -13%

Proportion of total PFAS (by mass)

49.8 ppm Batch Reactor Initial 3.45 0.12 7.49 0.14 3.33 0.05 5.18 1.86 3.06 0.11 8.72 0.04 4.57 0.11 1.78 0.08 11.04 0.73 1.17 0.05 49.80 2.27

Variability (high|Low) 0% -17% 0% -2% 0% -11% 8% 0% 3% 0% 4% 0% 1% 0% 0% -8% 2% 0% 0% -1% 0% 0%

Proportion of total PFAS (by mass)

61.7 ppm Batch Reactor 3.90 0.13 8.94 0.14 4.22 0.10 7.43 0.25 3.65 0.09 10.66 0.36 5.54 0.08 2.15 0.03 13.74 0.42 1.45 0.06 61.68 1.15

Variability (high|Low) 0% -12% 0% -328% 0% -1% 0% -3% 0% 0% 0% 0% 0% -1% 0% -10% 1% 0% 2% 0% 0% 0%

Proportion of total PFAS (by mass)

101 ppm Batch Reactor 6.44 0.18 14.47 0.16 7.23 0.15 11.79 0.33 5.93 0.19 17.19 0.13 8.98 0.04 3.29 0.10 23.50 1.07 2.26 0.12 101.08 1.03

Variability (high|Low) 0% -16% 0% -3% 0% -3% 1% 0% 0% 0% 0% -1% 0% -2% 0% -7% 3% 0% 3% 0% 0% -1%

Proportion of total PFAS (by mass)

29  ppm EGMBE Batch Reactor Initial 1.40 0.11 3.43 1.17 2.18 0.28 4.73 0.65 2.13 0.22 4.19 0.56 2.59 0.04 0.89 0.03 6.37 0.87 0.75 0.10 28.66 0.82

Variability (high|Low) 74% -53% 33% 0% 0% -74% 6% -42% 6% -38% 8% -33% 5% -34% 0% -62% 33% -53% 2% -78% 0% -35%

Proportion of total PFAS (by mass)

66  ppm EGMBE Batch Reactor Initial 5.28 0.63 7.90 1.23 3.49 0.16 10.26 0.50 4.70 0.33 10.10 0.60 6.51 0.26 2.43 0.12 13.26 1.03 1.59 0.04 65.54 3.25

Variability (high|Low) 0% -66% 51% 0% 0% -37% 131% -12% 7% -10% 29% -18% 4% -12% 31% -34% 24% -30% 8% -68% 6% -9%

Proportion of total PFAS (by mass)

113  ppm EGMBE Batch Reactor Initial 8.06 0.93 18.05 2.82 4.76 0.25 17.45 0.40 8.13 0.31 16.16 1.11 11.33 0.42 4.37 0.19 21.55 1.00 2.72 0.09 112.58 1.39

Variability (high|Low) 24% -47% 8% 0% 3% -27% 7% -18% 2% -16% 21% 14% 1% -20% 9% -34% 14% -23% 12% -46% 1% -9%

Proportion of total PFAS (by mass)

139  ppm EGMBE Batch Reactor Initial 10.67 2.44 23.71 2.59 5.58 0.35 21.13 0.93 9.68 0.40 19.93 0.87 13.54 0.53 5.29 0.24 25.69 1.41 3.31 0.25 138.52 3.92

Variability (high|Low) 10% -53% 2% -6% 5% -20% 12% -16% 10% -12% 27% -25% 5% -15% 14% -30% 21% -24% 20% -44% 0% -7%

Proportion of total PFAS (by mass)

22% 2%

14% 10% 4% 19% 2%8% 17% 4% 15% 7%

14% 10% 4% 19% 2%7% 16% 4% 16% 7%

15% 10% 4% 20% 2%8% 12% 5% 16% 7%

15% 9% 3% 22% 3%5% 12% 8% 17% 7%

2%7% 15% 7% 10% 6%

17% 9% 3% 23% 2%6% 14% 7% 12% 6%

6% 14% 7% 12% 6% 17% 9% 3%

7% 15% 5% 12% 6%

18% 9% 4% 22%

16% 3% 8% 7%

18% 9% 4% 22% 2%

PFOA PFNA PFOS PFDA TOTALPFHxSPFBA PFPeA PFBS PFHxA PFHpA

19% 10% 4% 22% 3%8%
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Table C-2. Initial and final PFAS concentrations in microcosms 

 

AVG STDEV AVG STDEV AVG STDEV AVG STDEV AVG STDEV AVG STDEV AVG STDEV AVG STDEV AVG STDEV AVG STDEV AVG STDEV

13 ppm Micorcosom Initial 1.38 0.15 2.42 0.20 0.56 0.08 2.44 0.19 0.78 0.09 1.80 0.18 1.11 0.09 0.44 0.14 1.70 0.27 0.14 0.03 12.80 1.03

13 ppm Micorcosom Final 1.01 0.09 1.84 0.13 0.46 0.05 1.83 0.14 0.63 0.04 1.36 0.08 0.87 0.06 0.32 0.06 1.14 0.13 0.05 0.02 9.52 0.70

13 ppm % decrease

Proportion Initial

Proportion Final

26 ppm Micrcocosm Initial 2.59 0.43 4.86 0.21 1.12 0.14 4.95 0.32 1.62 0.08 3.51 0.15 2.26 0.10 0.80 0.17 3.95 0.61 0.33 0.04 25.93 1.66

26 ppm Micrcocosm Final 2.14 0.09 3.64 0.05 0.95 0.04 3.63 0.12 1.30 0.04 2.83 0.16 1.75 0.04 0.68 0.06 2.35 0.27 0.13 0.04 19.40 0.44

% decrease

Proportion Initial

Proportion Final

54 ppm Microcosm Initial 5.41 0.26 9.58 0.25 2.45 0.12 10.12 0.18 3.42 0.12 7.66 0.34 4.61 0.06 1.70 0.15 8.00 0.58 0.67 0.03 53.54 0.83

54 ppm Microcosm Final 4.20 0.07 7.32 0.04 1.97 0.05 7.28 0.11 2.55 0.04 5.69 0.38 3.51 0.03 1.36 0.05 4.51 0.29 0.29 0.06 38.69 0.60

% decrease

Proportion Initial

Proportion Final

120 ppm Microcosm Initial 11.89 0.49 20.31 0.41 5.28 0.11 21.43 0.52 7.13 0.17 16.54 0.51 9.91 0.22 3.81 0.25 21.86 0.76 1.75 0.12 119.81 1.62

120 ppm Microcosm Final 9.54 0.18 15.65 0.27 4.29 0.05 15.54 0.34 5.44 0.08 12.93 0.29 7.51 0.14 3.01 0.17 11.70 0.62 0.65 0.09 86.25 0.66

% decrease

Proportion Initial

Proportion Final

72%

15% 9% 3% 14% 1%11% 18% 5% 18% 6%

14% 8% 3% 18% 1%10% 17% 4% 18% 6%

80% 77% 81% 73% 76% 78% 76% 79% 54% 37%

15% 9% 4% 12% 1%11% 19% 5% 19% 7%

72%

10% 18% 5% 19% 6% 14% 9% 3% 15% 1%

9% 3% 12% 1%

78% 76% 80% 72% 75% 74% 76% 80% 56% 44%

11% 19% 5% 19% 7%

75%

10% 19% 4% 19% 6% 14% 9% 3% 15% 1%

1%

83% 75% 84% 73% 80% 81% 78% 85% 60% 39%

11% 19% 5% 19% 7%

37% 74%

11% 19% 4% 19% 6% 14% 9% 3% 13% 1%

73% 76% 82% 75% 81%

PFHxS PFOA PFNA PFOS

75% 79% 73% 67%

14% 9% 3% 12%

15%

PFDA TOTALPFBA PFPeA PFBS PFHxA PFHpA
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Figure C-4. Dhc and RDase abundance in in microcosms with 119.8 ppm PFAAs 

 

 
Figure C-5. Dhc and RDase abundance in EGMBE batch reactors with a) 0 ppm, b) 112.6 ppm, and 

c) 138.5 ppm PFAAs 
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Figure C-6. Total PFAA concentration in microcosms 
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