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Abstract
Our ability to design robust treatment approaches that achieve complete
detoxification of chlorinated solvents is limited by our understanding of
interactions between reactive minerals, sulfide, and organohalide respiring
bacteria. This research was conducted to address aspects of this knowledge gap.
Batch reactors assessing sulfide toxicity on a tetrachloroethene (PCE)-to-ethene
dechlorinating consortia (BDI-SZ) revealed incomplete dechlorination to ethene
in systems containing more than 1 mM sulfide. Column studies quantifying the
impacts of iron sulfide (FeS) precipitation on Federal Fine Ottawa sand revealed
reductions of up to 7%, but these impacts can be reversed by FeS oxidization to
iron sulfates. In separate column experiments, the impact of reduced iron species
on PCE natural attenuation was demonstrated by supplementing the BDI-SZ
culture with iron-reducing Geobacter sulfurreducens, leading to dechlorination
rates up to 4.9% faster than BDI-SZ alone. These results improve our
understanding of the environmental bounds of abiotic and biotic chlorinated
ethene degradation.
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Examining Reactive Minerals, Sulfide, and Bioremediation Interactions for
Improved Chlorinated Solvent Detoxification
Chapter 1: Introduction
Chlorinated solvents are compounds that were heavily used between the
end of World War II and the 1990’s, in dry cleaning, metal degreasing, and
textiles (Doherty 2000). As recently as 2011, the United States still used 255
million pounds per year of trichloroethylene alone (Glauser and Funda 2012).
Chlorinated ethenes are found at over 3,000 United States department of defense
(DOD) sites, and continue to be one of the most persistent groundwater
contaminants in the United States (Department of Defense 2011). Due to the high
toxicity of the compounds, the United States Environmental Protection Agency
(US EPA) now strongly regulates these contaminants. Depending on the potency
of a particular compound, the US EPA determines maximum contaminant levels
(MCLs), which are the legal restrictions for concentrations of particular
compounds allowed in drinking water (EPA 2015). Table 1 identifies the MCLs
for chlorinated ethenes. The more toxic a chemical is, the lower its MCL.
Table 1.1: MCLs for Chlorinated Ethenes (McCarty 2010)

Contaminant
Tetrachloroethene (PCE)
Trichloroethene (TCE)
1,1-Dichloroethene
cis-1,2-Dichloroethene
(c-DCE)
trans-1,2-dichloroethene
Vinyl Chloride

MCL (mg/L)
0.005
0.005
0.007
0.070
0.100
0.002
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Fortunately, there are many successful ways to remove these contaminants
from the environment. The most common strategy currently used for the
remediation of chlorinated solvents is in situ bioremediation (Pandey, Chauhan,
and Jain 2009; Stroo and Ward 2010). At over 100 superfund sites,
bioremediation has been or is currently being used to degrade chlorinated solvents
(EPA 2012a).
The microbes active in the bioremediation of chlorinated ethenes are able
to harness energy from the degradation of the toxic compounds through a process
known as organohalide respiration. Through this process chlorinated ethenes are
sequentially degraded by removing one chlorine atom at a time to the ethene
endpoint, but for this to occur, an electron donor and the active presence of
specific microbial strains (e.g., 195, BAV1, GT, FL2) of the genus
Dehalococcoides mccartyi (Dhc) are required (Löffler et al. 2013). Additional
necessary components are a carbon source, an energy source, an electron donor,
available nutrients, and a circumneutral pH (Löffler et al. 2013). Despite having
many successful implementations, the anaerobic bioremediation of chlorinated
ethenes does not always degrade contaminants through the ethene endpoint. If
any of the necessary components are not present (i.e. electron donor is not
present) or within the desired range of dechlorinating microbes (i.e. pH not
circumneutral), microbial reductive dechlorination may stall at an intermediate
compound, which may cause more harm to anyone exposed (see Table 1). The
outcome of a stall in the bioremediation of chlorinated solvents may be an
accumulation of vinyl chloride (VC) before reaching ethene. This is problematic
2

because VC has the lowest MCL, indicating a high toxicity (it is a known human
carcinogen (EPA 2016)), and both cis-DCE (c-DCE) and VC are more mobile
than the parent compounds, PCE and TCE (ITRC 2005). In this case, a more
mobile, toxic compound was created and the site was made more complex
through the use of bioremediation.
Two methods commonly employed to overcome any stalls associated with
bioremediation are biostimulation, which is the addition of amendments to the
target area in an attempt to enhance the activity of the existing target microbes,
and bioaugmentation, which is the addition of desired microbes to the target area
(Adams et al. 2015). A consequence of biostimulation is that by adding additional
substrate such as fermentable electron donor into the subsurface, the growth of
non-dechlorinating bacteria may be promoted, thereby creating competition
between the existing subsurface microbes (Adams et al. 2015; Adams et al. 2014).
Some of these non-target organisms are able to outcompete the dechlorinating
target organisms for the amendments being used in biostimulation, which may
impede the process of organohalide respiration (Henry 2010). A well-known
example of this is sulfate reducing bacteria (SRB) and iron reducing bacteria
(IRB) using hydrogen, intended for the use by dechlorinating bacteria, to reduce
sulfate and iron (III), respectively (Liamleam and Annachhatre 2007; Berthelin et
al. 2006; He et al. 2002). The result is formation of sulfide and iron (II). If the
iron (II) and sulfide exist in solution together, they precipitate out of solution
almost instantaneously as iron sulfides. If sulfide is being produced in excess, it
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has been shown to hamper dechlorination rates, particularly in the vinyl chloride
to ethene step (Berggren et al. 2013).
The effects these unintended reactions have on aquifers and the reductive
dechlorination of chlorinated ethenes are the focus of this research. One
consequence stemming from the formation of iron sulfides is a reduction in
effective porosity and hydraulic conductivity, which may cause changes in aquifer
hydraulic properties (Marcet 2014; Van Beek and Van der Kooij 1982; Liang et
al. 2000; Fleming, Rowe, and Cullimore 1999; Hoelen et al. 2006). These
reductions can decrease or change the direction of the groundwater flow, resulting
in the slowing or altering of a path of a contaminant plume. A benefit of the
decrease in hydraulic conductivity is increased residence time, which has been
shown to promote the activity of dechlorinating microbes, leading to more
complete dechlorination to lesser chlorinated compounds (Cápiro, Löffler, and
Pennell 2015; Zheng, Carr, and Hughes 2001). Formations of these reactive
minerals can also make it more difficult to add future amendments due to their
ability to clog pore space (Van Beek and Van der Kooij 1982). Aquifer clogging
can be a concern if this makes the delivery of future amendments to the site (e.g.,
electron donor for bioremediation or chemical oxidation) more difficult or less
accessible.
Additionally, iron sulfides formed from the SRB and IRB reductions have
been found to dechlorinate chlorinated solvents to benign byproducts such as
ethene, ethane and acetylene (Liang, Philp, and Butler 2009; He et al. 2009;
Darlington and Rectanus 2015). One major difference in the degradation of
4

chlorinated solvents from these reactive minerals versus degradation from
microbes is the degradation pathway. Reactive minerals primarily degrade
chlorinated solvents via the beta-elimination pathway (i.e., dihaloelimination
pathway, vicinal reduction) (Arnold and Roberts 2000c). This mechanism results
in the degradation of chlorinated solvents without the large accumulation of
harmful daughter products like VC (Arnold and Roberts 2000c). Rather than the
removal of a single chlorine atom at a time, as is the case with organohalide
respiration, the beta-elimination pathway removes two chlorine atoms at a time
and creates a triple bond between the two carbon atoms. Common examples of
such reactive minerals include mackinawite and pyrite (iron sulfides), magnetite
and goethite (reduced iron oxides), and sulfide green rusts (He et al. 2009). Work
documenting the effective rates of degradation of chlorinated solvents by these
compounds can be found in the review article (He et al. 2015). While it is well
documented how the microbial reductive dechlorination and reactive mineral
reduction pathways behave independently (Butler and Hayes 1999; Choi, Choi,
and Lee 2009; Cwiertny and Scherer 2010a; Spormann 2010; Arnold and Roberts
2000b, 2000c), a natural setting will likely have both reduction pathways
occurring simultaneously. This could mean increased rates of dechlorination may
occur under certain environmental conditions. However, excess sulfide in solution
has been shown to hinder biological degradation rates, particularly in the vinyl
chloride to ethene step (Berggren et al. 2013; Hoelen and Reinhard 2004). The
actual amount of sulfide necessary to hinder biological degradation remains
unclear though, especially in systems containing reactive iron sulfides (Hoelen
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and Reinhard 2004; Berggren et al. 2013). The goal of the present work is to
investigate the physical, chemical, and biological implications of these nontargeted reactions on the biotic degradation of chlorinated ethenes. By better
understanding how these reaction processes interact under conditions that allow
both to occur simultaneously, and how the formation of reactive minerals can
affect the long-term quality of an aquifer and chlorinated ethene remediation,
alternative and improved approaches to remediation of contaminated sites may be
developed for future use.
Objectives
The overarching goal of this work was to gain a better understanding of
abiotic and biotic interactions pertinent to the bioremediation of chlorinated
solvents in the subsurface. This was accomplished through the completion of four
specific objectives:
1)

To evaluate change in hydraulic properties due to iron sulfide
precipitation on Federal Fine Ottawa sand.

2)

To evaluate change in hydraulic properties from oxidation of
iron sulfide saturated Federal Fine Ottawa sand.

3)

To determine the additive or symbiotic effects of coupling the
biotic and abiotic degradation processes simultaneously versus
the standalone biotic process.

4)

To

determine

the

sulfide

concentration

that

impedes

organohalide respiration of PCE by a dechlorinating consortium
containing multiple Dhc strains.
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Chapter 2: Background Information and Literature Review
2.1 Chlorinated Solvents and Associated Problems
Chlorinated solvents are organic compounds constructed of simple
hydrocarbon chains with at least one chlorine atom covalently bonded (Cwiertny
and Scherer 2010b). Although these compounds may have useful industrial
purposes, their detrimental health effects are well documented (Ruder 2006;
Rasmussen 1997; McCarty 1997). They have been associated with numerous
adverse health effects related to the liver, kidney, and central nervous systems
(Ruder 2006). Some are even suspected or known carcinogens and a correlation
exists between fertility problems and PCE exposed men and women(Ruder 2006;
Burwell 2014). Vinyl chloride, trichloroethene, and tetrachloroethene each rank in
the top 33 of the Agency for Toxic Substances and Disease Registry’s (ASTDR’s)
2015 Priority List of Hazardous Substances (ASTDR 2015). Despite these issues
being so well known today, it was not until the mid-late 20th century that people
began to worry for their health and safety.
Regulation of the chemicals began in 1966 when Los Angeles County
began to limit the emission of TCE from industrial facilities (McCarty 2010).
Since then, numerous regulatory acts (Clean Air Acts of 1970 & 1975, EPA
drinking standards, CERCLA (1980), Hazardous and Solid Wastes Amendment
Act (1984)) have been instituted to more strictly monitor the use and disposal of
these compounds (McCarty 2010).
Despite these efforts to control and limit contamination by chlorinated
solvents, these compounds are still considered some of the most prevalent and
7

persistent groundwater contaminants in the United States. Mass production and
use of these chemicals in the United States began as a result of shortages of
European chemical exports to the US during World War I, but production
exploded after World War II (Doherty 2000). Between 1940 and 1980, the U.S.
produced about 2 billion pounds of chlorinated solvents each year (Pankow and
Cherry 1996). Low flammability, high evaporation rate, and the ability to dissolve
organic fats, oils, and greases made these chemicals seemingly ideal for many
industrial purposes (Rasmussen 1997). Primarily, these compounds were used in
dry cleaning, metal degreasing, and textiles (Doherty 2000). Past disposal
methods and handling practices have led to widespread subsurface contamination.
Initial estimates in 1980 projected the extent of contamination to be around 400
sites with an associated cost of approximately $3.6 million per site (NRC 1994).
As more became known about these contaminants, estimates for the number of
contaminated sites in the US climbed as high as 400,000 (Sutfin 1996). Estimates
as of 2004 centered around 20,000 sites, including 80% of Superfund sites with
groundwater contamination (Stroo and Ward 2010). As many as 27,000 dry
cleaning sites, which primarily use chlorinated solvents such as tetrachloroethene,
have soil and groundwater contamination (Kavanaugh et al. 2013; SCRCD 2010).
The EPA estimates there could be as many as 90,000 inactive dry cleaning sites in
the United States with undocumented contamination (Kavanaugh et al. 2013).
The US Department of Defense spends nearly $1.3 billion annually on 1,933 sites
with remedies in progress; many of these sites are contaminated with chlorinated
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solvents (Kavanaugh et al. 2013). The associated cost to complete cleanup is still
estimated to be over $13 billion (Stroo and Ward 2010).
2.2 Relevant Chemical Properties
Chlorinated solvents possess several properties that make them very useful
in industry. Table 2.1 summarizes some physical and chemical properties of
chlorinated ethenes. Two traits that make them ideal as metal degreasing agents
are their high volatility and ability to dissolve a wide array of compounds. These
traits enable chlorinated solvents to be applied to machine parts to remove excess
waste or grease without requiring a second step of removing the chlorinated
solvents following their application. Many of these chemicals are also nonflammable. This is significant because gasoline was the primary solvent used in
dry cleaning operations in the early 1900’s before people became weary of the
combustive nature of the hydrocarbons (McCarty 2010). While these chemicals
demonstrate many desirable properties for industry, these same properties cause
unique and challenging environmental problems.
Table 2.1 Summary of the chemical and physical properties of chlorinated ethenes
(Mackay, Shiu, and Ma 1992; Cwiertny and Scherer 2010b)

Because of their high density (relative to water) and low solubilities, many
chlorinated solvents are classified as dense non-aqueous phase liquids (DNAPLs).
9

This allows them to separate out of water and be recovered for further use during
industrial applications This also means chlorinated solvents often sink in
groundwater systems, which can cause complex dispersal and plume patterns, as
well as allow them to serve as a long-term source of contaminant to groundwater
systems (USGS 2016; Surampalli et al. 2004). Their volatility means these
compounds, when spilled, can readily form vapor plumes in soils. Table 2.2
summarizes the relevant chemical properties of chlorinated solvents and how
these properties are both useful and detrimental to society.
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Table 2.2.1 Description of the values and detriments of chlorinated solvents (Sale et al.
2008)

Attribute
Volatile

Industrial Values
Good for cleaning

Environmental Challenges
Readily form vapor plumes in
soils

Chemically stable
under typical
Easy to store
aerobic conditions

Often slow to degrade in aerobic
soils and groundwater systems

Many are nonflammable

Stable under natural aerobic
conditions

Typically not a fire or
explosion hazard

Remains in a separated Small releases can contaminate
Slightly soluble in
liquid phase when mixed large amounts of water and persist
water
with water (immiscible) as sources for long periods of time

Densities much
greater than water

Easy to separate from
water

Can sink through water-saturated
media (e.g., aquifers and
aquitards), contaminating water
deep underground

Low viscosity

Easy to apply to surfaces

Can move quickly through
subsurface environments.

2.3 Overview of Existing Remediation Strategies
The first approach to attenuating chlorinated solvents was pump and treat
systems (Kueper et al. 2014). The theory behind the procedure is to extract
contaminated groundwater to an above ground treatment system (solely activated
carbon or a combination of activated carbon and air stripping) and return clean
water to the subsurface. The treated water can then be discharged to a water
treatment facility or nearby surface water (EPA 2012b). The initial results were
not as effective as desired due to the lack of understanding of the fate and
transport of the contaminants in the subsurface, especially the slow rates of
11

desorption from the soil (McCarty 2010). Thus, the treatment process would
require high numbers of pore volumes of water to be pumped, long time frames
(sometimes on the order of decades), high costs to keep the pumps running and
manage sites (McCarty 2010). As many sites were requiring more time to achieve
remediation goals than anticipated, alternative remediation strategies were
investigated. A summary of commonly applied remedial technologies are
provided in Table 2.3.1. There is no one universal technology that can be applied
to all sites as each strategy comes with its limitations.
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Table 2.3.1 Chlorinated Solvent Remedial Strategies (McCarty 2010; Parsons
Engineering Science 2000)

13

Bioremediation is often chosen as a remedial strategy for its low cost
relative to other in situ technologies (McDade, McGuire, and Newell 2005).
Bioremediation is implemented by either improving the environment for
chlorinated solvent degrading microbes (biostimulation) or by adding the desired
microbe populations entirely (bioaugmentation) (Adams et al. 2015).

The

microbes facilitate the degradation process through organohalide respiration..
Ideally the target microbes (dechlorinating microbes versus non-dechlorinating
microbes) are able to reduce contaminant levels below regulation levels
significantly faster than if no remedial strategy were applied at all.
2.4 Organohalide Respiration
Organohalide respiration

is

the

metabolic

process

by

which

microorganisms are capable of conserving energy through the reduction of
organic halogenated compounds (Duret, Holliger, and Maillard 2012).
Dechlorinating bacteria are able to capture the energy released from the transfer
of electrons between an electron donor (hydrogen) to an electron acceptor (the
chlorinated compound). The process continues in this stepwise fashion until all
chlorine atoms have been removed, thus forming ethene (See figure 2.4.1). Each
dechlorination step releases H+ and Cl- while consuming two protons and two
electrons (Löffler, Ritalahti, and Zinder 2013). The oxidation state of the chlorine
substituent is -1 as it consumes both electrons and remains unchanged with the
release of the chloride (Löffler, Ritalahti, and Zinder 2013). The result chemically
is the replacement of a chlorine atom with a hydrogen atom.
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When examining the microbial degradation of chlorinated ethenes, it has
been documented that many species of bacteria are capable of reducing
tetrachloroethene (PCE) and trichloroethene (TCE) to c-DCE or transDichloroethene (t-DCE), but the only known microbe to degrade c-DCE
completely to ethene is from the genus Dhc (Hug et al. 2013; Löffler, Ritalahti,
and Zinder 2013; McCarty 1997; Maymo-Gatell et al. 1997)(Figure 2.4.2).

Figure 2.4.1 The reductive dechlorination of chloroethenes by organohalide
respiration. Several species are capable of degrading PCE and TCE to c-DCE, but
only Dhc is capable of completing the degradation process (Spormann 2010).

Dhc have been found to be most active in dechlorination when the
following criteria are met: 1) pH is within the range 6.9-7.5; 2) The environment
is anoxic; 3) The temperature is between 25-30°C; 4) An electron donor in the
form of hydrogen is available; 5) A carbon source (such as acetate) is readily
available (Löffler et al. 2013). Figure 2.4.1 illustrates the general pattern of
reduction zones within the subsurface near a chlorinated solvent source. Henry
(2010) lists two primary reasons for incomplete dechlorination of c-DCE and VC:
1) insufficient redox conditions due to an excess of electron acceptors (i.e., Mn,
Fe) or a limited supply of electron donor and 2) the absence or low activity of
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dechlorinating microorganisms. Given these causes for limited dechlorination,
biostimulation and bioagumentation should theoretically enhance bioremediation.
But another potential cause for limited biodegradation is the competition among
microbial species for available electron donor (Henry 2010). In theory, the
microbes capable of degrading PCE and TCE to c-DCE are so numerous that they
can be considered ubiquitous in the subsurface environment (Henry 2010). The
limiting microbe, therefore, is Dhc. This organism can only use electron donor in
the form of hydrogen, and reduces c-DCE and VC at slower rates because these
compounds are less oxidized than PCE and TCE, which indicates these reactions
are less thermodynamically favorable (Henry 2010). The result of biostimulation
when Dhc is not present in overwhelming numbers relative to other microbial
species is that it can be outcompeted for electron donor and enhanced rates of
dechlorination may not be achieved

Figure 2.4.2 Diagram of reducing zones within the subsurface near a chlorinated
solvent spill (Parsons 2004).
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2.5 Biostimulation Side Effects
When Dhc is outcompeted for electron donor added to the subsurface, the
non-target microbes (organisms near the zone of remediation susceptible to
biostimulating efforts that do not participate in dechlorination efforts) using this
additional electron donor are better able to complete their own metabalomic
processes (Delgado et al. 2014). Previous studies have shown an inhibition of VC
reduction in the presence of sulfate reduction (Berggren et al. 2013; Boopathy and
Peters 2001; Heimann, Friis, and Jakobsen 2005; Aulenta et al. 2008).
Competition for available hydrogen between Dhc and sulfate reducing bacteria
(SRB), along with toxicity of sulfide to Dhc are cited as possible reasons for the
decline in organohalide respiration (Aulenta et al. 2008; Heimann, Friis, and
Jakobsen 2005; Hoelen and Reinhard 2004). Therefore, biostimulating sulfate
reducing bacteria may not only incite competition for the available hydrogen, but
may also decrease the numbers of Dhc due to sulfide production. Similarly, iron
reducing bacteria (IRB) compete with Dhc for available electron donor and may
impede the VC dechlorination process (McCarty 1997; Lu et al. 2001; Zaa et al.
2010). When these two types of bacteria are active, the iron reducers use the
electron donor (acetate) to reduce iron (III) to iron (II), and the DSRB reduce
sulfate to sulfide. It is then thermodynamically favorable for iron (II) and sulfide
to bond together and precipitate out of solution as iron sulfide (See equations 1-3).
SO42- + CH3COO- + 3H+ → H2S + 2CO2 + 2H2O

(1)

HS- + Fe2+ → FeS + H+

(2)

FeS + H2S → FeS2 + 2H+ + 2e-

(3)
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If aquifer clogging results from stimulating microbial growth that
produces increased precipitates in the subsurface, there can be numerous effects
on the subsurface. The effects of these changes may be more pronounced in soils
with high organic carbon content, as these colloids have shown preference for
adsorption to these soils (Ford et al. 1968). Clogging may result in the need for
increased injection pressures or decreased injection rates for future remedial
efforts (Baveye et al. 1998). This can decrease the success of remedial efforts, as
the initial assumptions on which the remedial efforts were based, such as site
hydraulic conductivity and porosity, can be altered from what they were at the
start of the process. By altering the subsurface conditions, it can become more
challenging to predict the migratory patterns of the contaminant plume.
Alternatively, increased hydraulic residence time has been shown to
stimulate the growth and activity of Dhc (Cápiro, Löffler, and Pennell 2015;
Zheng, Carr, and Hughes 2001). A decrease in the mobility of a contaminant may
also prevent the plume from migrating towards unwanted areas (i.e., protected
areas, homes, schools, etc).

Additionally, these biogenically formed metal

sulfides possess some remedial value. Biogenically formed iron sulfides are
capable of participating in reactions with chlorinated solvents in a process known
as in situ biogeochemical transformation (ISBGT). At this point further research
is needed, as it is unclear to what extent and what the exact impacts the formation
of these iron sulfides may have on remedial efforts.
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2.6 In Situ Biogeochemical Transformation
In Situ Biogeochemical Transformation (ISBGT) is the biogenic formation
of reactive minerals capable of abiotically degrading chlorinated solvents such as
TCE without the accumulation of degradation products such as VC (AFCEE,
ESC, and ESTCP 2008). This process occurs in three steps as shown in Figure
2.6.1.

Figure 2.6.1: The formation of reactive minerals (NAVFAC 2014; Battelle 2014)
First, as electron donor is added to the subsurface, non-target organisms
reduce iron (III) and sulfate compounds to sulfide in the subsurface. Then,
reduced iron and sulfide compounds bond and precipitate out of solution. Lastly,
chlorinated solvents react with the surfaces of these reduced precipitates and are
degraded to less harmful contaminants. Common examples of such minerals
include mackinawite and pyrite (iron sulfides), magnetite and goethite (reduced
iron compounds), and sulfate green rusts. A summary of the reactive minerals and
degradation capabilities are provided in Table 2.6.1.
The primary benefit of ISGBT over microbial reductive dechlorination is
the degradation pathway avoids the large accumulation of harmful daughter
products (Pivetz et al. 2013). While reactive minerals also degrade chlorinated
compounds via the organohalide reduction pathway, β-elimination is the dominate
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pathway for dechlorination with as much as 60-70% of chlorinated ethenes being
transformed to acetylene by iron sulfides (See Figure 2.6.2).

Figure 2.6.2 Reaction pathways for chlorinated ethenes and intermediates.
Reactions 2, 6, 8, and 10 are reductive β-elimination pathways, reaction 11
is an α-elimination pathway, and the rest correspond to hydrogenolysis
reactions. (Arnold and Roberts 2000c)
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Table 2.6.1 Summary of Biogenically Formed Reactive Minerals

Reactive
Species

Iron Sulfides
(Mackinawite,
Pyrite)

Magnetite

Green Rusts

Chemical
Formula

FeS, FeS2

Fe3O4

Found to Degrade Source
these Chlorinated
Solvents
(Butler and
CCl4, Chlorinated
Hayes 1999);
Ethenes, Chlorinated
(Lee and
Ethanes
Batchelor 2002b)
(Lee and
CCl4, Chlorinated
Batchelor
Ethenes, Chlorinated
2002b); (Ferrey
Ethanes
et al. 2004)

[Fe(II)1xFe(III)x(OH)2]x+
[(x/n)An•mH2O]x- where
An- is the
CCl4, Chlorinated
intercalated anions Ethenes (sometimes)
(An- = Cl-, SO42-,
CO32-…) and x is
the Fe(III) molar
fraction (x = 0.25
to 0.33)

Adsorbed
Fe(II) to
Geothite

FeOOH + Fe(II)

CCl4

Phyllosilicate
Clay Minerals

Various Types

CCl4, Chlorinated
Ethenes (Lab only)

(Lee and
Batchelor
2002a);
(Christiansen and
Stipp 2003);
(Maithreepala
and Doong 2005;
Han et al. 2012)
(He et al. 2009;
Amonette et al.
2000)
(He, Su et al.
2009)

Abiotic reduction pathways result in degradation products of much less
concern (acetylene does not cause acute toxicity below its lower explosive limit of
25,000 ppm ) and can be applied to the toxic reaction products (c-DCE, VC)
formed from bioremediation (Pivetz et al. 2013). Here, the β-elimination (i.e.,
dichloroelimination, vicinal reduction) pathway is a process involving a two
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electron transfer to a chlorinated solvent molecule and the removal of two
chlorine atoms, while forming an additional bond between the two carbon atoms
(Tobiszewski and Namieśnik 2012). Equation (4) demonstrates the β-elimination
of PCE to dichloroacetylene.
Cl2C=CCl2 + 2e-

ClC≡CCl + 2Cl-

(4)

While this process is referred to as the β-reduction pathway when the two
chlorine atoms are removed from different carbon atoms, it is named the αreduction pathway when the two chlorine atoms are on the same carbon atom (as
for carbon tetrachloride). Although degradation rates have not been measured as
fast as those measured with bioremediation, ISGBT degradation is often more
complete and can be important when biodegradation stalls at the formation of cDCE and VC (Pivetz et al. 2013). This can happen when the groundwater is under
sulfate reducing conditions and the DSRB are able to outcompete the
dechlorinating bacteria for available electron donor (Wilson, Löffler, and Sublette
2016; Boopathy and Peters 2001).
2.7 Applications
The effects of ISBGT were realized in part due to research involved with
the use of zero valent iron (ZVI) in permeable reactive barriers at contaminated
sites (Darlington and Rectanus 2015). Research into this mechanism found that
during the reaction process zero valent iron is oxidized and Fe(II) bonds to the
ZVI surface. This Fe(II) is then able to participate in other reactions with
contaminants, which led to new research studies focused on the degradation
abilities of these iron minerals (He et al. 2009). Since the process became known,
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ISBGT has been used several times at the field scale. At the Dover Air Force Base
a permeable reactive barrier was used to enhance the formation and degradation
capabilities of reduced iron sulfides to treat chlorinated solvents. By adding a high
iron containing sand, crushed tree bark for a source of organic carbon, limestone
as a pH buffer, and gypsum for sulfate, the total chlorinated solvent
concentrations were reduced by 90% within 150 days. All of this was done
without an increase in daughter product concentrations (Kennedy 2011).
Another study at the Altus Air Force Base in Jackson County, Oklahoma
used a biowall to reduce chlorinated solvents. Here the depth of the biowall trench
was approximately 7.3m beneath ground surface, with a hydraulic conductivity of
3.1x10-3 cm/s. The average residence time at the biowall was nine days. The iron
concentration was approximately 12,800 mg/kg total iron with a sulfate
concentration ranging from 1500 to 2000 mg/L as the aquifer was rich in gypsum.
Upgradient chlorinated solvent concentrations were reduced from 5.3µM to
0.91µM at a first order removal rate constant of 0.15 day-1 (Whiting et al. 2014).
Both of these studies demonstrate the ability and effectiveness of ISBGT
at the field scale. Although chlorinated ethene degradation rates are not as fast as
bioremediation can be, in certain environments ISBGT can have an important
impact on the remediation of contaminated sites. As research to determine the
drivers of this degradation process improves, so will the applicability of this
technology.
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2.8 Research Gaps
The research involving the reactive mineral byproducts of biostimulation
is still relatively new. One area lacking fundamental understanding is the potential
long-term effects from iron sulfide formation on aquifer clogging and
permeability reduction. Work done by Marcet (2014) demonstrated significant
reductions in hydraulic conductivity and porosity due to iron sulfide formation in
various media. However, these results did not indicate the effects of iron sulfide
formation under typical groundwater flow conditions, and the iron sulfides were
formed abiotically. It remains unclear how the biotic formation of iron sulfides,
with microbial cultures present, can alter the aquifer conditions. Additionally, it
would be interesting to know if the potential net impacts of FeS precipitation are
more beneficial (increased residence time, more reactive towards dechlorination)
or detrimental (aquifer clogging) toward dechlorination rates.
While some work has been done to show how chlorinated ethene
reduction occurs when both microbial reductive dechlorination and ISBGT are
present (Butler, Chen, and Darlington 2013; Dong et al. 2008; McCormick et al.
2002) there exists a need to show how these two reduction pathways interact
under different environmental conditions (i.e., varying flow rates, sulfate
concentrations, experimental conditions). Prior work primarily focused on batch
studies, which tend to have high mixing conditions not typically seen in the
natural environment. 1-D column studies comparing the degradation rates of
chlorinated ethenes under organohalide respiration, reactive mineral degradation,
and a combination of the two might offer a more realistic insight into the
dechlorination rates that might be observed in field conditions. There is also
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limited work done assessing the interplay of the two reduction pathways. Because
of this, there exists a need to investigate the additive or synergistic effects of
using the two remedial strategies concurrently versus studying their degradation
capabilities independently.
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Chapter 3 Effects of Abiotic Iron (II) Sulfide Precipitation on Hydraulic
Conductivity of Porous Media
3.1 Introduction and Objectives
Biostimulation involves the modification of the subsurface environment to
enhance the activity of the existing bacteria capable of bioremediation (Adams et
al. 2015). Some parameters that may be modified to enhance biotic activity
include oxidation-reduction potential (ORP), pH, and addition of nutrients. But
the addition of nutrients may have the unintended effect of stimulating non-target
microorganisms that do not possess dechlorinating abilities (Adams et al. 2014).
The increased activity of non-target organisms may lead to unanticipated changes
in the subsurface environment. Due to the ubiquity of iron and sulfate reducing
bacteria, the addition of electron donor to stimulate dechlorinating organisms at
chlorinated solvent contaminated sites may incidentally stimulate iron and sulfate
reducing bacteria (Hansel et al. 2004; Muyzer and Stams 2008). The result of this
stimulus is the reduction of iron (III) to iron (II) and sulfate to sulfide by DIRB
and SRB, respectively, which then form solid iron sulfide minerals (NAVFAC
2014).
It has been shown that the biotic formation of iron sulfides may lead to
clogging of groundwater wells (Smith 1995; Van Beek and Van der Kooij 1982;
van Beek 2011). In addition, the biotic formation of iron sulfides may also lead to
a decrease in hydraulic conductivity and porosity of aquifers. What remains to be
clearly defined is the relative contribution to hydraulic conductivity losses
between the stimulated biomass responsible for the reduced iron sulfide minerals
and the minerals themselves.
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Marcet (2014) validated losses in hydraulic conductivity and porosity due
to abiotic mineral formation through a series of sterile column experiments
designed to abiotically precipitate iron sulfides exhibiting a wide range of porous
media, influent conditions, and flow rates. The results varied widely and it was
unclear if the variability was due to the complexity of the column system or the
lack of identical trials between column experiments. Additionally, all column
experiments conducted by Marcet (2014) had flow rates in excess of 70 cm/day
and it was unclear what the impact of a longer residence time might have on the
porosity and hydraulic conductivity. The work discussed in this chapter involves
three abiotic, low-flow, column experiments that were used to assess the
repeatability of results between column experiments. Additionally, by flushing an
iron sulfide saturated column with an aerated medium, the effects of oxidation on
the precipitated FeS material were observed.
The goal of these experiments was two-fold: 1) determine the expected
change in hydraulic conductivity and porosity due to the abiotic formation of iron
sulfides resulting from a set of given conditions 2) determine whether oxidation
further contributed to or reversed the changes in hydraulic conductivity and
porosity following iron sulfide saturation. To achieve these goals, three columns
1-D column experiments were conducted. One column was run individually
(Reduced #1) and two simultaneously (Reduced/Ox and Reduced #2). Each
column used identical starting material and was then subjected to a high sulfide
medium flush to abiotically precipitate iron sulfide in the column. During the
simultaneous columns, Reduced #2 was terminated following the high sulfide
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flush while Reduced/Ox proceeded to be flushed with an aerated medium to
assess the oxidation effects on the porous media. Porosity, pore volume, and
hydraulic conductivity were determined before and after each phase of the
experiments.
3.2 Materials
Federal Fine Ottawa Sand (US Silica Company; Berkeley Spring, West
VA) was used for the three abiotic column experiments. This material is a quartz
sand with a 0.32 mm mean diameter and intrinsic permeability of 4.2 x 10-11 m2
(Suchomel, Ramsburg, and Pennell 2007). Analysis completed at the University
of Georgia Soil, Plant, and Water Laboratory report a pH of 7.65, a cation
exchange capacity (meq/100g) of 0.82, and a total carbon content of 0.006% by
weight for Federal Fine Ottawa Sand. Chemicals used for the measurement of
sulfide concentrations included >98% N-N- dimethyl-p-phenylenediamine (Tokyo
Chemical Industry Co.; Tokyo, Japan), sulfuric acid (Fisher Scientific; Fair Lawn,
NJ), 98% iron (III) chloride (Fisher Scientific; Fair Lawn, NJ), hydrochloric acid
(EMD Millipore; Billerica, MA), and sodium hydroxide (EMD Millipore;
Billerica, MA). Chemicals used for the preparation of the high sulfide and
reduced influent medium solutions have been described previously (Amos,
Suchomel, et al. 2008; Sung et al. 2003)). The calcium chloride dihydrate and
sodium bromide used in non-reactive tracer tests were obtained from EMD
Millipore (Billerica, MA) and Fisher Scientific, respectively. All chemicals used
in these experiments were of reagent grade quality and were prepared in
18.3MΩ/cm deionized water (EMD Millipore).
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3.3 Column Experiment Design and Setup
Column experiments were performed

using

borosilicate

glass

chromatography columns (Kimble-Chase; Vineland, NJ) with an inner diameter
of 4.8 cm and length of 15 cm equipped with Teflon end-plates. All columns,
column parts, materials, and influent solutions were sterilized prior to each
experiment by autoclaving for 30 minutes at 121°C on the liquid cycle or by
flushing with isopropanol. The sterilized columns were then wet packed with
sterile Federal Fine Ottawa Sand (FFOS) by maintaining approximately a 2cm
head of degassed sterile water above the sand through the duration of packing.
The inlet 2 cm to the column was packed with acid washed and sonicated FFOS
to remove all iron from the material and limit clogging potential at the column
inlet. FFOS was added to the column in 2 cm increments where it was mixed
thoroughly with a sterile metal spatula to prevent stratification at each layer. The
sand was then compressed by applying a gentle vibration to the column and
tamping down the sand with a sterile tamping tool. Once a column was fully
packed it was flushed with a sterile, anoxic, 120mM ionic strength calcium
chloride dihydrate solution for at least 10 pore volumes at approximately 0.5
mL/min. This flush saturated the column with calcium chloride and verified if the
column was experiencing any oxygen intrusion or leaks.
3.4 Influent Delivery System, Solution Preparation, Delivery and Monitoring
The system was designed to promote the precipitation of abiotically
formed FeS. Because this mineral is formed primarily under anoxic and highly
reduced conditions, the influent solutions had to be made and kept anoxic and
highly reduced throughout the experiment.
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3.4.1 Anoxic Influent System Design
All influent medium solutions were delivered to the columns via 4 or 9 L
Mariotte bottles with an aspirator (Ace Glass; Vineland, NJ). Each bottle was
sealed with a size 12 3-hole butyl stopper that contained 3 steel tubes equipped
with Swagelok fittings. Two of these tubes would range between 5 and 10 cm of
the depth of the bottle so sterile gas sparging of the influent solutions could occur
while the third tube was much shorter to allow venting during the sparging
phases. During influent delivery, the two shorter tubes were sealed shut with
Swagelok fittings while the long tube was connected to a gas separation funnel.
This funnel was continually purged with ultra-high purity argon gas while being
open to the atmosphere. As the influent solution was used it would draw down
argon gas from the separation funnel rather than air. This system helped maintain
the highly reduced and anoxic conditions of the influent solutions throughout the
experiments.
All three column experiments were entirely pump driven and used Rainin
Dynamax RP-1 peristaltic pumps (Mettler- Toledo; Columbus, OH) to maintain
flow rates. Influent solutions flowed through the columns from the bottom to the
top to negate any effects from gravity. Effluent samples were collected from a
20mL glass sampling bulb.
3.4.2 Solution Preparation
Sterile, anoxic influent solutions for the tracer test were prepared by
adding the necessary salt concentrations to 18.3MΩ/cm deionized water to
achieve 120mM ionic strength. This was done to match the ionic strength of the
high sulfide medium in order to limit fluctuations in ionic strength throughout the
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experiment. The solutions, which include the 120mM ionic strength calcium
chloride dihydrate and 120mM sodium bromide, were then autoclaved on the
liquid cycle for 30 minutes at 121°C to obtain sterile conditions. Following the
autoclaving, the solutions were sparged for at least one-hour prior to use with
nitrogen gas that passed through a 0.2μm sterile filter. Following nitrogen
sparging, Swagelok fittings were quickly added to the two shorter steel tubings in
the Mariotte bottle to seal out air while the third tube was connected to the argon
purged separation funnel.
A high sulfide reduced mineral salts medium was used for the sulfide flush
phase for each of the column experiments. Concentrations of sulfide in the
influent varied between 40 and 80 mg S2-/L depending on the amount of aqueous
sulfide that escaped through the gas phase. The medium was prepared as
described above and as in Marcet (2014) with a few adjustments: bicarbonate
buffer was added for a final concentration of 60mM which resulted in a final
influent medium ionic strength of approximately 120mM. To maintain continuity
between influent solutions and reduce the risk of liberating fine particles, all
influent solutions were maintained at an ionic strength of 120mM.
The aerated medium, which was used to assess the effects of oxidation on
an iron sulfide saturated column, was prepared the same as the high sulfide
medium except no sulfide was added. To maintain sterile conditions while leaving
the influent open to the atmosphere, a 0.2μm sterile filter was attached to the
Swagelok fittings.
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3.4.3 Conservative Tracer Characterization of Columns
Conservative tracer experiments were completed before and after each
phase within the column experiments. Knowledge gained from these non-reactive
tracer tests helped determine the change in porosity and pore volume (PV) within
the porous media from each phase of the experiment. Specifically, these tests
were used to measure changes in porosity and pore volume from the formation of
iron sulfide precipitates and the oxidation of those iron sulfide precipitates.
Following the 10 PV calcium chloride flush that initiated each packed
column experiment, a pulse of 2 PV of non-reactive, sterile, and anoxic 120mM
sodium bromide was flushed through the column while the effluent was collected
in 15mL centrifuge tubes. These centrifuge tubes collected the effluent for 20
minutes each (~10mL) before a CF-2 fraction collector (Spectrum; Rancho
Dominguez, CA) moved a new, empty vial into the collection space. The influent
solution was returned to the sterile, anoxic 120mM ionic strength calcium
chloride dihydrate solution for 3 more PV to ensure the entire sodium bromide
pulse was removed from the column. The fraction collector continued to cycle
vials through this second calcium chloride dihydrate flush.
The concentration of bromide in each 10mL sample collected within the
vials by the fraction collector was then measured. This bromide breakthrough data
was used to determine the total pore volume of the column using the Code for
Equilibrium Transport Parameters from Miscible Displacement Experiments
(CFITM), included with the Studio of Analytical Models (STANMOD) (Van
Genuchten, 1980). By fitting a curve to the bromide breakthrough data (measured
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concentration/concentration of pulse) vs pore volume, information regarding the
Peclet number, column pore volume, and a solution to the 1-D AdvectionDispersion-Reaction equation could be obtained.
3.4.4 Pump Driven Iron (II) Sulfide Precipitation Column Experiments
Due to the high variability of experimental conditions and high flow rates
(>70 cm/d) used in Marcet (2014), three identical columns containing sterile
FFOS were used to quantify the effects of abiotically formed iron (II) sulfide
precipitate on the intrinsic hydraulic properties of porous media. The influent to
the three columns was switched to the high sulfide medium immediately
following the initial tracer test. To serve as a control for future biotic work, the
flow rate of the high sulfide medium was maintained at 0.12 mL/min (25 cm/day).
This low flow rate also gave a high residence time for the iron (II) and sulfide to
react and form iron sulfide precipitate. The goal for each of the three columns
was to let the high sulfide medium flush continue until conditions became static
and it appeared the column was no longer reacting with the influent sulfide. Then,
a second tracer test would be conducted to quantify changes in the porosity and
pore volume resulting from the high sulfide medium flush.
For each column, several parameters at the influent and effluent were
measured once every two days to determine when the high sulfide flush phase
was complete. These parameters included sulfide concentration (mg S2-/L), pH,
and oxidation-reduction potential (ORP), which was a measure of how reduced
the system was. While the pH and ORP remained fairly stable throughout the
experiment, the influent and effluent sulfide concentrations gradually approached
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equivalent values, indicating that the column was no longer reacting with the
influent sulfide. Influent samples were drawn from a purge line attached to a three
way valve connected to the influent solution and the column. These samples were
withdrawn using a 15mL syringe and were discarded into a 15mL centrifuge tube
where they were immediately sampled for sulfide concentrations, pH, and ORP.
The effluent samples were collected from a 20mL, air-tight, glass sampling bulb.
A momentary flow interruption to the column would allow a withdrawal of a
sample from the sample bulb where it could then be discarded in a 15mL
centrifuge tube and immediately sampled for sulfide concentrations, pH, and
ORP. By sampling the effluent every other day, approximately 4 PV of high
sulfide medium would flush through the column between samples.
Following the second tracer test, a third phase using an aerated medium
flush was used to determine the effects oxidation of the iron sulfide precipitates
would have on the porosity and permeability of the porous media. Because no
sulfide was used in the aerated medium pH, ORP, and dissolved oxygen were
measured at the influent and effluent. This phase was considered complete when
the influent and effluent parameters were stable for five sampling periods.
3.5 Analytical Methods

The methods for quantifying the bromide concentration, sulfide
concentration, pH, and ORP are described below. The same methods were used
for all three columns.
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3.5.1 Aqueous Phase Sulfide Analysis
The method used for determining the concentration of aqueous sulfide was
adapted from the methylene blue method as described by (Haddad and
Heckenberg 1988). One mL of solution to be analyzed would be added to a
cuvette which then had one mL of 22 mM N-N-dimethyl-p-phenylenediamine in
1M sulfuric acid added to it. One drop of saturated iron (III) chloride was then
added to the cuvette using a disposable Pasteur pipette. The cuvette was then
gently inverted and allowed to sit for five minutes to allow the color to completely
develop. Because the dark color formed from any presence of sulfide would be
too great to measure, 50µL of sample was then added to a new cuvette containing
2mL of nitrogen sparged MilliQ water to dilute the sample to measureable levels.
This second cuvette was then allowed 5 minutes for the color to fully develop
before measuring its absorbance on a UV-1800 UV-Vis Spectrophotometer
(Shimadzu Corp; Kyoto, Japan). A calibration curve containing a linear range
between 5-100 mg S2-/L was used to quantify sulfide concentrations.
3.5.2 Bromide, Oxidation-Reduction Potential, pH, Dissolved Oxygen,
and Hydraulic Conductivity Analysis
Bromide concentration was measured using an ion-selective conductivity
probe (Cole-Parmer; Vernon Hills, IL) connected to an Orion model 420A+
conductivity meter (Thermo Scientific; Waltham, MA) or an Accumet Model 50
pH/ion/conductivity meter (Fisher Scientific; Fair Lawn, NJ). ORP was
measuredusing an Accumet platinum pin Ag/AgCl combination electrode
(FisherScientific; Fair Lawn, NJ) connected to an Orion model 420A+
conductivity meter. pH was measured using an Orion Triode Ag/AgCl
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combination pH/ATCelectrode (Thermo Scientific; Waltham, MA) connected to
an Orion 3-Star pH meter (Thermo Scientific; Waltham, MA).Dissolved oxygen
was measured using self-filling CHEMets ampule kits K-7512 (1-12 mg/L) and
K-7501 (0-1 mg/L) (CHEMetrics; Midland, VA).

The hydraulic conductivities

of the columns were analyzed using the static head method as discussed in chapter
3.2 of this proposal.
3.6 Experimental Results and Discussion
3.6.1 Federal Fine Ottawa Sand 15cm Reduced #1 Column
Following the introduction of 46.6 PV of high sulfide medium (40-80
mg/L sulfide) the influent and effluent concentrations were approximately equal,
indicating that no more sulfide from the influent solution was being reduced by
the system during flow through the column (see Figure 3.6.1).

Sulfide Concentration (mg S2-/L)

Difference in Influent-Effluent Sulfide
Concentrations with Time
35
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Figure 3.6.1: Plot showing the difference in influent and effluent sulfide
concentrations with time
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After analyzing the intrinsic hydraulic properties with a second tracer test,
it was determined that there was a net decrease in porosity and hydraulic
conductivity of 1.3% and 95.8%, respectively. Table 3.6.1 summarizes the results
from this first low flow abiotic column experiment.
Table 3.6.1 Summary of Federal Fine Ottawa Sand 15cm Reduced #1 Column

Initial Conditions

Post Sulfide Flush (46.6
PV)
% Change

Pore Volume
(mL)
101.9

100.6

-1.3

Porosity, n

0.38

0.37

-1.3

9.07

.380

-95.8

K
cm/s)

(x10-3

3.6.2 Federal Fine Ottawa Sand 15cm Reduced/Ox & Reduced #2 Columns
Reduced/Ox and Reduced #2 were established in the same manner as
Reduced #1, but were run simultaneously. Separate influent lines were used for
their first tracer test before combining influent lines to maintain the same influent
solution for the high sulfide flush. Given that flow through each column was
driven by a separate pump, the flow rates varied slightly (0.11 to 0.15 mL/min)
over the course of the experiment, leading to minor differences in the number of
PV (81.6 PV for Reduced/Ox and 83.6 PV for Reduced #2) of high concentration
sulfide medium (Cin = 60 mg/L sulfide) flushed through each column. Following
the injection of 1 PV of high concentration sulfide medium, both columns showed
black precipitate forming above the 2 cm mark of the sonicated and acid washed
sand (Figure 3.6.2).
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Figure 3.6.2: Difference in color between the inlet 2 cm (bottom) in Reduced/Ox
(green) and Reduced #2 (yellow) and the remainder of the column (above)
indicating FeS precipitate.
Upon the formation of excessive precipitate in the influent bottle which
led to clogging in the influent lines (see Figure 3.6.3); an alternative approach was
taken to flushing the high sulfide medium through the columns.
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Figure 3.6.3: A removed section of one of the influent lines showing the black
FeS precipitate that clogged the influent
Rather than using one 9L medium to feed both columns, two 4L high
sulfide medium solutions were created with one assigned to each column. The
smaller bottles provided a better seal against oxygen intrusion and limited
precipitation prior to entering the columns. Both sets of influent and effluent
solutions were then monitored for sulfide concentration, pH, and ORP. The high
concentration sulfide mediums continued to flush through columns Reduced/Ox
& Reduced#2 before influent and effluent sulfide concentrations became
approximately equal (Reduced/Ox: Cin=51 mg/L sulfide, Cout = 48 mg/L sulfide;
Reduced #2: Cin = 39.5 mg/L sulfide, Cout=39.1 mg/L sulfide) (See Figure 3.6.1).
The similar influent and effluent sulfide concentrations indicated the columns
were saturated with sulfide, and that the compound was no longer reacting with
the system. The tracer test following the high sulfide flush revealed similar

39

decreases in porosity of 12.7% and 12.5% for Reduced/Ox and Reduced #2,
respectively. Following the high concentration sulfide flush, Federal Fine #3 had
soil samples removed within a glove bag filled with argon gas before being
moved to storage in a Coy glove box containing hydrogen (2.5%) and nitrogen
(97.5%) until further iron speciation analysis could be completed.
The influent solution of Reduced/Ox was then switched to an oxygenated
medium (≈ 5.5 mg/L oxygen). Almost immediately after beginning the
oxygenated medium flush, the black FeS precipitate became darker in color and
migrated towards the column effluent (Figure 3.6.3).

Figure 3.6.4: The darkening of FeS precipitate and migration toward the effluent
after the introduction of the oxygenated medium.
The oxygenated medium influent solution was introduced to Reduced/Ox
for 56 PV before the influent and effluent dissolved oxygen (DO), ORP, and pH
were stable enough that no further change in hydraulic parameters were
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anticipated. Figure 3.6.4 shows the change in the influent ORP between the high
sulfide medium and aerated medium solutions.

Figure 3.6.5: Change in the ORP influent between influent solutions
For the final 14 PV, or 25% of the oxygenated medium flush, the influent
parameters remained stable with DO = 5.5 mg/L, ORP = ~310-340, and pH = 7.3,
while the effluent parameters remained stable with DO =2 mg/L, ORP 300-330,
and pH = 7.3. A third tracer test revealed that the change in porosity was +13.1%,
indicating that the porosity of the system had been restored to its initial value.
Tables 3.6.2 and 3.6.3 summarize the results from Reduced/Ox and Reduced #2,
respectively.
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Table 3.6.2 Summary of Federal Fine Ottawa Sand 15cm Reduced/Ox

Initial
Condi
tions

PostSulfide
Flush
(81.6 PV)

%
Change

Post
Aerated
Flush (56
PV)

%
Change
PostSulfide

% Change
Initial
Conditions

Pore
Volume 104.3
(mL)

91.1

-12.7

104.9

13.1

0.52

porosity 0.38

0.34

-12.7

0.39

13.1

0.52

K (x103.63
3
cm/s)

3.39

32.5

27.69

5.02

6.61

Table 3.6.3 Summary of Federal Fine Ottawa Sand 15cm Reduced #2

Initial
Conditions

Post-Sulfide Flush
(83.6 PV)
% Change

Pore Volume (mL)

100.0

87.5

-12.5

porosity

0.37

0.32

-12.5

K (x10-3 cm/s)

4.18

3.89

-6.94
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3.7 Conclusions
When these three low-flow abiotic columns are compared to Marcet
(2014)’s data (Table 3.7.1), it is difficult to define many common trends.
Table 3.7.1 Results of Abiotic FeS Precipitation Columns between Marcet (2014) and
work discussed herein (presented in blue)

FeS
precipitation
Column

Driven by

Description

Federal Fine #1

Pump

15 cm Fe /S

Federal Fine #2

Pump

60 cm Fe /S

Reduced #1

Pump

15 cm Fe /S

Reduced #2

Pump

15 cm Fe /S

Reduced/ Ox

Pump

15 cm Fe /S

Federal Fine #6

Head

15 cm Fe /S

Appling #1

Pump

15 cm S

Appling #2

Pump

15 cm Fe /S /O2

Appling #3

Head

15 cm Fe /S

2-

2+

2-

2+

2-

2+

2-

2+

2-

2+

2-

-100%

nd

na

na

0%

-1.2%

na

na

-95.8% -1.3%

na

na

-6.94% -12.5%

na

na

-6.61% -12.7%

nd

+13.1%

-53%

-1.2%

na

na

-73%

nd

na

na

0%

-3.0%

-72%

-3.0%

-61%

-7.2%

na

na

15 cm Fe /S /O2 -30%

-4.3%

-80%

-5.7%

-70%

-5.3%

-80%

-6.0%

nd

nd

-68%

-3.5%

2-

2-

2+

2+

Head

ΔK (%) Δn (%) ΔK (%) Δn (%)

2+

2+

Webster #1

Fes precip +
oxidation

2-

2-

2-

Webster #2

Head

15 cm S /O2

Pump

15 cm Fe /S /O2

2+

Groveland

2-
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It is interesting to note that Reduced/Ox had an increase in porosity
following the oxygenated medium flush, while the two other columns subject to
the oxidation phase of the experiment from Marcet (2014) showed the opposite
effect (Table 3.7.1). The increase in porosity observed in the Reduced/Ox column
could be due to the change in ORP during the oxidation phase. The ORP on
average was -282 mV ± 8 mV during the high sulfide flush phase, but then was
on average +285 mV ± 62 mV during the oxidation phase (Figure 3.6.5). The
ORP values for the effluent solution may not have been high enough to form iron
oxides, as they typically form and precipitate out of solution at +400 mV (Hem
1960). Additionally, sulfide oxidation to sulfate occurs at approximately -100 mV
in a neutral system, which is lower than required to oxidize iron (II) to iron (III)
(Hem 1960). Therefore, it is possible FeS deposits were being oxidized to ferric
and ferrous sulfates, which are both soluble in water (NCBI 2016a, 2016b), and
were dissolving into the aerated medium as it moved through the column. The
oxidation-reduction potential for the oxidation phase in the experiments
completed by Marcet (2014) are not currently known. This data would help
determine if the additional losses in permeability observed in those experiments
were due to iron oxide formation.
One well-defined trend is a decrease in hydraulic conductivity and
porosity resulted from FeS precipitation in each experiment. However, the results
varied widely for hydraulic conductivity (-6.61% to -95.8%) while porosity
changes varied much less (-1.20% to -12.70%). While this could be attributed to
the complexity of the column system being difficult to replicate exactly between
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experiments, the high variability in hydraulic conductivity results may be due to
the high error associated with static head tests. According to a comparison of
permeability testing methods, the static head test used to measure the hydraulic
conductivity in these experiments is likely to have a relative error of one order of
magnitude (Nagy et al. 2013). Considering the largest decrease observed was less
than one order of magnitude, it is difficult to say how accurate these
measurements were. From the results, it is not clear how large the impacts FeS
precipitation is on hydraulic conductivity, what causes greater versus less change
in hydraulic conductivity, and how these results might compare on the field scale.
One of the objectives of this research was to evaluate the change in
hydraulic properties due to iron sulfide precipitation on porous media. The high
variability associated with static head tests relative to the change in hydraulic
conductivity observed in these experiments indicates this method of determining
changes in hydraulic properties was not a good option. Although pressure
transducers were considered, they were ruled out prior to this experiment due to
their inconsistent measurement of a stable hydraulic head at flow rates that are
typical of aquifer systems (ca. < 30 cm/day). More accurate methods of measuring
hydraulic conductivity (< 1 order of magnitude of error) should be considered for
this work moving forward.
Overall more replicates of experiments are required to determine the net
impacts of iron sulfide precipitation and oxidation processes. Although decreases
in porosity and hydraulic conductivity can be expected from iron sulfide
precipitation, it is unclear to what extent these decreases will be. Further, as these
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columns were all conducted under abiotic conditions, the impact of biomass on
hydraulic conductivity and porosity has not been accounted for. The addition of
the biotic parameter may serve to only further complicate the systems under
assessment making it more difficult to draw any clear conclusions.
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4 Tetrachloroethene Degradation by Reactive Iron Sulfide Minerals and
Dechlorinating Microbes
4.1 Introduction and Objectives
In situ biogeochemical transformation (ISBGT) is the process of
combining biological, chemical, and

mineral reactions for the purposes of

degrading contaminants (NAVFAC 2014). A common method of using this
remedial strategy is to create an environment suitable for reduced iron and iron
sulfide mineral formation which can then react with chlorinated ethenes (He et al.
2015; He et al. 2009). Often times this requires an environment rich in sulfate and
iron to form such minerals (Darlington and Rectanus 2015). Alternatively, in situ
bioremediation seeks to enhance the biological degradation of contaminants
(Adams et al. 2015). However, literature has shown the microbes responsible for
chlorinated ethene degradation, namely Dhc strains, can become less active in
environments high in sulfide concentration, meaning their dechlorination is either
incomplete to the ethene endproduct or does not occur at all (Berggren et al. 2013;
Hoelen and Reinhard 2004).
While the degradation pathways utilized by organohalide respiration and
reactive mineral dichloroelimination have been studied independently (Arnold
and Roberts 2000c, 2000b; Butler and Hayes 1999; Choi, Choi, and Lee 2009;
Cwiertny and Scherer 2010a; Spormann 2010; Arnold and Roberts 2000a), there
is a gap in the understanding of how well these two degradation pathways work
when used simultaneously (Butler, Chen, and Darlington 2013). Dong and Liang
et al. (2008) studied the dominant degradation pathways of chlorinated solvents
(PCE 24-103 µM and TCE 92-130 µM) under a variety of biogeochemical
47

conditions, including varying pH (7.2 and 8.2), varying reductive environments
(iron reducing (max 50 mM Fe(III), sulfate reducing (max 30 mM FeSO4),
methanogenesis), and found that dechlorination occurs primarily by microbial
reductive dechlorination (Dong et al. 2008). In a study by Shen and Wilson
(2007) a series of high iron containing columns (~1800 mg/kg) with various
packing media (amended and natural site material) were flushed with a high
sulfate influent (10-20 mM) containing 15 µM TCE (Shen and Wilson 2007).
Results indicated degradation occurs primarily through abiotic degradation based
on the dechlorination products. However, neither study investigated the potential
for faster chlorinated ethene degradation rates by using both (in situ
biogeochemical transformation (ISBGT) & organohalide respiration)) reductive
dechlorination pathways simultaneously.
Because iron and sulfate reducing bacteria are ubiquitous in subsurface
environments (Muyzer and Stams 2008; Hansel et al. 2004), the addition of
electron donor substrate to the subsurface for the purposes of bioremediation may
unintentionally stimulate iron and sulfate reducing bacteria. This can have two
effects: 1) The formation of reactive iron and iron sulfide products which are
capable of reducing chlorinated ethenes (Darlington and Rectanus 2015; EPA
2013); and 2) the formation of excess sulfide that may be inhibitory toward
organohalide respiration (Berggren et al. 2013; Hoelen and Reinhard 2004). This
research also sought to determine the concentration of sulfide that begins to
impede biotic dechlorination of the Bio-Dechlor Inoculum (BDI-SZ), a PCE-toethene dechlorinating microbial consortia, to the point that abiotic contributions to
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dechlorination begin to have a distinguishable impact. Under such environmental
conditions, it may be beneficial for the remediation professional to seek to
enhance both methods of dechlorination for the purposes of achieving enhanced
dechlorination rates. The work by Dong et al. (2009) and Shen & Wilson (2007)
described the scenarios where either the abiotic degradation or biotic degradation
of chlorinated ethenes is the dominant driving force, but neither determined the
sulfide threshold where both degradation mechanisms occur simultaneously.
The work discussed in this chapter sought to find an environment where
organohalide respiration and abiotic dechlorination could occur simultaneously
for the purpose of achieving enhanced dechlorination rates. Dual column studies
and several sets of batch reactors were used to determine the environment where
both methods of dechlorination may be used effectively and simultaneously. The
columns were used to model comparative environments. This experimental, or
target, environment as it will be referred to throughout the text includes a 60 mM
ionic strength reduced mineral salts medium amended with 5 mM lactate and
acetate for electron donors, and 5 mM sulfate. The target concentration of PCE in
the medium was 50 mg PCE/L. Bioavailable ferric coated sand (1.5% by wt) was
the electron accepting source for iron reducing bacteria. This environment was
chosen as it was believed to have offered the right parameters for biotic
degradation and abiotic degradation to occur simultaneously if the correct
microbial cultures were active (Darlington and Rectanus 2015; Evans et al. 2014;
EPA 2012a; Adams et al. 2015).
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Biotic Column #1 contained BDI-SZ, which was used to establish the
degradation rates attributable to organohalide respiration. Biotic Column #2
contained iron reducing bacteria in addition to the dechlorinating consortia also
being used in Column #1. This was done to determine if using a dechlorinating
consortia in conjunction with reduced iron minerals, which have been shown to
degrade chlorinated ethenes (Arnold and Roberts 2000c; He et al. 2015;
Darlington and Rectanus 2015), might lead to faster chlorinated ethene
degradation rates. Batch reactors were used to determine the inhibition of sulfide
on BDI-SZ, the sulfide concentrations necessary to observe abiotic degradation,
and as positive controls to verify the cultures being used were active in the
experimental environment. The specific efforts of this research included:
1) Assessing which degradation pathway was most effective (microbial
degradation alone versus microbial degradation plus reactive minerals)
under influent conditions of approximately 50 mg PCE/L and 5 mM
sulfate in a solid-phase material containing 1-2% ferric iron by weight.
2) Determining if there were significant additive or synergistic effects
from using the two dechlorinating processes together when compared
with being used as a standalone process.
3) Determining the sulfide concentration where biotic dechlorination by
BDI-SZ is impeded and abiotic dechlorination begins to have an
impact on degradation rates through batch reactors containing BDI-SZ
with varying amounts of sulfide.
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4) Determining if abiotic degradation can occur in the range of sulfide
that begins to impede chlorinated ethene degradation by BDI-SZ
4.2 Materials
Federal Fine Ottawa Sand (FFOS) (US Silica Company; Berkeley Spring,
West VA) was used for the batch studies and biotic columns. Specific
characteristics of this material can be found in section 4.2. Chemicals used for the
iron coated sand procedure included sodium hydroxide (Sigma-Aldrich; Natick,
MA), ferric chloride (Sigma-Aldrich), hydrochloric acid (ThermoFisher;
Waltham, MA) and ferric nitrate (ThermoFisher; Waltham, MA). Chemicals used
in the aqueous and solid phase iron analysis include concentrated nitric acid
(Sigma-Aldrich), ammonium acetate (Sigma-Aldrich), FerroZine iron reagent
(Fisher Scientific; Waltham, MA), hydroxylamine hydrochloride (SigmaAldrich), and hydrochloric acid (Sigma-Aldrich). Acetylene gas (Airgas; Radnor
PA) was purchased for the purpose of creating standards. Similarly, sodium
sulfate, sodium lactate (7.01 M), and sodium acetate were all purchased from
Sigma-Aldrich. Sodium sulfide nonahydrate (Sigma-Aldrich) was used to create
standards for sulfide measurements. Sodium bromide, the chemical used during
column tracer tests, was purchased from Fisher Scientific. All solutions were
prepared using 18 MΩ/cm deionized water (EMD Millipore; Billerica, MA).
4.2.1 Solution Preparation
An anoxic 60 mM ionic strength, 5 mM sulfate reduced mineral salts
medium (DCB-1) was prepared as described previously (Lebrón et al. 2008;
Thomas et al. 2010; Loffler, Sanford, and Tiedje 1996; Sanford, Cole, and Tiedje
2002). This was used for all phases of these experiments to maintain continuity.
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Sodium sulfate was used for the additional sulfate in the medium and was added
to solution prior to autoclaving. The medium was prepared in 1.5 L batches
distributed between three, 1 L bottles (Schott; Elmsford, NY). The first two
bottles had 550 mL of the medium added to each, and the third bottle had 400 mL
added to it. The bottles were each capped with butyl rubber stoppers (GeoMicrobial Technologies, Inc.; Ochelata, OK) and an aluminum crimp cap
(Wheaton). The 400 mL bottle then had at least 100 µL of neat PCE added to
ensure the solution was supersaturated with PCE. All three bottles were then
autoclaved on the liquid cycle at 121°C for 30 minutes to sterilize the solutions.
4.2.2 Iron Coated Sand Procedure
The iron oxide coated sand was prepared by following the procedure
described by Benjamin et al. (1996). First, bulk FFOS was acid washed to remove
any background iron associated with the sand. This was done by mixing 1 M
nitric acid with bulk FFOS and letting it soak overnight. The following day the
sand was rinsed with MilliQ water until the pH of liquid washing off the FFOS
was equivalent to the measured pH of the MilliQ, which was approximately 5.7.
Then, starting with acid washed FFOS the sand was coated with iron oxides in
two steps. In step one, 80 mL of a 2.5 M ferric chloride solution was added to 200
mL bulk sand and the mixture was heated at 110 °C until it appeared dry. This
took approximately 12 hours. At this point, the sand was very dark and was rinsed
until the wash remained clear. This washed sand was then referred to as high
temperature media (HTM). In the second step, the 40 mL of bulk HTM was
mixed with 80 mL of a 2.1 M ferric nitrate solution and 0.6 mL of a 10 M sodium
hydroxide solution. This mixture was then also heated at 110 °C until the material
52

was dry. Following a wash, the sand appeared rust colored and the iron coating
process was complete.
4.2.3 Cultures Used in Batch and Column Experiments
The cultures used in the batch and column experiments were an
assortment of available iron reducers and dechlorinating cultures. The two strains
of Anaeromyxobacter, Anaeromyxobacter FRC strain W and D, used in this
research have been found to be most active in a pH range of 6-8.5 (Sanford, Cole,
and Tiedje 2002). Both cultures were grown at 35°C without shaking in 160 mL
glass serum bottles (Wheaton). A. FRC-W was maintained with 5 mM acetate and
10 mM fumerate while A. FRC-D3 was maintained with 5 mM acetate and 5mM
fumerate. Another organism capable of iron (III) reduction is Geobacter
sulfurreducens(Methe et al. 2003). The optimal pH range for microbial activity
with this culture has been shown to be 6.5-8.5 (Morgado et al. 2012). This culture
is grown at 35°C without shaking in a 160 mL glass serum bottle (Wheaton), and
is maintained in an anaerobic medium with either 4 mM ferric citrate or 10 mM
fumarate.
The Bio-Dechlor INOCULUM (BDI-SZ) culture was a non-methanogenic
PCE-ethene dechlorinating consortium. This inoculum was composed of several
dechlorinating cultures including the PCE to c-DCE dechlorinating species,
Dehalobacter and Geobactor lovelyi SZ, as well as three Dhc strains (FL2, GT,
and BAV1) capable of the full PCE-ethene degradation. Geobacter lovleyi SZ
also possesses the ability to reduce iron (III) to iron (II) (Sung et al. 2006). This
culture expresses optimal activity in the pH range of 7.2-7.4, since that is when
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Dhc is most active (He et al. 2003). BDI-SZ was maintained with 0.33 mM PCE
and 10mM lactate at 35°C without shaking.
4.3 Batch Reactor Experimental Design and Setup
4.3.1 Motivation
Batch studies were completed for three reasons: 1) to verify the desired
iron (III) reduction could occur by the iron reducing microbes and that
organohalide respiration could occur by BDI-SZ; 2) to determine the sulfide
concentrations that began to impede the dechlorination abilities of BDI-SZ; and 3)
to determine the concentration of iron sulfides necessary to observe abiotic
chlorinated ethene degradation. Three sets of reactors were used which can be
numbered according to their objective: Set 1 was the positive controls; Set 2
investigated the sulfide tolerance of BDI-SZ; and Set 3 investigated abiotic
degradation of PCE by abiotically formed FeS minerals. The iron reducing culture
that was determined to have the fastest rate of iron (III) reduction from the batch
studies in Set 1 was to be used in Biotic Column #2. An additional key component
of the batch studies included ensuring the iron reducing bacteria did not also
dechlorinate. This guaranteed any additional dechlorination observed in Biotic
Column #2 was only occurring due to the reactive iron and/or iron sulfide
minerals.
4.3.2 Batch Reactors
All batch reactor experiments were prepared in triplicate 160 mL serum
bottles (Wheaton; Millville, NJ) capped with butyl rubber stoppers (GeoMicrobial Technologies, Inc.; Ochelata, OK) and an aluminum crimp cap
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(Wheaton) to assess reproducibility of results. Table 4.3 summarizes the proposed
batch reactors, cultures, amendments, and end products to measure.
4.3.2.1 Abiotic Reactors
The abiotic reactors consisted of four sets of three reactors containing the
batch reactor medium detailed in 4.3.2, along with varying amounts of iron
chloride

tetrahydrate

(FeCl2•4H2O)

and

sodium

sulfide

nonahydrate

(Na2S•9H2O). These compounds were added to achieve the target concentrations
of reactive iron sulfide minerals for each triplicate set: 0.4 mM FeS, 2.0 mM FeS,
3.6 mM FeS, and 5.2 mM FeS. These concentration ranges were chosen to
determine if any appreciable abiotic dechlorination would occur in the 0-5 mM
sulfate range (assuming the sulfate is reduced to sulfide) that was to be used for
the biotic column experiments. Additionally, two reactors containing no additions
of iron or sulfide were used as controls. The batch reactors were stored upside
down at room temperature to limit gas diffusion through the rubber septa.
Samples for VOC concentrations were measured periodically.
4.3.2.2 Biotic Reactors
Several sets of biotic reactors were used to determine which available
cultures were most active in the target environment and to determine the
concentration of sulfide that began to impede PCE dechlorination by BDI-SZ. To
determine which cultures were most active, triplicate reactors containing 100 mL
of the batch reactor medium detailed in 4.3.2 and 10 g of the iron coated sand
detailed in 4.3.3 were combined in a 160 mL bottle plugged with rubber septa and
were crimped shut. PCE was then added through the rubber septa for a target final
concentration of 50 mg PCE/L. These bottles were then autoclaved on the liquid
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cycle at 121°C for thirty minutes. The reactors were then amended with 5% (by
volume) final concentration of the target microbial culture (Anaeromyxobacter
FRC Strain W, Anaeromyxobacter FRC Strain D, Geobacter Sulfurreducens, or
BDI-SZ). Wolin vitamins (100 µL) were added last to each reactor (Wolin,
Wolin, and Wolfe 1963). Iron (II), total iron, and the PCE byproducts were then
measured with time.
The reactors used to assess sulfide toxicity toward BDI-SZ were prepared
in 7 triplicate sets (1 of the 7 was an abiotic control containing 0.4 mM sulfide
and no BDI-SZ). Each set of three reactors was designated a target sulfide
concentration that corresponded to 0.4 mM, 1 mM, 5 mM, 8 mM, 12 mM, or 20
mM. Sulfide was added by filter sterilizing a known stock concentration of
sodium sulfide nonahydrate to the reactors. Addition of the sodium sulfide
nonahydrate to the reactors results in basic byproducts which can raise the pH.
Hydrochloric acid (12.1 M) was used to adjust pH to circumneutral values prior to
adding any microbial cultures, particularly for the reactors containing high levels
of sodium sulfide nonahydrate. Lastly, the same culture of BDI-SZ was added to
each reactor so the volume of inoculate was 5% of the total medium volume.
Wolin vitamins (100 µL) were added last to each reactor (Wolin, Wolin, and
Wolfe 1963). PCE and its degradation products were measured with time.
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Table 4.3 Batch Reactor Experiments

# of
Replicates

Culture

Amendments to 5
mM sulfate reduced
mineral salts medium
with 50 mg PCE/L

End Products
Measured

3

Anaeromyxobacter Ferric oxide coated
FRC Strain W
sand (1.5% by wt)

Fe(II)/Total Fe;
VOCs

3

Anaeromyxobacter Ferric oxide coated
FRC Strain W
sand (1.5% by wt)

Fe(II)/Total Fe;
VOCs

3

Geobacter
Sulfurreducens

Ferric oxide coated
sand (1.5% by wt)

Fe(II)/Total Fe;
VOCs; sulfide

3

BDI-SZ

Ferric oxide coated
sand (1.5% by wt)

Fe(II)/Total Fe;
VOCs

3 at each
sulfide
BDI-SZ
concentration
(18 total)

0.4, 1, 5, 8, 12, 20
mM Sulfide

VOCs

3 at each
concentration None
(12 total)

Ferric chloride
dihydrate & Sodium
Sulfide Nonahydrate
each (mM): 0.4, 2,
3.6, 5.2

VOCs

4.4 Column Experiment Design and Setup
Two identical borosilicate glass columns, each 15 cm in length equipped
with Teflon end plates were used for these experiments. Each contained 3 side
ports for sampling and microbial inoculation. They were each packed with iron
oxide coated sand containing a known concentration of bioavailable ferric iron
(1.5% by weight). The inlet two centimeters of each column were packed with
acid washed sand to limit the clogging potential at the inlet of the columns.
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Conservative tracer experiments used a 5 mM sulfate reduced mineral salts
medium containing 10 mM sodium bromide to characterize the hydraulic
properties (porosity and pore volume) as detailed in section 3.5.2. After
determining the initial hydraulic parameters of each column, a 5 mM sulfate
reduced mineral salts medium containing a target concentration of 50 mg PCE/L
flushed through the column at 0.5 mL/min for 10 PV. This was done to establish
reduced conditions suitable for microbial growth.
Following the 10 PV flush, the two columns were inoculated with their
target microbes: Column #1 was to have only dechlorinating microbes while
Column #2 was to have dechlorinating microbes plus iron reducing microbes.
To inoculate the columns, 40 mL of pure cultures were transferred to two
sterile reactors, each already containing 50 mL of sterile 5 mM sulfate DCB-1
medium. In the first reactor, 40 mL of the same BDI-SZ used in the
aforementioned batch reactors was added. In the second reactor, 20 mL of the
same BDI-SZ used in the prior reactors was added along with 20 mL of the same
Geobacter sulfurreducens culture used in the batch reactor experiments. From
these new reactors containing the transplanted cultures, 8 mL was injected into
each part of their respective column - the influent, three side ports, and effluent- at
0.5 mL/min using a Fusion 200 Two-Channel Syringe Pump (Chemyx Inc;
Stafford, TX) for a total of 40 mL injected into each column. Following this
injection, the columns were sealed shut for 24 hours to enhance the chances of
establishing and attaching microbial communities within the columns before
returning flow. In total, Column #1 received 40 mL of a DCB-1 medium
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containing 44% BDI-SZ (by volume) and Column #2 received 40 mL of a DCB-1
medium containing BDI-SZ (22% by volume) and Geobacter sulfurreducens
(22% by volume).
Following inoculation, the 5 mM sulfate reduced mineral salts medium
resumed flushing the column at 0.015 mL/min and the influent and effluent were
monitored for chlorinated ethenes (PCE, TCE, DCE, VC, Ethene), sulfate, sulfide,
volatile fatty acids (lactate, acetate, and associated fermentation products), and
acetylene. The influent medium solutions continued to flush through each column
until parameters stabilized or trends in dechlorination rates and byproducts were
determined. At the terminus of the 5 mM sulfate reduced mineral salts medium
flush, the plan remains to add an active sulfate reducing bacterial culture to Biotic
Column #2 for the purposes of reducing the influent sulfate to sulfide to form iron
sulfide minerals (Biotic Column #1 will continue to only have the BDI-SZ
culture). Once again, this flush will continue until parameters stabilize or trends in
dechlorination rates and byproducts can be determined. At the completion of this
phase, a 5 mM sulfate reduced mineral medium containing 10 mM bromide will
be used as a non-reactive tracer to determine how the biomass and precipitation of
iron sulfide minerals may have impacted the pore volume since the start of the
experiment.
4.4.1 Influent Delivery System
To maintain an influent solution with a constant PCE concentration of 50
mg/L, a syringe pump (Harvard Apparatus; Holliston, MA) containing two 50 mL
glass gastight syringes (Hamilton Company; Reno, NV) were aligned in parallel.
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Each syringe was filled with 48 mL of the 5 mM sulfate reduced mineral salts
medium.

The syringes drew 12 mL of medium from a well-mixed PCE

supersaturated 5 mM sulfate reduced mineral salts medium solution, and 36 mL
of medium from a PCE free 5 mM sulfate reduced mineral salts medium to obtain
a theoretical solution of 50 mg PCE/L.
4.5 Analytical Methods
4.5.1 Aqueous Phase Sulfide Analysis
Aqueous phase sulfide analysis was completed using an adapted
methylene blue method as described by (Haddad and Heckenberg 1988). Details
for this method are provided in section 3.5.1.
4.5.2 Bromide, Oxidation-Reduction Potential, pH, Dissolved Oxygen,
and Hydraulic Conductivity Analysis
The methods for the analysis of bromide, ORP, pH, DO, and hydraulic
conductivity are detailed in section 3.5.2.
4.5.3 Sulfate
Sulfate was measured on a Dionex ICS-2100 ion chromatograph (IC)
equipped with an AS-11 HC isocratic column with an inner diameter of 4 mm and
length of 250 mm. Potassium hydroxide (30 mM) was used as the eluent with a 4
mm ASRS suppressor operating at 112 mA. The cell and column temperature
were 35 °C and the method flow rate was 1.50 mL/min. To analyze the sulfate the
pump was on a multi-step gradient for a run time of 56 minutes. A linear
calibration curve was obtained if the 5 mM sulfate reduced mineral salts medium
was diluted 10x for concentrations of approximately 1 mM to 5 mM sulfate.
Dilutions were necessary to avoid overloading the column with too many anions,
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thus rendering it ineffective at differentiating between the different target
compounds.
4.5.4 Lactate, Acetate
A high-pressure liquid chromatography (HPLC) column instrument was
used for measuring the volatile fatty acids lactate and acetate. Samples passed
through 0.2 µM filters prior to combining 475 µL of sample with 25 µL of 0.1 M
sulfuric acid in a 2 mL glass vial. A volume of 20 µL was then drawn from the
glass vial and injected into the Alltima C18 column (150 mm length x 4.5 mm
diameter) (Grace Alltech; Columbia, MD). A mobile phase of 5 mM sulfuric acid
flushed the sample through the column at a rate of 1 mL/min for 16 minutes at an
unregulated temperature. A diode array detector equipped with a UV lamp
measured the signal at the 210 nm wavelength. Linear calibration curves for each
VFA (lactate and acetate, respectively) could be obtained over the concentration
ranges 13 – 1300 mg/L (0.146 – 14.6 mM) and 6 – 600 mg/L (0.1 – 10 mM).
4.5.5 Acetylene Gas
Gas phase acetylene was measured using an HP 6890 GC equipped with a
thermal conductivity detector (TCD) and a Supelco Carboxen 1010 PLOT
capillary column (Sigma-Aldrich; St. Louis, MO). The column had mean
diameter of 320 µm and was 30 m in length. A 50 mL gastight syringe (Hamilton
Company; Reno, NV) was used to load a 0.25 mL gas sample loop connected to a
6 port gas sampling valve heated to 120 °C. After 19 seconds, the valve was
actuated and the sample was injected in spitless mode for 20 seconds at an inlet
temperature of 200°C. Ultra-high purity argon gas was used as the carrier gas at a
constant flow rate of 2 mL/min. The GC oven was operated at an initial
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temperature of 30 °C for 4.5 minutes, followed by a 50 °C/min ramp to 130 °C
where it was maintained for 6.50 minutes. The TCD was operated at 230 °C with
argon reference and makeup flows of 15 and 2 mL/min, respectively. Linear
calibration curves are obtained by creating reference mixtures in argon purged
160 mL glass serum bottles with known volumes of acetylene added.
4.5.6 Chlorinated Ethenes
Concentrations of chlorinated ethenes were determined using an Agilent
7890A gas chromatograph (GC) equipped with a flame ionization detector
(FID) and an Agilent J&W DB-624 capillary column (Agilent Technologies;
Lexington, MA) with an HT3 headspace autosampler (Teledyne-Tekmar;
Mason, OH). The column had an inner diameter of 0.32 mm and was 60 m in
length with a film of 1.8 µm. A 10 mL syringe was used to collect the
samples from the column influent and effluent for all analyses and to load 1
mL of sample into a 20 mL headspace GC vial (Agilent) that was
immediately crimped shut with an aluminum crimp top cap (Wheaton). This
vial was then loaded onto an autosampler that warmed the vial to 40°C prior
to sampling. A 100 µL gas phase sample was then used to purge the inlet line
and be injected into the column held at 60 °C for 4 minutes, followed by a 25
°C/min ramp to 200°C where it was maintained for 2 minutes. Compressed
air was used as the carrier gas while hydrogen was used to ignite the FID.
4.5.7 Aqueous Phase Iron (II) and Total Iron
Iron (II) and total iron concentrations were measured using a variation on
the spectrophotometric ferrozine method (Costanza et al. 2005; Stookey 1970;
Viollier et al. 2000). First, three reagents were prepared in advance to facilitate
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the detection of iron compounds using a UV-vis Shimadzu UV 1800
spectrophotometer (Shimadzu Scientific; Marlborough, MA). Reagent A was a
solution of 100 mM ammonium acetate and 10 mM ferrozine iron reagent.
Reagent B was a reducing solution of 1.2 M hydroxylamine hydrochloride in 1.7
M hydrochloric acid. Reagent C was a buffering solution of 10 M ammonium
acetate adjusted to a pH of 9.55 using a 28% ammonium hydroxide solution.
First, 300 µL of reagent A was added to a cuvette, followed by 25 µL of
sample. After gently inverting and letting these solutions mix for 2 minutes, 2.5
mL of MilliQ water was added to the cuvette and they were allowed to mix for 10
minutes. This cuvette was then measured on the spectrophotometer at 562 nm.
This value represents the quantity of iron (II) present in solution. Following this
analysis, 200 µL of reagent B was be added to the cuvette and allowed to mix for
10 minutes. Then 50 µL of reagent C was added to the cuvette before remeasuring the cuvette on the spectrophotometer at 562 nm. This value represents
the total iron in the sample. A linear calibration curve can be obtained using a
stock solution of iron (II) chloride tetrahydrate at concentrations ranging from 1 to
30 mg/L iron (II).
4.5.8 Solid Phase Total Iron
The concentration of total solid phase iron was determined by first soaking
approximately 5 g of dry material in 10 mL of 16 M nitric acid within a 35 mL
reaction vessel (CEM; Matthews, NC). This vial was then loaded onto a Discover
SP-D microwave acid digester which extracted all solid phase metal into the acid
solution. The acid solution was then diluted 4:1 in water, where the aqueous phase
was analyzed on an Optima 7000 Perkin Elmer Inductively coupled plasma
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optical emission spectrometer (ICP-OES). Here the intensity of plasma could be
correlated to the concentration of iron in solution, and a linear calibration curve
could be obtained for iron concentrations 0.1 to 30 mg iron/L. Argon was the
carrier gas, which operated at approximately 18 L/min.
4.6 Experimental Results and Discussion
4.6.1 Abiotic Batch Reactors
The abiotic batch reactors consisted of triplicate sets of DCB-1 medium
reactors amended with varying amounts of FeS ranging between 0 and 5.2 mM
FeS with a target of 50 mg PCE/L. This FeS was formed abiotically through the
filter sterilized addition of iron chloride tetrahydrate and sodium sulfide
nonahydrate. The formation of the FeS was instantaneous upon the addition of
sodium sulfide nonahydrate to the reactors already amended with iron chloride
tetrahydrate (See Figure 4.6.1A).

Figure 4.6.1A: Picture of the instant formation of FeS through the addition of

sodium sulfide nonahydrate to a reactor already amended with iron chloride
tetrahydrate
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Concentrations of PCE and its daughter products (c-DCE, ethene)) were
measured before FeS formation and then periodically following the formation of
FeS for 65 days. These products were measured because their presence or
dechlorination could potentially be indicative of abiotic degradation (Butler,
Chen, and Darlington 2013). Confirmation of abiotic dechlorination could then be
obtained by measuring acetylene. Because no daughter products or large decay of
PCE occurred, acetylene samples were not routinely analyzed, nor was it ever
detected.
Although the concentration of PCE did decrease in all reactors throughout
the experiment, the rate of PCE decay was found to not be significantly different
in reactors containing FeS to those not containing FeS. The 14 reactors were
modeled by a 1st order decay rate as is consistent with abiotic degradation (He et
al. 2009; He et al. 2015; Darlington and Rectanus 2015), and a linear regression
was used to determine if the rates of decay observed in the reactors containing
FeS were statistically different from the control reactors containing no FeS.
The results of the linear regression of the 14 reactors indicated that with α
= 0.05 and p-value = 0.59, one could not reject the null hypothesis that the FeS
concentration had no effect on the decay rate. Rephrasing, the linear regression
results were unable to prove there was a statistical diffrence between the decay
rates in batch reactors containing FeS and the control batch reactors without FeS.
Additionally, the R2 value from the linear regression was 0.024, indicating only
2.4% of the variability in decay rates could be could be explained by the FeS
concentration. Conversely, this means 97.6% of the variation in 1st order decay
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rates among the 14 batch reactors was governed by parameters not related to FeS
concentration, inlcuding volatilization of the contaminant or adsorption to the
septa.

Linear Regression of 14 Batch
Reactors
1st Order Decay Rate (days-1)

0
-0.005 0

2

4

6

-0.01

Experimental 1st Order
Decay Rate

-0.015
-0.02

Predicted 1st Order Decay
Rate

-0.025
-0.03
-0.035
-0.04
-0.045
-0.05

Concentration FeS (mM)

Predicted best fit line:
Y= 7.83x 10-4 – 0.0149
R2 = 0.024
α = 0.05
p = 0.59

Figure 4.6.1B: Linear regression analysis of 14 abiotic reactors used to determine

if the PCE decay rates in the control reactors were statistically different from the
decay rates in the reactors containing FeS. Experimental rates given in blue with
regression predicted rates in red.
Other evidence that could have been used to identify abiotic degradation
would have been the detection of acetylene. However, acetylene was never
detected throughout the experiment indicating it either never formed or did not
form in large quantities to be detected using the given method detailed in 4.5.5.
Despite the lack of PCE degradation in these abiotic reactors, it was
important to attempt to find the lower threshold concentration for abiotic
degradation. This concentration range of 0- 5.2 mM FeS (0- 457.13 mg/L) was
chosen to determine if any abiotic degradation could occur in the range where
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studies have shown Dhc cultures have been inhibited by the sulfide concentration
(He et al. 2005; Hoelen and Reinhard 2004). If abiotic degradation could be
effective in environments where the biotic degradation is less prevalent, this
remedial strategy might be a more efficient alternative to be used instead of or in
conjunction with bioremediation. The results indicated that at least for these low
FeS concentrations, abitoic degradation is not a practical route to pursue. The
results observed in these batch reactor experiments are consistent with prior work
done investigating reactive iron suflide minerals, which have not observed PCE or
TCE degradation by FeS at concentrations below 1 g FeS/L (Butler, Chen, and
Darlington 2013; Dong et al. 2008).
4.6.2 Biotic Batch Reactors
4.6.2.1 Determining microbial culture activity
The biotic batch reactors consisted of two sets of experiments with
different targeted questions. The first group of biotic batch reactors was aimed at
determining which cultures would be active in the target environment and
determining how the rates of iron reduction compare between the BDI-SZ (which
contains Geobacter lovleyi SZ a culture capable of iron and chlorinated ethene
reduction)

and

iron

reducing

cultures

Geobacter

sulfurreducens

and

Anaeromyxobacter FRC strains W and D.
Results from these experiments could be determined qualitatively as the
ferric iron turned from rust colored to black as it was reduced, and quantitatively
via the Ferrozine method to measure soluble forms of iron (as described in 4.5.7).
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Figures 4.6.2A-C show how drastic these color changes could be in batch
reactors.

Figure 4.6.2A: Geobacter sulfurreducens batch reactors 8 days post-inoculation

Figure 4.6.2B: Geobacter sulfurreducens batch reactors 10 days post-inoculation

Figure 4.6.2C: Geobacter sulfurreducens batch reactors 18 days post inoculation
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Quantitative measurements verified that Geobacter sulfurreducens could
be active in the target environment, and that Geobacter sulfurreducens was
capable of reducing iron more effectively than BDI-SZ. Both strains of
Anaeromyxobacter assessed in the batch reactors did not produce any additional
reduced iron throughout the duration of the experiment while the Geobacter
sulfurreducens produced iron (II) in greater quantities and faster than the BDI-SZ
(See Figure 4.6.2D).

Iron (II) Concentrations w/ Time

Iron (II) Concentration (mg Fe2+/L)

70
BDI 1

60

BDI 2
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BDI 3

40
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Geosulf 2
Geosulf 3

20
10
0
0

5

10

15

20

25

Days Since Inoculation

Figure 4.6.2D: Iron (II) concentrations among replicate batch reactors of BDI-SZ
and Geobacter sulfurreducens (“Geosulf”) containing ferric coated sand (1.5% by
wt) with time. Not shown due to inactivity – Anaeromyxobacter FRC strains W
and D.
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Average first order rates of iron reduction for the triplicate sets of IRB in
the experiment were 0.057 days-1 for Geobacter sulfurreducens, and were a factor
of almost 6 slower for BDI-SZ and negligible for both strains of
Anaeromyxobacter (Table 4.6.2A). The large standard deviations relative to the
average rates of growth in BDI-Z and the two Anaeromyxobacter strains indicate
that only Geobacter Sulfurreducens was capable of reducing iron across all three
reactors.
Table 4.6.2A: Rates of Iron (II) formation from a ferric coated sand (1.5% by wt) Among
4 Iron Reducing Cultures

Reactor
Geobacter Sulfurreducens
Geobacter Sulfurreducens
Geobacter Sulfurreducens
BDI-SZ
BDI-SZ
BDI-SZ
Anaeromyxobacter FRC W
Anaeromyxobacter FRC W
Anaeromyxobacter FRC W
Anaeromyxobacter FRC D
Anaeromyxobacter FRC D
Anaeromyxobacter FRC D

-1

Avg k (days )

Standard
Deviation

0.057

0.018

0.010

0.021

-0.229

0.125

-0.077

0.039

The dechlorination activity of the BDI-SZ culture was confirmed through
the reduction of chlorinated ethenes. After neat PCE was added to the reactors,
VOC concentrations were measured with time. All three BDI-SZ reactors
produced PCE degradation products (TCE, c-DCE, VC). Additionally, none of the
PCE in the batch reactors amended with Geobacter sulfurreducens or either
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Anaeromyxobacter strain was reduced to form daughter products (TCE – ethene).
Figure 4.7.2E shows the PCE degradation with time for four different cultures.

IRB PCE Degradation with Time
0.6
Anaero W1

PCE Concentration (mM)

0.5

Anaero W2
Anaero W3

0.4

Geosulf A
Geosulf B

0.3

Geosulf C
Anaero D1

0.2

Anaero D2
Anaero D3

0.1

BDI-SZ A
BDI-SZ B

0
0
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BDI-SZ C
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Figure 4.6.2E: Comparing the PCE reduction of 4 triplicate sets of iron reducing

bacterial cultures. Initial sample point of Geosulf C was errant (near zero point)
and then disregarded. “Anaero W” refers to Anaeromyxobacter FRC Strain W;
“Anaero D” refers to Anaeromyxobacter FRC Strain D; and “Geosulf” refers to
Geobacter sulfurreducens.
Although most reactors had a decrease in initial PCE concentration
between the first and second sampling periods, all three BDI-SZ reactors had the
greatest decrease in PCE concentration and continual decrease for the next two
sample periods. Additionally, only the three BDI-SZ formed any detectable
daughter products consistent with organohalide respiration of PCE (See Figure
2.4.1), which included TCE (ND, 0.0027 mM, 0.0034 mM) and c-DCE (0.26
71

mM, 0.35 mM, and 0.32 mM) within 10 days of inoculation, and c-DCE (0.3 mM,
0.39 mM, and 0.32 mM) and VC (0.001, 0.001, 0.003 mM) by within 16 days of
inoculation. These results were relevant for the column experiments moving
forward as it was verified the BDI-SZ culture would be used as the dechlorinating
culture in Biotic Columns #1 and #2, and Geobacter sulfurreducens would be the
culture used in Biotic Column #2.
4.6.2.2 Sulfide tolerance of BDI-SZ
The second group of biotic batch reactors was used to determine the
concentration of sulfide that inhibited PCE to ethene dechlorination activity by
BDI-SZ. Reactors were prepared in triplicate sets at the concentrations of 0.4, 1,
5, 8, 12, and 20 mM sulfide in DCB-1 medium. BDI-SZ was then added for a
final concentration of 5% by volume. A seventh triplicate set of sterile 0.4 mM
sulfide in DCB-1 medium was prepared as abiotic controls to account for any
losses of PCE through the septa.
Figure 4.6.2F shows the activity of BDI-SZ versus the concentration of
sulfide it was exposed to in the DCB-1 medium. This data is presented as chlorine
number versus time. Chlorine number is a metric for assessing how much
degradation is occurring within each reactor, particularly for reactions containing
PCE and its daughter products (Leeson et al. 2004). The chlorine number is
calculated as:
Chlorine # = ________4[PCE] + 3[TCE] + 2[DCE] + [VC]________________
[PCE] + [TCE] + [DCE] + [VC] + [ethene] + [ethane] + [acetylene]
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where “[ ]” denotes the concentration of the compound in mM. The lower the
chlorine number, the more degradation that has occurred within the batch reactor.
Error bars were used to mark the standard error (standard deviation/ number of
samples) in chlorine number for each triplicate set of reactors.

Activity of BDI-SZ in Varying Sulfide
Concentrations
4.5
4.0
3.5
0.4 mM Sulfide

Chlorine #

3.0

1 mM Sulfide

2.5
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0.5
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Figure 4.6.2F: Activity of BDI-SZ in varying sulfide concentrations. Chlorine # is

used as a surrogate for activity, as it is a metric for assessing how much
degradation has occurred within each reactor (explained in section 4.6). The lower
the chlorine #, the more degradation of PCE that has occurred.
Results

for

the

BDI-SZ

dechlorination

activity

versus

sulfide

concentration experiments indicate that VOC degradation by BDI-SZ is
incomplete to ethene between 1 mM and 5 mM sulfide, with no daughter products
forming at concentrations of sulfide 12 mM or higher. Organohalide respiration at
sulfide concentrations of 0.4 mM and 1 mM have identical decay rates (-0.003
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days-1) (see Figure 4.6.2G), indicating BDI-SZ exhibits no change in
dechlorination activity in concentrations of sulfide up to 1 mM. This is consistent
with work done by (He et al. 2005).
Some interesting data shown in Figure 4.6.2F is the chlorine numbers of
the 5 and 8 mM sulfide reactors. The chlorine number appears stagnant before the
378 hours sample for the 8 mM sulfide set and the 448 hr sample for the 5 mM
sulfide set. This delay in dechlorination activity indicates the sulfide may have
impeded the initial dechlorinating efforts of BDI-SZ, but after an acclimation
period, the cultures were able to dechlorinate.
If the dechlorination plots for the 5 and 8 mM sulfide reactor sets are
compared to one another (Figure 4.6.2H), it can be seen that the dechlorination
activity primarily occurs in the formation of c-DCE for the 8 mM sulfide reactors
and VC for the 5 mM sulfide reactors.
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Figure 4.6.2G: Comparison of the individual plots between BDI-SZ in 0.4 mM sulfide and 1 mM sulfide DCB-1 medium. All
results were normalized to their initial PCE (mM) and then averaged across the three reactors.
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Figure 4.6.2H: Comparison of the individual plots between BDI-SZ in 1 mM sulfide and 5 mM sulfide DCB-1 medium. All
results were normalized to their initial PCE (mM) and then averaged across the three reactors.
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Figure 4.6.2I: Comparison of the individual plots between BDI-SZ in 12 mM sulfide and 20 mM sulfide DCB-1 medium. All
results were normalized to their initial PCE (mM) and then averaged across the three reactors.
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The microbes responsible for degrading PCE and TCE to c-DCE and VC
contained within the BDI-SZ consortia include Geobacter lovleyi SZ (GeoSZ),
and three strains of Dhc (Cápiro, Löffler, and Pennell 2015). The three Dhc
strains include FL2 (46%), GT (54%), and BAV1 (<0.001%) (Cápiro, Löffler,
and Pennell 2015). Only microbes from the genus Dhc are capable of reducing
chlorinated ethenes past c-DCE to VC and ethene (Cápiro, Löffler, and Pennell
2015).
Despite the BDI-SZ in 5 mM sulfide DCB-1 medium accumulating larger
amounts of VC, no ethene had formed by the 570 hour sample. The FL2 strain is
capable of metabolic reduction of TCE to VC, along with cometabolic
transformation to ethene. However, the last VC-ethene step is often incomplete,
leading to the accumulation of VC (Ritalahti et al. 2006). The other two Dhc
strains contained within BDI-SZ, GT and BAV1, are capable of dechlorinating
VC metabolically and produce ethene more efficiently (Ritalahti et al. 2006).
Work done by suggest that different Dhc have differing tolerances of sulfide
concentrations. The data given suggests the FL2 strain may still be active at the
sulfide concentrations in the 5 mM sulfide reactors while the GT and BAV1
strains are not. However, work done by showed complete halt of dechlorination
activity by FL2 at 5 mM sulfide. This makes the current work interesting as
certain strains of Dhc may be able to tolerate higher concentrations of sulfide than
once thought. Should these batch reactors continue to be monitored with time, it
will be interesting to see how the dechlorination trends progress.
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The primary dechlorination activity that occurred in the 8 mM sulfide
reactors was in the formation of c-DCE and to a lesser extent, VC. The cultures
within BDI-SZ that would likely be responsible for this activity include GeoSZ
and Dhc FL2. While there is a large amount of c-DCE that formed in the 8 mM
sulfide reactors, it is important to note the large standard error bars associated
with that measurement, indicating this result was not consistent across all three
reactors (see Table 4.6.2B). This is because one of the three reactors, Batch
Reactor #11 as shown in Table B.1 in Appendix B, was producing large amounts
of c-DCE compared to the other two reactors. If the data from this reactor is
negated, the average c-DCE concentration decreases from 0.728 of the initial PCE
concentration to 0.211 of the initial PCE concentration (see Table 4.6.2B).
Table 4.6.2B: Comparing the c-DCE concentrations of the 8mM sulfide reactors with
and without batch reactor #11 at the 570 hour sample period.

Statistics

c-DCE in 8 mM
Reactors without #11

Average Concentration
(mM) normalized to initial
PCE concentration (mM)
Standard deviation
standard error

c-DCE in 8
mM reactors
with #11

0.211

0.728

0.216
0.125

0.908
0.524

Table 4.6.2B shows there is a wide range of results exhibited in the three 8
mM sulfide reactors that make it difficult to discern how active the BDI-SZ
culture is at this level of sulfide. The average VOC concentrations from the
reactors in the 8 mM sulfide set would indicate a large amount of c-DCE is
forming and that more dechlorination is occurring than observed in the 5 mM
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sulfide set. However as Table 4.6.2B shows, this data contains a very wide spread
about the mean values. Even if the high c-DCE values measured in reactor #11
are removed, the standard deviation is still larger than the mean. This indicates the
mean values for the reactors contained within the 8 mM sulfide set may not be a
good representation of the expected VOC concentrations in the batch reactors.
Should these reactors continue to be monitored it will be interesting to see how
the variability with each measurement among the triplicate reactors progresses
with each sample period.
As can be noted from the small change in chlorine number in Figure
4.6.2F, and the lack of formation of any daughter products (see Figure 4.6.2I), no
dechlorination activity appears to be occurring in the reactors containing 12 mM
sulfide and 20 mM sulfide. While both sets of reactors do contain vinyl chloride,
this was likely added when the inoculating culture was introduced to the batch
reactors. Measurements of the VOC concentrations within the inoculating culture
were taken at the time of inoculation. The concentrations of VOCs in the
inoculating culture revealed no PCE, TCE, or c-DCE, but 0.455 mM VC, and
0.134 mM ethene. If these compounds were added to the batch reactors on a 5%
by volume basis, the concentrations of the VOCs in the inoculated batch reactors
become 0.023 mM VC and 0.007 mM ethene. The measured values of VC were
as high as 0.015 mM for the 12 and 20 mM sulfide reactors, a value below what
the introduced VC could have been, which supports the notion that the VC in
these reactors was likely introduced during inoculation. The maximum
concentration of VC for all other reactors at the start of the experiment was 0.024
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mM, which is within 5% of the theoretical VC concentration after the reactors
were inoculated. Additionally, ethene concentrations added to the batch reactors
were more than an order of magnitude less than the vinyl chloride concentrations
and were not observed on any of the reactors’ initial chromatograms. The steady
measurement of VC with time is another indication microbial activity is minimal
because this compound is neither being formed from c-DCE dechlorination or
being degraded to ethene.
An important consideration with these results is that each data point is an
instantaneous measurement of a continually evolving biotic system. While the 0.4
mM sulfide reactors reduced PCE and formed daughter products at similar rates
and concentrations as the 1 mM sulfide reactors, these systems are still active and
the complete reaction to ethene is not complete. Thus, they may show different
results as the experiment progresses. Similarly, the 5 and 8 mM sulfide reactors
have not yet completed the PCE degradation to ethene. The large standard error
associated with each measurement in both systems may indicate the kinetics of
the 5 and 8 mM sulfide reactors are more variable, and more time may be required
for clear trends to appear. To date, the data recorded only represents “snap shots”
of how the BDI-SZ culture has degraded PCE with time and do not represent the
entire experiment yet.
Determining the maximum sulfide threshold to dechlorinating microbes
would be relevant to site professionals working at sites containing high sulfide
concentrations as this value could determine if bioremediation would be a
plausible strategy. From the batch reactors discussed in this section, the maximum
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level of sulfide at which BDI-SZ still exhibits dechlorinating abilities lies between
8 and 12 mM sulfide.
4.6.3 Biotic Columns
The biotic columns were two sand-packed columns that were prepared
identically and run simultaneously in parallel. They were created using the same
materials and were flushed with the same influents. Due to the separate filling of
syringes, the influent PCE concentrations varied slightly throughout the
experiment. The maximum difference in influent PCE concentration was 0.059
mM with an average difference between the two influents of 0.01 mM. It is not
believed this variation in influent concentration affected the results of the
experiment because neither column received concentrations of influent PCE
greater than 50 mg PCE/L, or that greater than has been found to be inhibiting to
dechlorinating microbes (Amos et al. 2007; Amos, Suchomel, et al. 2008).
The primary difference between the columns was the microbial cultures
that were injected into them. One column consisted of the dechlorinating culture
BDI-SZ (Column #1) while the other column consisted of a mixture of the BDISZ and the iron reducing culture Geobacter sulfurreducens (Column #2). The
influent to the columns was a 5 mM sulfate reduced mineral salts medium
containing 5 mM lactate and acetate as electron donors, along with 11 - 46 mg
PCE/L.
The initial tracer test data used to determine the pore volume of the two
columns revealed that BDI Only (Column #1) had a pore volume of 35.46 mL and
BDI + IRB (Column #2) had a pore volume of 36.35. Because both columns were
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served from syringes on the same pump at the same rate (0.015 mL/min), more
influent flushed through the column with a smaller pore volume (Column #1
hydraulic residence time = 1.64 days; Column #2 hydraulic residence time = 1.68
days).
Other differences determined by the packing of the columns was the
amount of ferric iron associated with each column. Both columns were packed
with the inlet two centimeters consisting of acid washed sand to limit clogging
potential at the influent to the column. The remaining 13 cm of column was filled
with 1.5% ferric coated sand by weight. Column #1 contained 1.77 g of ferric
iron, which equates to approximately 32 mM Fe3+, while Column #2 contained
1.741 g of ferric iron, which is approximately 31 mM Fe3+. These values are
relevant when determining the amount of reactive minerals that may be available
to contribute towards abiotic dechlorination. For example, as was shown by
(Butler, Chen, and Darlington 2013; Dong et al. 2008), at least 1 g reactive
mineral/L is required to observe abiotic reduction. Assuming all the iron in
Column #2 could be reduced, approximately 47.9 g reactive mineral/L would
exist within the column which means enough reactive mineral would be present to
have an impact. Additionally, if the influent sulfate were to be reduced to sulfide,
then theoretically 31 mM of sulfide would react with the 31 mM of reduced iron
compounds to form approximately 75 g/L FeS.
The VOC degradation products and geophysical parameters (pH, ORP,
sulfide, sulfate, iron (II), iron (III), lactate and acetate) were measured with time.
Figures 4.6.3A and 4.6.3B show the influent PCE concentration and degradation
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products measured in the effluent with time. The black vertical line that occurs at
23-24 pore volumes for Column #1 and 21-22 pore volumes for Column #2
indicates where a planned 60 hour flow interruption occurred. The flow
interruption was primarily conducted to enhance microbial activity within the
column. Work done by showed that biological activity not only can increase
after flow interruptions, but also sustains increased activity after flow has
resumed. This can be seen to be the case in both columns as in Column #1, c-DCE
decreased drastically following the flow interruption while VC increased. VC
continued to rise after the flow interruption, suggesting sustained increased
activity was occurring in the column. In Column #2, VC decreased while ethene
concentrations increased. Even after the flow resumed, ethene concentrations
were still detectable indicating increased biotic activity following the flow
interruption.
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Figure 4.6.3A: Biotic Column #1 degradation of PCE by BDI-SZ only.
Chlorinated ethenes were measured from the effluent sample bulb while the
influent PCE was measured from the injection syringes. Pore volume 0 is when
the columns were inoculated with their respective cultures. The vertical black line
indicates a planned flow interruption.
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Figure 4.6.3B: Biotic Column #2 degradation of PCE by BDI-SZ and reduced iron

minerals. Same sampling procedures were used as in Biotic Column #1.
More direct comparisons of the dechlorination rates between the two
columns can be made if the chlorine number (as described in section 4.6.2.2) for
each column is plotted versus the pore volume (Figure 4.6.3C). Although the
chlorine numbers for both columns start and end near the same values, the column
containing the iron reducing bacteria achieved greater dechlorination (degradation
more complete to ethene) in less pore volumes. A logarithmic trend line was
chosen as the best fit to the data based on its correlation coefficient, or R 2 value.
The equations of these trendlines indicate rates of -0.586 and -0.616 chlorine
numbers/log(pore volume) for the BDI-SZ and BDI-SZ + Geobacter
sulfurreducens columns, respectively. The differences in trendline equations
suggest the degradation of chlorinated ethenes was occurring approximately 4.9%
faster in the column containing the reduced iron minerals.
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However, when the chlorine number was monitored with time in the
tolerance of BDI-SZ to sulfide batch reactors experiments (section 4.6.2), the
triplicate set of 0.4 mM sulfide reactors (no sulfate) exhibited a variation in decay
rates of 3.8% after 570 hours. It is unclear if the additional 1.1% difference
between the two column degradation rates can be attributed toward abiotic
degradation or to increased variability in results from a more complex system than
batch reactors.
The greatest difference in chlorine number between the two columns is
visible between the PVs of 11-24. During this time period, the effluent ORP of the
iron reducing bacteria containing column was on average 55.1 mV lower than the
BDI-SZ column (Figure 4.6.3D), indicating a more reduced environment was
present in the column containing Geobacter sulfurreducens. Measurements of
iron concentration indicate that iron (II) was being formed in the BDI-SZ +
Geosulf column during this time period and may have contributed toward the
additional VOC degradation, although no measurements were able to show this
definitively.
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Figure 4.6.3C: Chlorinated ethene reduction between the two bioaugmented
columns. Logarithmic trend lines for the two columns indicate the reduction of
chlorinated ethenes occurred more quickly in the BDI-SZ + Geosulf column when
compared with the BDI-SZ only column.
Besides the VOCs measured and shown in Figures 4.6.3 A and B, other
parameters were recorded to understand the biogeochemical processes that were
occurring within the column. ORP was constantly measured throughout the
experiment both in the influent and effluents (see Figure 4.6.3C).
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Figure 4.6.3D: Oxidation-reduction potential (ORP) of influent and effluent from
Column #1 (BDI Only) and Column #2 (BDI + IRB). PV 0 is when the columns
were inoculated with their respective cultures. Influent samples were collected
from the injection syringes and effluent samples were collected from sample
bulbs attached to the columns.
While the influent was maintained and identical for both columns between
-100 mV and -180 mV, the effluent ORPs differed depending on the activities of
the microbial cultures within each column. Column #1, containing BDI-SZ, was
often less reduced that Column #2, which contained BDI-SZ and Geobacter
sulfurreducens. This difference seemed to increase with time as Geobacter
sulfurreducens reduced more iron throughout the column. The lower ORP in
Column #2 may be a reason why it was able to reach VC and ethene
dechlorination products faster (in less pore volumes) than Column #1, since
reduction of these more reduced contaminants would then be more
thermodynamically favorable (Cwiertny and Scherer 2010a). The sustained
formation of ethene in Column #2 may also be attributed to the reduced iron
minerals, but without detection of acetylene it is difficult to verify.
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The pH of the two columns was also maintained closely. Figure 4.6.3D
depicts the pH of the influent and effluent of both columns throughout the
experiment.
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Figure 4.6.3E: pH of the influent and effluent samples of both columns. Influent
samples were collected from their respective injection syringes while effluent
samples were collected from sample bulbs connected to the columns. PV 0
denotes when the columns were inoculated with their respective cultures.
The influent was identical for both columns and was typically between
7.0-7.3. The effluent pH of each column differed, especially as more iron was
reduced. The effluent pH of Column #1 was consistently slightly higher than the
influent, but the effluent pH of Column #2 was on average 2 tenths higher than
the influent pH and even as much as 0.65 higher. This increase in pH was
possibly caused by the formation of reduced iron compounds and iron sulfides
(see equation 4.6.1).
2FeOOH + 3HS- = 2FeS + S + H2O + 3OH-
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(Equation 4.6.1)

However, it is important to note that given how closely the effluent pH of
both columns aligns with one another, the differences in measurements may be
attributed to variability within the biotic systems. Iron (II) was indeed being
formed in greater concentrations and at faster rates in the column containing
Geobacter sulfurreducens, but one would have expected changes in the pH to
occur at different rates, coinciding with iron (II) formation, if iron reduction was
affecting that parameter.
Iron, both the reduced form and total iron, were measured in the influent
medium and both effluents. Initially, both columns measured non-detects within
the influent and effluent for both the reduced and oxidized forms of iron,
indicating that no iron was being reduced. By pore volume 23 and 21 in Columns
#1 and #2, respectively, iron was measured in the effluent of Column #1 at 0.3
mg/L and Column #2 at 39.9 mg/L. By this time, the Column #2 had become
black while Column #1 maintained its initial rust color. Additionally, the effluent
lines of the two columns had begun changing colors as iron minerals were
deposited on the lines. Column #1 had only black effluent lines which became
clear the further the solution moved from the column. This was consistent with
solid iron oxides depositing on effluent lines before becoming oxidized enough to
be soluble and dissolve in solution. Column #2 had significantly more color
changes throughout its effluent as it changed from purple to black to yellow
between the effluent line to the sample bulb, the sample bulb, and the effluent line
leaving the sample bulb. Using a pE-pH diagram, it could be inferred the reduced
types of iron formed included siderite, mackinawite, and magnetite. Over time the
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effluent bulb of Column #2 contained considerably more reduced iron than
Column #1 which confirmed the activity of Geobacter sulfurreducens within the
column.

Figure 4.6.3F: Column effluent sample bulbs at PVs 24 and 22.4 for Column #1
(Left) and Column #2 (Right), respectively. Note the darker color in sample bulb
for Column #2 indicative of iron reduction. All effluent samples were drawn from
the bottom of these bulbs out through a 3-way valve.
Sulfate and sulfide were both measured at the influent and effluent of both
columns throughout the experiment. While sulfide was often measured in the
influent, it was not measured in the effluent. This was expected as sulfide would
likely to react with any reduced iron minerals within the columns. Sulfate was
maintained consistently between 4-7 mM in the influent and was often measured
at the same concentration in the effluent. This indicated that no organisms were
using sulfate as their electron acceptor and primarily iron minerals and VOCs
were all that were being reduced.
To date, the results have revealed that biotic degradation dominates the
current environment within each of the columns. Dechlorination to ethene is more
complete in Column #2, but it is unclear if the ethene formation is due to abiotic
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transformation or biotic dechlorination of vinyl chloride to ethene. It is likely the
latter, however, given the stepwise degradation pattern and lack of excess ethene
in relation to its parent products. One might expect larger concentrations of ethene
than stoichiometricly determined from the column’s VC concentrations if abiotic
degradation were occurring. An additional reason the biotic dechlorination may
be more active in Column #2 is the lower ORP which creates a more
thermodynamically favorable environment for VC reduction than at higher ORP
values. The continual formation of reduced iron in Column #2 may lead to further
abiotic dechlorination contributions that will make its presence more obvious.
Future planned additions of a sulfate reducing bacteria might also have a
lasting impact. Theoretically if an active sulfate reducing bacteria can be added to
Column #2, it should be able to continually reduce the 5 mM influent sulfate
using the 5 mM influent lactate and acetate (Muyzer and Stams 2008; Plugge et
al. 2011), thus forming large sulfide concentrations. This sulfide will then react
with the reduced iron to form reactive iron sulfides, which have shown to be more
reactive with chlorinated solvents than the reduced iron minerals (He et al. 2015;
Darlington and Rectanus 2015) Creating an environment with up to 75 g FeS/L
will be three times higher than what (Butler, Chen, and Darlington 2013) used in
their study of abiotic degradation in microcosms, which could lead to greater
abiotic dechlorination contributions within the column.
Additionally, the formation of excess sulfide in the column (>1 mM) may
serve to hinder the dechlorinating abilities of BDI-SZ as was observed in the
batch reactors that investigated BDI-SZ tolerance to sulfide. The impediment of
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microbial dechlorinators and addition of more reactive minerals to the column
may help define where abitoc degradation plays a more prominent role in the
degradation of chlorinated compounds.
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Chapter 5: Engineering Implications and Recommendations
The work discussed in this thesis revolved around the interaction of
reactive iron minerals, sulfide, and bioremediation. Specifically, this research
focuses on determining the impacts of reduced iron minerals and sulfide
formation on remediation efforts. In some cases, the formation of reactive
minerals may block porous media pore throats and increase residence time
through an aquifer, which may lead to more effective cleanup. Conversely,
potential negative impacts of reactive mineral formation include decreased
contaminant dissolution, challenges with amendment delivery due to flow
bypassing, and the formation of too much sulfide could hamper organohalide
respiration without contributing toward abiotic degradation. As more is
understood about biotic reactions with abiotic processes, remedial strategies will
continue to improve. Simplifying project sites down to a “black box” full of
unknown processes and interactions will become a practice of the past. The
remediation of chlorinated solvents is becoming more focused on efficiency
(more cleanup for less cost), and it will become more critical to understand the
full suite of reactions that occur in the subsurface. Below is the suggested future
work stemming from the experiments and results discussed in this thesis, which
this author believes will help enhance our understanding of subsurface activity.
5.1 Abiotic Iron (II) Sulfide Precipitation
5.1.1 Future Work
The abiotic iron (II) sulfide precipitation columns used in this work were
simplified models of a potential field site. The experiments revealed that
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reductions in pore volume and permeability can occur, and that they can also be
reversed through oxidation. The column studies discussed in section 3 exhibited
decreases in pore volume of 12-13% with a reversal of 13% following oxidation.
But one 1-D column experiment is not enough to extrapolate these findings to all
materials. In fact, work done by Marcet (2014) saw the opposite results, that
oxidation further reduced pore volume within his columns.
Future work should seek to determine which results are consistent across
different types of porous media, whether it is material of different grain size,
heterogeneity, or higher organic carbon content. Additionally, different reactive
mineral precipitation may affect the subsurface differently. Each mineral has its
own chemical composition that could mean it has different solubility, grain size,
and responses to reduction and oxidation from other minerals. Understanding the
expected change in pore volume and permeability that could result from remedial
efforts is relevant to environmental professionals as it can affect the remedial
strategy in many ways. If reductions in permeability occur, it is possible the
increased retention time may enhance dechlorination rates or reduce the mobility
of a toxic compound. Alternatively, this could make amendment delivery more
difficult leading to some areas being left untreated. Understanding which option is
more likely to occur when treating a site can lead to more realistic predictions of
cleanup time and cost. Further work in this area that would help identify the
secondary effects of biostimulation will to produce more pragmatic approaches to
site cleanup.
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Future work may wish to consider an amended experimental setup. One
issue that consumed a lot of time and effort to mitigate was the potential for
clogging at the influent of the column. The influent medium was forced through a
1/16th inch diameter tube before entering a 4.8 cm diameter column. The initial
two centimeters of porous media were acid washed sand to limit the precipitation
of iron minerals at this interface and to ensure the influent medium was able to
reach the entire cross-sectional area. An alternative approach may want to
consider a setup where the influent tubing’s cross-sectional area would be
approximately equivalent to the column’s cross-sectional area. This experimental
design would limit the risk of the influent line being so prone to clogging and
therefore any results indicative of losses in hydraulic conductivity could more
confidently be attributed toward the FeS precipitation.
Additional work to be completed regarding the effect of FeS precipitation
on the hydraulic properties of porous media would be determining how much the
presence of biomass contributes to further altering the subsurface pore volume.
Sulfate and iron reducing bacteria have both been linked to well clogging (Smith
1995; Van Beek and Van der Kooij 1982; van Beek 2011), so it is possible that
further reductions in pore volume may be observed from iron sulfide precipitation
with biota present. Given the ubiquity of iron and sulfate reducing bacteria in
aquifers (Hansel et al. 2004), an increased understanding in the changes in
hydraulic properties that can be expected by unintentionally stimulating these
bacteria may improve remediation efforts. It is also unclear what effect the
oxidation of biogenically formed FeS will have on the hydraulic properties of
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porous media. If the biomass from microbial growth contributes to additional pore
volume losses during FeS precipitation, determining how the oxidation of the FeS
minerals will affect the losses due to biomass could provide a different result from
what was observed in the abiotic columns. It is unclear if the system pore volume
will rebound as was observed in this research. An increased understanding of the
secondary impacts of bioremediation will only improve our understanding of
chlorinated solvent remediation and allow more effective remedies to be
implemented.
5.1.2 Recommendations Regarding FeS Oxidation
Efforts to reverse permeability losses due to FeS precipitation can be
completed through the careful oxidation of these minerals. Work by Hem (1960)
indicates that iron oxides would precipitate out of solution near +400 mV Eh,
which may further reduce flow through an aquifer. Efforts to reverse losses due to
FeS precipitation should seek to stay below this redox potential in order to avoid
such reactions and allow the formation of soluble ferric/ferrous sulfates without
iron oxides.
Simply measuring dissolved oxygen (DO) is not a good indication of
redox potential as the measured redox potential is often 400 to 600 mV less than
calculated potentials based on DO (Rose and Long 1988). Additionally, work by
Zhai et al., 2012 suggest ORP is both more strongly correlated to microbial
activity and is a more rational parameter to indicate an anaerobic or aerobic
environment than DO (Zhai et al. 2012). For these reasons, ORP, and not DO,
should be monitored closely during efforts to oxidize precipitated iron minerals to
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avoid the formation of iron oxides, which may exacerbate the losses in porous
media permeability.
If a system is to be oxidized during ongoing remediation efforts, it should
be noted that the introduction of oxygen into the system may impede any
dechlorination activity. Growth of Geobacter lovleyi SZ is completely inhibited
by the presence of oxygen (5-10% vol/vol) (Sung et al. 2006). A study of PCE
dechlorination by BDI-SZ after it had been exposed to oxygen (≤ 4 mg DO/L for
30 and 89 days) was completed by Amos et al (2008) and revealed that
dechlorination to VC could occur, but strains of Dhc catalyzing the VC-to-ethene
step are more susceptible to oxygen inhibition (Amos, Ritalahti, et al. 2008).
Because the activity of dechlorinating microbes may be negatively impacted by
the introduction of oxygen into their system, practitioners should halt any efforts
to oxidize their treatment zones (for the purposes of FeS solubilization) until after
remediation goals have been met.
5.2 BDI-SZ Tolerance of Sulfide
5.2.1 Future Work
These batch reactors represent simplified models of the subsurface
environment. An actual field site where this data would be relevant will contain
soil and likely other types of microbes that may be able to compete with the
dechlorinating bacteria. Future work may seek to use column studies or upscaled
flow experiments to verify the tolerance of BDI-SZ to sulfide. Work done by
(Schaefer et al. 2009) showed the dechlorination activity of Dhc in columns
studies were 200 times greater than what was observed in batch reactors,
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indicating there may be a large disconnect between the two experimental systems.
While the batch reactors were a good screening tool to identify possible sulfide
concentrations of interest, a more complex representation of the subsurface may
offer a better prediction of the tolerance of BDI-SZ to sulfide concentrations.
Other microbial populations are also likely to be present at field sites. It
would be worth investigating the sulfide tolerances of different species of
microbes relative to one another and if this might give a competitive advantage to
some microbes. For example, if methanogens were able to better tolerate sulfide
concentrations than Dhc, then Dhc may become inactive at lower concentrations
than expected as this hindrance gives a competitive advantage to the
methanogens, thus leaving less available substrate for Dhc to use to grow. Using a
more complex system containing different types of microbes may help determine
the tolerance of organohalide respiring bacteria to sulfide that is more
representative of what will likely be observed in field applications.
5.2.2 Implications for Bioremediation
Batch reactors used to determine the tolerance of the PCE-ethene
dechlorinating culture, BDI-SZ, revealed that after 570 hours organohalide
respiration of PCE is incomplete to ethene at concentrations above 1 mM sulfide
with no dechlorination happening at 12 mM sulfide and above. Determining the
exact concentration where the BDI-SZ culture, along with other dechlorinating
cultures, becomes hindered will help determine when a site is no longer the most
viable for bioremediation. Understanding that slower degradation rates are likely
to occur with higher sulfide concentrations, other remediation strategies may be
more effective at chlorinated ethene remediation in certain environments.
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Future work should consider monitoring the microbial species populations
throughout the duration of the experiment. By tracking the microbial populations
through this experiment using quantitative polymerase chain reaction (qPCR)
while simultaneously monitoring PCE degradation, it will become more evident
which microbial species within the consortia are increasing in number and can
grow at higher concentrations of sulfide. Different strains of Dhc (namely Cornell
and Pinellas) have shown different tolerances to elevated sulfide concentrations
(up to 600 μM) leading to shifts in the microbial communities within an
experiment (Berggren et al. 2013). This can indicate what PCE degradation
products are likely to form (VC, ethene, or both) and at what rates degradation is
likely to occur. However, it is currently unclear what levels of sulfide both
Dehalobacter and Geobacter lovleyi SZ can tolerate. Due to this lack of
understanding, it is unclear through what concentration of sulfide BDI-SZ can
dechlorinate chlorinated ethenes, and how their microbial communities might
shift in environments with elevated sulfide concentrations. Knowing this would
help able to determine which cultures within BDI-SZ are better suited to degrade
PCE at elevated sulfide concentrations. This knowledge could help with the
development of a consortia better suited for environments with higher sulfide (>
1mM) concentrations.
5.3 BDI-SZ vs. BDI-SZ + IRB
5.3.1 Future Work
To date, the VOC’s in the column containing BDI-SZ and Geobacter
sulfurreducens were reduced faster and more completely than in the column
solely containing BDI-SZ. Several potential reasons exist, including a lower ORP,
101

which would make VC reduction more thermodynamically favorable, and abiotic
reduction by the reduced iron minerals, but this has been difficult to determine.
Abiotic degradation can be challenging to verify because it requires either
compound specific isotope analysis (CSIA), the generation of ethene in greater
concentrations than expected from VC concentrations, or the detection of
acetylene (NAVFAC 2014). While CSIA can provide information on
transformation, enrichment factors for abiotic degradation are often similar to
those of biotic degradation (NAVFAC 2014). In order to verify abiotic
degradation by excess ethene formation, a better mass balance of chlorinated
ethenes must be achieved. Even before the columns were inoculated, the mass
balance achieved in this work was typically between 60-80%. Losses can occur
through the septa of the side ports and adsorption to the soil. Acetylene is a
compound characteristic of abiotic degradation (Arnold and Roberts 1998), but it
can be difficult to detect due to its volatility and because it is often quickly reused
as food for microbes (NAVFAC 2014). Determining a more effective way to
detect acetylene, both in the lab and the field, may make it easier to determine
when abiotic dechlorination is happening. Knowing this can increase our
understanding on when abiotic dechlorination is taking place and how its rates of
dechlorination can be enhanced.
5.3.2 Implications for Chlorinated Solvent Remediation
Currently, the plans for these columns are to inoculate the BDI+IRB
column with an active sulfate reducing culture. The additional sulfate reducing
bacteria should continually reduce the influent sulfate to sulfide. This may also
elevate the pH and decrease the ORP of the column, leading conditions more
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favorable toward in situ biogeochemical formation and less favorable toward
organohalide respiration. This could potentially help define the environment that
abiotic degradation plays a more impactful role in the degradation of chlorinated
ethenes than organohalide respiration. Identifying that tipping point will help
determine the most logical remediation approach at sites where the conditions are
not entirely favorable towards one approach or the other. Results may also
indicate there are certain environments where biotic and abiotic degradation are
occurring simultaneously, and should be a pursued course of action at a field site
with similar geochemical parameters.
At the completion of these biotic columns, a succeeding tracer test will
also reveal the impacts of biomass on hydraulic properties. Because microbes
were used in both columns, and FeS was generated in Column #2, a second tracer
test could help determine the impact of biomass along with biomass plus iron
sulfide precipitation on hydraulic properties. This will help answer questions
raised from the abiotic columns which seek to determine how biomass will further
affect hydraulic property change in the subsurface.
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Appendix
Details of work related to the project SERDP ER-2311 can be found in
Appendix A, including all objectives, background, materials, experimental
procedures, analytical methods, figures, tables, results, and discussion of results.
Additional figures and tables related to the work regarding the BDI-SZ tolerance
of sulfide can be found in Appendix B.
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Appendix A: Commerce Street, Williston, Vermont
A.1 Introduction and Objectives
Despite significant advances in our understanding of chlorinated solvent
source zones and the maturation of several in situ remediation technologies (e.g.,
bioremediation), our ability to provide a priori predictions of the performance of
remediation technologies in the field remains severely limited. Thus, the
overarching goal of this research project is to develop and demonstrate a
remediation design and performance protocol that couples careful characterization
of the contaminant source with down-hole treatability testing and mathematical
modeling to efficiently assess the suitability of a remediation technology, either
alone or in combination, and to estimate remedial performance (e.g., mass
removal/destruction) and the uncertainty associated with such predictions. The
research approach involves field measurements, laboratory validation and
numerical simulations of a TCE-contaminated field site (Commerce Street
Superfund Site, Williston, VT). The project is structured around three phases that
combine: (i) source and plume characterization, (ii) upscaled mass transfer and
transformation rates, and (iii) field-scale reactivity and predictions of remedial
performance. The contributions provided by this author focused on the physical
and chemical characterization of site materials. With no large, visible geologic
features between the surface and clay layer at 40 ft bgs, the site characterization
was completed to gain a better understanding of the hydrogeology and
contaminant transport at the site. Additionally, the parameters obtained from the
site characterization provided greater insight into the feasibility of the potential
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success of using bioremediation at the site.

In this task, aquifer materials

collected from the field site were analyzed for physical-chemical parameters
including permeability, grain size distribution, organic carbon content and
contaminant adsorption-desorption behavior. These contributions affected all
three phases of the project. In phase I, characterization of the materials led to an
improved understanding of the subsurface environment and the fate and transport
of contaminants at the site. This was completed through detailed analyses of two
preliminary site soil borings, which included grain size, organic carbon, and
permeability by Tufts, along with VOC concentrations and visual descriptions by
the environmental consulting firm, Nobis Engineering (Concord, NH). Following
these analyses, two transects were constructed perpendicular to groundwater flow.
The upgradient transects consisted of CMT wells 4 and 5 while the down gradient
transect consisted of wells 1-3 (See Figures A.1A and A.1B). These transects
were installed to assist with phases II and III of the project. Phase II focused on
the upscaled mass transfer and transformation rates through adsorption-desorption
contaminant studies and 2-D aquifer cell experiments using site material from the
two transects. In Phase III, down-hole treatability (DHT) tests will be conducted
at the field site to obtain rate parameters that can be utilized in numerical models
to predict remedial performance, and more importantly, to estimate the
uncertainty associated with these predictions. Experiments determining the
geophysical parameters with site material enhanced the predictive nature of
models regarding the upscaling of mass transfer rates. The parameters and rates
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measured in this task provided site-specific data for incorporation in reactive
transport models.

Figure A.1A: The site plan of the Commerce St Superfund Site in Williston, VT.
Approximate distances between the two borings is 100ft, between each CMT well is
approximately 25 ft, and between the two transects is approximately 40ft.

Figure A.1B: Aerial view and dimensions between wells
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A.2 Site Background
The Commerce Street Superfund Site in Williston, VT is located in an
industrial park with the primary sources of contamination stemming from an
unlined lagoon and leaching field where plating rinse water and sludge wastes
containing heavy metals and solvents were disposed of intermittently from 1960
through 1984. Volatile organic compounds (VOCs) including trichloroethene
(TCE), dichloroethene (DCE), petroleum hydrocarbons, and metals including
chromium, cadmium, and nickel have been detected in soil and groundwater
throughout the property. TCE is present at the highest concentrations (up to
91,000 ug/L), and is the most extensive contaminant with a detectable plume area
of approximately 96,000 m2. The water table is located at approximately 10 ft
below ground surface (bgs). The highest groundwater concentrations appear to be
confined vertically by the presence of a clay layer (approximately 40 ft bgs) and
reside within the overlaying silt and fine sands.
A.3 Material Used for Analysis
Material used for the physical-chemical analysis of field conditions was
obtained from the Commerce St Superfund Site in Williston, VT in August 2014.
Visual and texture analysis by a professional engineer indicated the material was a
relatively homogenous soil composed primarily of fine sand with increasing silts
as the depth increased. Initially two 4 inch soil borings, each of 40ft depth, were
drilled for the purposes of obtaining a better understanding of the subsurface
geology. Representative intervals for each boring were determined based on the
preliminary VOC and visual description data obtained from Nobis Engineering,
and samples taken from these depths were then averaged over each interval. The
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intervals chosen (each in ft bgs) were 10-14, 14-20, 20-24, 24-30, 30-34, and 3440. Because TCE is a DNAPL, the focus of soil characterization resided in the
intervals below the groundwater table (>10 ft beneath ground surface (bgs)).
Following the analyses of these two soil borings, material from the 5 CMT wells
were used for further subsurface material characterization. Primarily, focus was
given to CMT 1 and 5 to capture the furthest ends of the transect space.
A.4 Material Characterization
The site material was characterized through several geophysical analyses
including adsorption-desorption experiments, grain size analyses, static head tests,
and measurements of total organic carbon. The adsorption-desorption experiments
help to determine the rate of mass transfer of TCE between the solid and liquid
phases. Grain size analyses were used to quantify the size and type of soil
throughout the aquifer. Static head tests were used to determine the hydraulic
conductivity and permeability of the sediments in the aquifer, which helped to
explain how the contaminant might move throughout the subsurface. Total
organic carbon in both the aqueous and solid phases was measured to determine
the amount of bioavailable carbon that could be used to benefit dechlorinating
microbes and enhance the adsorptive capacity of the soils, respectively. Results of
these analyses provided a detailed understanding of the contaminant behavior in
the subsurface.
A.5 Adsorption-Desorption Studies
Determination of the extent and rate of mass transfer of TCE to site soil
was performed through a series of adsorption and desorption batch reactor
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experiments. Three measurements were performed: 1) the rate to adsorption
equilibrium; 2) the adsorption isotherm; 3) the rate to desorption equilibrium.
A.5.1 Solution Preparation
For each measurement performed, the aqueous phase was prepared
according to the following procedure. In a closed container, TCE was dissolved in
a solution of 10 mM ionic strength calcium chloride dihydrate in MilliQ water
and was allowed to mix on a stir plate for 24 hours prior to creating any samples.
The ionic strength was maintained at 10 mM for all materials analyzed to limit the
dispersion of fines in solution following centrifugation. The 24 hour mixing
period created a more uniform mixture and was enough time to let the nonaqueous phase liquid (NAPL) dissolve completely.
A.5.2 Vial Preparation
Crimp top vials (20 mL) were labeled and weighed dry with a grey rubber
septa and aluminum crimp top. Next, approximately 5g of dried, well mixed
material was added to each crimp top vial before they were reweighed. For sandy
materials, the material was weighed out on a scale and added to the vial. For clay
materials, the clay was first dried at 105°C overnight in a baking dish. It was then
passed through an HM-375 soil grinder (Vicksburg, MI) to break up the hard
chunks of clay and achieve a more uniform material. All clay that passed through
the grinder was sent through a #100 mesh sieve. The clay was then mixed with
MilliQ water on a 1:1 mass basis to achieve a gravy-like consistency was allowed
to sit overnight (see Figure A.5A).
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Figure A.5A Clay preparation prior to adding to vials

The following day the clay was inserted into Ziploc bags and was added
to the GC vials by squeezing the material through a removed corner of the Ziploc
bag. Then vials were completely filled with solution to eliminate headspace and
limit the mass transfer of TCE to the solid and liquid phases only (no gas phase).
As a control to account for potential losses through the caps, vials containing only
TCE solution were also created. These vials were then analyzed in conjunction
with the soil containing vials to account for mass losses due to volatilization.
Upon filling each of the vials with TCE solution, they were each crimped closed
and reweighed to determine the volume of solution added. Vials were then added
to rotating shaker trays in a fume hood until it was time to sample them (see
Figure A.5B).
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Figure A.5B Crimp top 20mL vials on rotating shaker tray

A.5.3 Sample Matrix
The three measurements conducted for the adsorption-desorption
experiments were completed in two phases: 1) the rate to adsorption equilibrium
and 2) the adsorption and desorption isotherms. For the first phase, sample vials
containing TCE solution and soil were created to be destructively sampled in
triplicate on a daily basis for the first week, then again at day 10, 15, and 21.
Despite vials being created to sample for up to 3 weeks, the vials were only
destructively sampled until the aqueous concentration differed from the previous
sample’s aqueous concentration by <2%. At this time it was determined the
adsorption system had reached equilibrium. Because this phase of the sorption
experiments was completed to determine the time required to reach adsorption
equilibrium, only one TCE solution concentration, 500mg TCE/L, was used for
all samples. At the time of this concentration achieving adsorption equilibrium, it
was assumed all other aqueous concentrations used in the given system in the
succeeding adsorption-desorption phase would have reached equilibrium as well.
Additionally, vials containing TCE solution only (no soil) were created to account
for any losses through the septa caps. These TCE solution only vials (no soil)
were only created as a single sample for each destructive sampling period. Table
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A.5.3A outlines the sample matrix for phase 1 of the adsorption-desorption
experiments.

Table A.5.3A: Rate to Adsorption Equilibrium Sample
Matrix

Day

# of Vials filled # TCE Solution
w/ 5g material
only (no Soil)
vials

1

3

1

2

3

1

3

3

1

4

3

1

5

3

1

6

3

1

7

3

1

10

3

1

15

3

1

21

3

1
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For the adsorption-desorption isotherms, sample vials containing a suite of TCE
solution concentrations and soil were created in sextupilicate to be destructively
sampled depending on the duration the vials from phase 1 took to reach
equilibrium. The targeted concentrations for the adsorption-desorption isotherms
were (in mg TCE/L): 50, 100, 250, 500, and 1000. Table A.5.3B outlines the
number of samples required for the adsorption-desorption studies.

Table A.5.3B: Adsorption-Desorption Sample Matrix

Target
Concentration of
TCE Solution
(mg TCE/L)

# Vials for
Adsorption
containing ~5g
material

# Vials for
Desorption
containing ~5g
material

# TCE Solution
Only (no soil)
vials

50

3

3

1

100

3

3

1

250

3

3

1

500

3

3

1

1000

3

3

1

Total # 20 mL crimp top vials = 35; total solid material added to vials (~150
g); total TCE solution required for each concentration (~175 mL)
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A.5.4 Destructive Analysis
All samples for the adsorption-desorption experiments were analyzed
using a 7890A GC equipped with a liquid autosampler (HP 7683) and an Agilent
DB-5 column (30 m by 0.32 mm OD) connected to a flame ionization detector
(FID) (Agilent; Santa Clara, CA). The detection limit for this instrument and
contaminant is estimated to be approximately 0.4 mg TCE/L. To destructively
sample the 20 mL crimp top vials, they were first removed from the rotating
shaker and were centrifuged at 1000 rpm for 30 minutes. During this time, 2.0 mL
glass vials were filled with 0.5 mL HPLC grade isopropyl alcohol (IPA).
Following centrifugation, 0.5 mL aliquots were drawn from each 20 mL crimp top
vial and were passed through a 0.2 µm filter before being added to the isopropyl
alcohol filled 2.0 mL vials for a total volume of 1 mL. Due to variability between
samples, each 20 mL crimp top vial containing soil had at least 3 aliquots among
the 2.0 mL glass vials while crimp top vials containing no soil had at least 5
aliquots. Although only 3 vials are labeled for the adsorption study, both the
adsorption and desorption vials were be sampled at once. This gave twice as many
values to determine the adsorption isotherm. Following the aqueous phase
sampling, an attempt to close the mass balance on the TCE in the adsorption vials
was made by sampling the solid phase, and the desorption vials continued onto
the desorption phase of the experiment.
A.5.5 IPA Extraction
While the aqueous phase of TCE was measured through the destructive
sampling method described in section A.4.1.4, the solid phase TCE was measured
via an amended methanol extraction method from (Costanza 2005). IPA was used
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in place of methanol due to the higher solubility of TCE in IPA compared to
methanol. The IPA extraction was used for all vials in the rate to adsorption
equilibrium phase following aqueous sampling as well as for vials used for the
adsorption isotherm (desorption vials discussed in 3.4.1.6). After aqueous
sampling was complete, the remaining aqueous phase was removed via a bulb
pipette. The crimp top vial was then weighed containing its saturated sample, a
new septa, and new aluminum cap. Next, 10 mL of IPA were added to the vial
and it was crimped shut. The vial was reweighed and returned to the shaker
overnight. The following day the aqueous phase was sampled again for TCE
concentration. No detections of TCE were found after one round of IPA
extractions. Mass recoveries varied depending on the material used and were best
for the clay material, which ranged between 80-120% mass recoveries. In the
event of poor TCE mass recoveries (<60%), the mass of TCE adsorbed was taken
to be the mass of TCE measured from the IPA extraction process, and the total
mass of TCE in the system was the measured aqueous phase plus the measured
solid phase. In all other cases the mass of TCE in each vial was determined by the
concentration of TCE measured in the TCE solution only vials (no soil) multiplied
by the amount of solution added to the soil containing vials.
A.5.6 Desorption Method
The goal of the desorption phase of the experiment was to determine the
time for the solid phase TCE to desorb from the soil. Following the aqueous phase
sampling, the remaining solution in the crimp top vials was removed. The crimp
top vials were then weighed containing their saturated material, new septa, and a
new cap. Then 10mM ionic strength calcium chloride dihydrate was added until
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there was no headspace, and the vial was crimped closed. The vials were then
reweighed and returned to the shaker overnight and repeated the destructive
analysis procedure explained in section A.4.1.4. This process of sampling the
aqueous phase and replacing it with contaminant free 10mM ionic strength
calcium chloride dihydrate continued until TCE was no longer detected in the
aqueous phase.
A.6 Grain Size Analysis
Grain size analyses were completed in two sequential phases: 1) sieve
tests and 2) hydrometer tests. The sieve tests were conducted to determine the
different grain size fractions of materials larger than the #200 mesh sieve while
the hydrometer tests were completed for differentiation of materials smaller than
#200 mesh sieve.
A.6.1 Sieve Analysis
To conduct the sieve test, samples were first oven dried and ground by
hand using a mortar and pestle (CoorsTek; Worcester, MA) to achieve even
mixing. 50 g samples of this dried and mixed material were then taken to pass
through a series of U.S. Standard Sieves (Fisher Scientific; Hampton, NH) to
determine the different grain size fractions. The sieves were stacked in descending
mesh size from top to bottom and consisted of 8 total sieves. The size of sieves
used and their corresponding grain sizes according to the United States
Classification System (USCS) were #4 (fine gravel), #10 (coarse sand), #40
(medium sand), #70 (fine sand), #100 (fine sand), #140 (fine sand), #200 (fine
sand), pan (fines, or total silts and clays). After the 50 g of dried and well mixed
material was added to the stack of sieves, the stack was capped and allowed to
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shake on a W.S. Tyler RX-29 Ro-Tap Shaker for 8” Diameter Sieves (W.S. Tyler;
Mentor, OH) at 60 Hz for 10 minutes. Following this time, masses of material at
each sieve were recorded and the grain size fractions were determined. This was
done in triplicate for each depth of material analyzed.
A.6.2 Hydrometer Analysis
Hydrometer testing was completed to differentiate between the silt and
clay fractions within the soil samples assessed via sieve analysis. The procedure
used was adapted from (UW 2004; SFU 2012). To do this analysis, at least 20%
of the sample (>10 g) had to be less than or equal to the #200 sieve and all of the
material had to be smaller than the #10 mesh sieve. First, the sample was allowed
to soak in 250 mL MilliQ water for at least 5 minutes before being mixed in a
dispersion cup on medium for at least 5 minutes with 50 mL of 100 g sodium
hexametaphosphate/L. The sodium hexametaphosphate, often synonymous with
Calgon, is a dispersing agent and is used to help settle the suspended particles
(SFU 2012). Following the mixing with the dispersing agent, the soil mixture
was added to a 1 L sedimentation cylinder using MilliQ to fill the cylinder to the
1L mark. The sedimentation cylinder was then capped with a rubber stopper and
was inverted and returned to right-side-up continuously for 60 seconds (20-30
inversions). Immediately at 60 seconds the sedimentation cylinder was placed on
a flat bench and a timer was started. A hydrometer (VWR; Radnor, PA) was
placed in the solution and a measurement was taken at 40 seconds and again at 2
hours. Temperature was also recorded to account for any changes in density from
the hydrometer’s calibration at 68°F. A blank solution (no soil and 980 mL of
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solution) was used to account for any deviations caused by the hydrometer (see
Figure A.6.2A for an example setup).

Figure A.6.2A Hydrometer analysis in progress. The leftmost solution is the Calgon
blank with a thermometer inserted. The other two sedimentation cylinders contain
samples.

The reading after 40 seconds measured the amount of suspended solids not
counting the sands. After 2 hours, the hydrometer measurement determined the
amount of suspended clay that remained in solution. By subtracting the 2 hour
measurement from the 40 second measurement, the amount of silts could be
determined.
A.7 Hydraulic Conductivity
Hydraulic conductivity was determined using a static head test as
described in (Hale and MacIver 1970). These measurements were completed to
assess the relative rates of mobility of fluid through the subsurface.
A.7.1 Sample Preparation
Static head tests were conducted by packing a 2.5 cm I.D. x 15 cm
borosilicate glass Kontes column (Kontes Glass Company; Vineland, New Jersey)
equipped with Teflon end-plates with the desired material under study. The
columns each contained a set of hydrophilic mesh filters (Spectrum Labs; Rancho
119

Dominguez, CA) with mesh openings of 70 µm and 420 µm at both ends to limit
the loss of fines as MilliQ water flowed through the column. Soil was added in
approximately 2 cm intervals where it was then well mixed using a metal spatula
and settled using a gentle vibration tool. The settled material was then tamped
down before another 2 cm of material was added to the column. Once the column
was packed completely full of material, it was flushed with carbon dioxide gas for
at least 30 minutes to minimize the formation of trapped air once MilliQ water
flushed through the column. After the carbon dioxide flush, MilliQ water was
driven through the column at a constant flow rate by a Rainin Dynamax RP-1
peristaltic pump (Mettler-Toledo; Columbus, OH). After the columns were
saturated with at least 5 PV of MilliQ at 0.5 mL/min, the pump was removed and
the flow was then driven by a static head maintained at a constant height using a 4
L Mariotte bottle. This Mariotte bottle was placed on an adjustable jack stand
(BrandTech Scientific Inc; Essex, CT) for the purposes of this experiment (Figure
A.7.1A shows the static head test setup).
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Figure A.7.1A Shows the Martiotte bottle containing MilliQ water on top of the
adjustable jack-stand with water flowing through the column

A.7.2 Sample Anaylsis
The hydraulic conductivity could be determined by quantifying flow
through this experimental setup for a measured time. By adjusting the influent
head height to the system and maintaining the effluent head height, the hydraulic
conductivity of the material and the water could then be determined by
rearranging Darcy’s Law as shown in equations 6-7 (Hale and MacIver 1970).
Darcy’s Law: Q = KA(dh/dL)

(6)

Here, Q= flow rate (mL/s), K= hydraulic conductivity, A= cross sectional
area of flow through the column, dh = difference in head between the influent and
effluent of the system, dL = length of the soil column. The hydraulic conductivity
could be determined by rearranging equation (6) so that:
𝑄/(𝐴 × (𝑑ℎ/𝑑𝐿)) = 𝐾

(7)

Because the cross sectional area of the column and the length of the soil
column remained constant, the hydraulic conductivity could be calculated simply
by measuring the influent and effluent heights of the system, dh, and the flow
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rate, Q. For each hydraulic conductivity measurement, the flow rate was to have
remained stable (changed less than 0.01 mL) for at least 15 minutes at three
different head differentials each. By plotting the Darcy velocity (Q/A) versus the
head differential (dh/dL) for the three different head differentials, the slope
obtained represented the value of the hydraulic conductivity for the system. A
blank column without soil was used as a corrective measure to determine the head
losses due to the system itself.
A.8 Total Organic Carbon
Total organic carbon was measured in both the solid and liquid phases
with a Shimadzu total organic carbon (TOC)-L analyzer. The aqueous phase
samples were obtained from site groundwater while the solid phase samples were
from the collected soil cores obtained during well construction.
A.8.1 Liquid Sample Preparation & Analysis
The liquid phase organic carbon was measured via the Shimadzu TOC-L
Analyzer using the non-purgeable organic carbon (NPOC) method (Shimadzu
2012). The detection limit of the equipment used is estimated to be about 1 mg
C/L. The NPOC method is common for environmental samples as large amounts
of inorganic carbon can create large errors in the organic carbon measurement
(Shimadzu 2012). To prepare the samples, site groundwater was passed through a
0.2 µ filter to remove suspended solids. As this may have removed suspended
organic carbon, the liquid measurements obtained quantified only dissolved
organic carbon. After being filtered, the samples were then acidified with 3 drops
of hydrochloric acid to decrease the pH to approximately 2 and volatilize any
inorganic carbon associated with the sample. Acidified and filtered groundwater
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samples were then added to 9 mL vials in triplicate until they were at least 2/3
full. These vials were then loaded onto an ASI-L Autosampler for their run. Via
the NPOC method, the Shimadzu TOC-L instrument then sparged the sample with
compressed air before heating the sample to 680°C in an oxygen rich environment
inside combustion tubes filled with a platinum catalyst. The samples were
oxidized completely through heating and combustion and the remaining organic
carbon was converted to carbon dioxide gas (CO2)g. This gas was then detected by
a non-dispersive infared (NDIR) gas analyzer, which produces a signal that can be
compared against known measurements.
A.8.2 NPOC Calibration Standards
Calibration standards were prepared from a stock solution of potassium
hydrogen phthalate in MilliQ water with a concentration of 1000 mg C/L. This
stock solution was diluted with MilliQ water to achieve standard concentrations
ranging between 1 and 100 mg C/L. To maintain consistent parameters with the
groundwater samples, these calibration standards were also acidified to a pH of
approximately 2 and were otherwise prepared identically to the groundwater
samples.
A.8.3 Solid Sample Preparation and Analysis
Solid organic carbon was analyzed using the Shimadzu TOC-L and SSM5000 via the subtraction method (Total Carbon- Inorganic Carbon = Organic
Carbon) (Shimazdu 2012). To prepare total carbon samples, material had to be
ground smaller than a #200 mesh sieve, and approximately 50 mg of sample was
loaded into a ceramic weigh boat. This weigh boat was then loaded into Shimadzu
SSM-5000 total carbon chamber. After closing the port cover, 3 minutes was
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allowed to pass to let the atmospheric (CO2)g purge from the chamber. The
sample was then pushed into the furnace where it was heated to 900°C in a
combustion tube containing an oxidizing platinum catalyst. The (CO2)g produced
from this reaction was then detected by a NDIR detector and the signal could be
compared against known standards. Inorganic samples were prepared much the
same way, except after letting the CO2(g) purge from the inorganic carbon
chamber, 0.4 mL of dilute phosphoric acid (2 parts water: 1 part acid) was added
to the sample to convert inorganic carbon to CO2(g). The sample was immediately
pushed into the furnace, which oxidized the sample at 250°C in a combustion tube
containing an oxidizing platinum catalyst. This converted any inorganic carbon
present in the sample to CO2(g) to be detected by the NDIR. These measurements
were then compared against known quantities. By subtracting the measured
inorganic carbon from the amount of total carbon, the organic carbon associated
with the soil could be determined. Samples were completed quintuplicate to
account for variability between samples.
A.8.4 Solid Phase Calibration Standards
Total carbon calibration curves were created by analyzing known masses
of dried sucrose. The amount of carbon in each sample could be computed if the
weight was known since carbon makes up 42.07% of the mass of sucrose
(C12H22O11). Standards were created spanning the concentration range of 1-30mg
C/L. Similarly for inorganic carbon, standards were created by measuring known
masses of bicarbonate for a calibration curve of 0.1 to 1.5mg C/L.
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A.9 Results and Discussion
A.9.1 Adsorption-Desorption Results
Adsorption experiments were conducted for CMT-1 depths 8.5-9.5 ft bgs,
10.5-11.5 ft bgs, 8-10 ft bgs, and 40-42ft bgs. These depths were chosen to assess
the effects of particle size and organic carbon on adsorption-desorption processes.
The material from depth 10.5-11.5 ft bgs was used solely for the forward rate to
adsorption experiment. Experimentation determined adsorption equilibrium with
this material achieved after approximately 90 hours (see Figure A.9.1A).

% Mass TCE Adsorbed to Soil

Adsorption vs. Time
45
40
35
30
25
20
15
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5
0
-5 0
-10
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1 WK
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400

Time (hours)

Figure A.9.1A: Rate to Adsorption Equilibrium for CMT 1: 10.5-11.5 ft bgs

The other three materials were chosen for their range of particle size and
organic carbon content. Depth 8.5-9.5 ft bgs consisted of primarily sand (90.5%
sand, 7.8% silt, and 1.7% clay). It had the lowest amount of organic carbon of the
three adsorption isotherm materials tested with 0.1% organic carbon by weight.
This depth also had the lowest Kd, (mass of TCE/mass of soil)/(mass of
TCE/volume of solution) of the three materials 1.0x10-4 (L/g). Depth 8-10 ft bgs,
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which was the same material as 8.5-9.5 ft bgs with six inches each of shallower
and deeper material added to it, consisted of 73.67% sand, 22.5% silt, 3.5 % clay,
and had an organic carbon content of 0.2% organic carbon by weight. The Kd for
this depth was determined to be 4.8x10-4 (L/g). The third depth used in the
adsorption isotherm experiments, CMT 1: 40-42 ft bgs, consisted of primarily
clay (54.9%) and silt (45.1%), with no sand and 0.3% organic carbon by weight.
The adsorption isotherm for this depth was also 3.5x10-4(L/g). A summary of the
three adsorption isotherms is shown in Figure A.9.1B. The Kd values for each of
these isotherms each differ less than a factor of two from their theoretical Kd
values, as calculated using the method from (Cwiertny and Scherer 2010a). The
small Kd values and relatively similar amount of adsorption among all three
materials suggests that contaminant sorption throughout the selected pilot test site
is limited and confined to a narrow range. The rate to adsorption equilibrium was
found to be the longest for the clay. This might be due to the high surface area of
the clay yielding a high number of potential adsorption sites relative to the other
two media, or the mass transfer from aqueous to solid phase may be more limited
in fine materials.
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Summary of Adsorption
Isotherms

Adsorbed Phase TCE (mg/g)
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Aqueous Phase TCE (mg/L)

1500

Figure A.9.1B: Adsorption Isotherms for Williston Site Media.

Desorption experiments were completed for depths 8-10 ft bgs and 40-42
ft bgs. Results indicated that the contaminant desorbed from the sandy material
(8-10 ft bgs) more quickly than the clay material (40-42 ft bgs) with the time to
reach zero contaminant detection (< 0.4mg TCE/L) being 3 days and 5 days,
respectively (See Figures A.9.1C and A.9.1D).
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Figures A.9.1C & A.9.1D: Desorption from site materials

From this data, 1st order rates of desorption of the TCE from the soil could
be calculated. Results confirm the faster desorption rates from the sandy material
relative to the clay material (See Table A.9.1A). These adsorption-desorption
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experiments offer insight into the relative rates of mass transfer between the solid
and liquid phases. The faster rates of mass transfer between the sandy materials
relative to the clay materials indicate higher mobility and shorter contaminantsolid phase interaction times are likely to be observed for materials of larger
particle sizes.

129

Table A.9.1A: Summary of Materials and Results from Adsorption-Desorption
Experiments

Clay

Sand

Sandy Loam

Particle Size

Average
Present

% Average
Present

% Average
Present

Gravel

0.0%

0.0%

0.4%

Coarse Sand

0.0%

0.3%

0.1%

Medium Sand

0.0%

3.5%

4.9%

Fine Sand

0.0%

86.7%

68.7%

Silt

45.1%

7.8%

22.5%

Clay

54.9%

1.7%

3.5%

Total

100.0%

100.0%

100.0%

Total Organic Carbon 0.3%

0.1%

0.2%

Koc

133.33

100.00

200.00

Theoretical Kd (L/g)

4.44E-04

1.48E-04

2.96E-04

Measured Kd (L/g)

3.50E-04

1.00E-04

4.80E-04

Tme to Adsorption
Equilibrium (hrs)
120

96

24

Time to Desorption
Equilibrium (hrs)
120

N/A

72

1st Order Desorption
Rate (1/days)
-0.403±0.19

N/A

-0.895±0.42

%

A.9.2 Grain Size Analysis Results
Grain size analysis for the two preliminary soil borings, and two CMT
wells (#1 and #5) are complete. Figure A.1A shows the location of the site wells
at the Commerce Street site. The two soil borings and CMT wells 1 and 5 were
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analyzed to gain an improved understanding of the spatial distribution of
geochemical properties throughout the site. Results from these analyses indicate
the soil is primarily fine sand with increasing fractions of silt and clay correlating
to increasing depth. This increase was expected as a visible the clay layer was
observed at approximately 40-feet bgs during drilling with the sandy soil
observed in shallower depths. Figures A.9.2A and A.9.2B show the results from
the two preliminary soil borings and the two CMT wells, respectively. To account
for variability among samples, all sieve and hydrometer tests were conducted in
triplicate, and two 1 ft soil segments were analyzed for each CMT boring interval.
The variation given for each measurement accounts for differences in
measurements between these two 1 ft soil segments. Despite the increase in silts
and clays with depth, the intervals themselves consist of minimal variability.
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Figure A.9.2A: Soil boring profile figures of the two preliminary soil borings.
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CMT-1 Profile

0.5-9.5'

10'

0.36% Gravel
73.7% Sand
22.46 % Silt
3.51% Clay
0.152 ± 5.5E-05 % Organic Carbon
Approximate Groundwater

CMT-5 Profile
No Texture Results
0.5-9.5'
Groundwater Level
10'

95.34 ± .76% Sand
1.80 ± 2.9 % Silt
1.81 ± 2.6 % Clay
<0.1mg-0.20% Organic Carbon

10.5-14'

14 - 20'

52.11 ± 0.52 % Sand
46.65 ± 2.28 % Silt
1.25 ± 1.76 % Clay
<0.1mg Organic Carbon

14 - 20'

20-24'

49.63± 3.18 % Sand
45.77± 8.53 % Silt
8.3± .13 % Clay
<0.1mg Organic Carbon

24- 30'

73.58 ± 0.17% Sand
26.13 ± 0.58 % Silt
0.29 ± 0.41 % Clay
<0.1 mg Organic Carbron

10.5-14'

30-34'

34-40'

97.55 ± 0.13% Sand
1.935 ± 0.15% Silt
0.51 ± 0.014% Clay

Sand

Loamy Sand
76.26 ± 1.92% Sand
20.44 ± 1.06% Silt
3.29 ± 0.43% Clay

20-24'

22.04 ± 2.62% Sand
74.54 ± 3.68% Silt
3.42 ± 1.05% Clay

24- 30'

62.44 ± .81% Sand
34.29 ± .74% Silt
3.26 ± .10% Clay

Sandy Loam

Silty Loam

Loam

Silt

Silty Clay

30-34'

38.38 ± .08% Sand
58.12 ± 1.03% Silt
3.51 ± 0.94% Clay

34-40'

5.02 ± .5% Sand
90.38 ± .14% Silt
4.96 ± .14% Clay

0.3% Organic Carbon
40+

0% Sand
45.08 ± 3.34% Silt
54.92 ± 3.34% Clay
0.3 % Organic Carbon

Figure A.9.2B CMT Wells 1 and 5 soil boring profiles

The results obtained from the grain size analysis will be used to calibrate
flow models of the contaminated site under study. By using real texture data over
a large area, the intended result is for the models to be able to better predict
contaminant migration, flow, and dispersal paths through the subsurface
environment.

133

A.9.3 Hydraulic Conductivity Results
The static head tests yielded highly predictable results of permeability
versus d10 grain sizes. The d10 measurement represents the 10th percentile grain
size for a given sample. Samples containing larger d10 grain sizes had greater
permeabilities than those with smaller grain sizes. The five samples were chosen
based on their relative amounts of sand and fines to assess variability in
permeability. Although these results followed the expected trend, the difference in
permeabilities between the different samples only varied 2 orders of magnitude.
For a parameter that can vary much more than that (Freeze and Cherry 1979), this
confined range indicates there is not a widespread variation of flow throughout
the aquifer.

Table A.9.3A shows the results of five different static head

experiments along with the grain size analysis and d10 values.
Table A.9.3A Summary of Static Head Test Results

A.9.4 Total Organic Carbon Analyses
A.9.4.1 Dissolved Organic Carbon
Dissolved organic carbon was measured for 9 monitoring wells
surrounding the Williston, VT site and the 5 CMT wells. The results quantify the
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amount of non-purgeable, dissolved organic carbon present in each sample.
Although the surrounding monitoring wells do not appear to have abundant
dissolved organic carbon, with 4 of the 9 monitoring wells exhibiting NPOC
concentrations below the TOC-L instrument detection limit (BDL), the CMT
wells showed higher amounts of carbon. The amount of dissolved organic carbon
may indicate why this site has seen decreases in TCE concentrations since the
project began, since the microbes are able to use this carbon for their organohalide
respiration. Tables A.9.4A and A.9.4B show the NPOC measurements obtained
through analysis.
Table A.9.4A NPOC in monitoring well groundwater samples

Concentration
Carbon (mg/L)
BDL
BDL
2.92
BDL
1.57
2.40
1.75
1.11
BDL
1.41

Monitoring Well
ASI-04-D2 A
MW-04D A
MW-09D A
ASI-02-D2 A
MW-09M A
MW-6M A
MW-05D A
ASI-05-D2 A
MW-06D A
Well Average

Monitoring Well Range in
Carbon
concentration BDL-2.92
(mg/L)
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Table A.9.4B NPOC in CMT well groundwater samples

Well

CMT-1

CMT-2

CMT-3

CMT-4

CMT-5

Depth (ft) Conc. (mg Conc. (mg Conc. (mg Conc. (mg Conc. (mg
C/L)
C/L)
C/L)
C/L)
C/L)
20.5-21

2.42

1.98

N/A

N/A

N/A

26-26.5

1.76

1.40

N/A

N/A

3.08

29-29.5

N/A

BDL

1.76

N/A

N/A

31.5-32

1.64

3.47

2.88

2.31

2.93

34-34.5

2.97

3.19

N/A

N/A

2.66

36.5-37

2.25

4.90

3.91

1.27

1.59

A.9.4.2 Solid Phase Organic Carbon
Solid phase organic carbon has thus far been analyzed for both
preliminary soil borings and CMT 1, with plans to continue analysis through
CMT-5. The results indicate small amounts of solid phase organic carbon (nondetect-0.3% organic carbon by weight). Organic carbon is relevant because of its
ability to enhance TCE adsorption (Cwiertny and Scherer 2010a) and the results
suggest organic carbon does not have a large impact on this process. Results for
solid phase organic carbon can be seen in 3.3.2A and 3.3.2B. The clay had the
largest amount of organic carbon, which supports the observation of longer lasting
and greater than or equal to adsorption to this material compared to the sandy
aquifer above it.
A.10 Significance of Material Characterization
The results of the material characterization led to an improved
understanding of the subsurface hydrogeology of the field site in Williston, VT.
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From this work, it became clear that the adsorption of TCE to site materials is not
overwhelmingly partial towards one soil fraction or another. However, the sandier
fractions demonstrate less adsorptive capabilities and faster mass transfer rates.
The clay fraction exhibited the slowest mass transfer rates both in the rate to
adsorption equilibrium and rate to desorption equilibrium. This could be due to
the higher organic carbon content of the clay (0.3% by weight) relative to other
soil fractions, which only ranged from non-detect to 0.2% by weight. Overall the
site was limited in solid phase organic carbon and most regions had little to none.
Fortunately for the future bioremedial work, the groundwater itself carries
measurable amounts of bioavailable organic carbon. The grain size analyses
demonstrated a lack of any large geological structures present in the shallow
aquifer. Instead, the material is primarily sand with increasing fines coinciding
with increasing depth. This is relevant as the static head tests revealed
permeability exhibits a strong correlation to grain size, indicating subsurface
transport occurs more favorably in the sandier, shallow zones. All of this data can
be used by the Tufts modeling team to generate numerical simulations of
bioremediation

capabilities.

From

this,

a

protocol

coupling

material

characterization and mathematical modeling will be created to efficiently assess
the suitability of a remediation technology to estimate remedial performance
along with the uncertainty of such predictions.
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Appendix B: Additional Tables and Figures
Table B.1: Initial conditions of the 21 batch reactors used in the BDI-SZ tolerance of
Sulfide experiments. Note batch reactor #11 does not have any striking parameters that
would make it more environmentally friendly for the BDI-SZ.
Target Sulfide
Concentration
(mM)
0.4

1

5

8

12

20

0.4 (Abiotic)

Batch Reactor

pH

ORP

Sulfide Initial (mM)

Sulfide After Additions (mM)

1
2
3
4
5
6
7
8
9
10
11
12
13
14
15
16
17
18
19
20
21

7.25
7.25
7.25
7.33
7.29
7.34
7.05
7.09
7.10
7.26
7.44
7.38
7.31
7.38
6.97
7.28
7.19
7.10
7.30
7.25
7.26

-135
-156
-154
-152
-158
-160
-155
-165
-159
-156
-158
-154
-152
-146
-158
-167
-158
-153
-161
-131
-154

0.381
0.523
0.483
0.415
0.462
0.490
0.327
0.374
0.469
0.429
0.551
0.476
0.442
0.415
0.320
0.490
0.306
0.279
0.523
0.151
0.279

0.381
0.523
0.483
0.960
0.931
0.962
4.829
4.773
4.699
7.504
7.735
7.640
11.533
11.596
11.446
18.613
18.775
18.661
0.523
0.260
0.325

Average Sulfide per
Triplicate (mM)
0.462

0.951

4.767

7.626

11.525

18.683

0.370

Figure B.1: Individual plot of the abiotic control reactors used in the experiments
determining BDI-SZ tolerance to sulfide. Note the lack of VC through the duration
because these reactors were not inoculated.
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