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Abstract 
 
 Species extinction is currently reducing the world’s biodiversity at an alarming rate. A 

key factor in extinction is habitat loss and fragmentation. The species-area relationship predicts 

a decline in the number of species in a landscape as the area of available habitat is reduced. 

After the loss of rare species from habitat loss and fragmentation, metapopulation-based 

models predict further disappearances after a time lag of the more common species (which are 

assumed to be relatively poor dispersers). This time-lagged extinction predicted for the future is 

known as the extinction debt of the landscape. The incidence function model (IFM) is a single-

species approach to the multispecies extinction debt model. However, how one should apply it 

particularly to migrant species is unclear. To date, applications of the IFM have treated migrants 

as residents, in that they are assumed to return to their natal sites and then disperse. We here 

apply the IFM to the bobolink (Dolichonyx oryzivorus), a grassland obligate breeding bird that 

migrates every year to South America.  Our modeled study system is Massachusetts grasslands, 

which exist as a highly fragmented landscape. Under the IFM, the probability of a patch of 

habitat being occupied is a function of the quality of the habitat, and of the connectivity of the 

patch within the landscape.  Connectivity, in turn, is a function of the dispersal capacity of the 

species, as well as the spatial arrangement of habitat patches within the landscape. The IFM 

requires a snapshot-in-time of presence-absence data in habitat patches for the species of 

interest, the distances between habitat patches, estimates of the target species’ dispersal ability, 

and a measure of habitat quality. We used the bobolink to explore a variety of scenarios for 

determining extinction debt for migrants.  We investigated the sensitivity of the IFM to five 

measures of habitat quality and four dispersal scenarios. Presence-absence data were obtained 

from the Massachusetts Audubon Society (MAS) Grassland Bird Database for 59 sites, for the 

2005 survey year. One of the dispersal scenarios mimicked bobolink dispersal, which was 

estimated from published mark-recapture studies, and corrected to account for unmeasured 

long-distance dispersal (LDD) events. Other dispersal distances evaluated included: no 
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dispersal, unlimited dispersal, and a published dispersal distance.  Quality measures evaluated 

included area of the grassland patch, available habitat within 1, 3, and 5 km from each patch, 

and the distance to the nearest patch. We found that varying estimates of dispersal capacity, 

while keeping the quality measure constant, had a large effect on predicted bobolink 

persistence as measured by the percentage of habitat patches occupied. Our measures of 

quality, in contrast, had a small effect on estimated persistence for the estimated dispersal 

distance obtained from mark-recapture studies without accounting for LDD events. We conclude 

that obtaining accurate data regarding dispersal, along with data regarding the manner in which 

the species of interest evaluates its environment, is critical to predicting the persistence of a 

population on a landscape. In addition, we believe that these results constitute evidence that the 

IFM should be applied in a species-specific manner, and the results from the IFM for one 

species cannot be generalized to include all species in a landscape.  

 

Introduction 

  Species extinction and its prevention are major issues in conservation biology. The top 

threat to species globally is habitat fragmentation and habitat loss (Wilcox & Murphy, 1985). 

Extinction risk due to these threats is due to reduction of habitat area, which decreases 

population size, and fragmentation of the population, which increases isolation.  Reduced 

population size increases the risk of extinction through stochastic events, while isolation 

decreases the probability of recolonization of an empty patch following a local extinction event. 

The relationship between area and extinction risk has been recognized for decades, and at the 

community level has been explored as part of the species-area relationship. The relationship 

has the form S= cAz, where S is the number of species, A is the area of available habitat, and c 

and z are shape parameters (the intercept and slope, respectively, of the linearized version of 

the model) that are specific to a given guild of species in a specific geographic location and 

ecological environment (Preston, 1960). From this equation, it can be seen that a reduction in 
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the area of a habitat results in a decrease in the number of species present in that habitat. The 

connection between habitat fragmentation and extinction in single- and multi-species settings 

also has been well studied theoretically and empirically (e.g. Cagnolo et al, 2009; Krauss et al, 

2010; Cerezo et al, 2010), and extinction risk can be calculated using models for 

metapopulation dynamics (e.g. Levins 1969, 1970; Hanski, 1994, 1998; Tilman et al, 1994). A 

metapopulation is defined as a suite of populations driven primarily by local dynamics, but also 

affected by migration among habitat patches. If local extinction rates exceed colonization rates, 

the metapopulation will go extinct after some period of time.  This time-lagged extinction is 

sometimes referred to as extinction debt (Tilman et al, 1994). It is important to predict and 

quantify the effects of habitat fragmentation on biodiversity, as these effects have implications 

for conservation and management policy. By calculating the extinction debt of different 

landscapes – i.e., the extinctions that will occur through population dynamics within the physical 

setting created by current habitat areas and patterns – resources allocated for conservation can 

be prioritized depending on the timescale for the extinction debt predicted through models, 

where the highest priority landscapes might be those which are predicted to lose the most 

species in the least amount of time. 

The concept of extinction debt was first proposed by Tilman et al. (1994). Although the 

concept was formalized by Tilman et al., the basic principles had been emerging in the literature 

(e.g. Nee & May, 1992; Kattan et al, 1994;Villard & Taylor, 1994), particularly the importance of 

the relationship between patch connectivity and persistence (e.g. MacArthur & Wilson, 1967; 

Levins, 1969; Gardner et al, 1987; Kiett et al, 1997) and extinction thresholds from habitat loss 

(e.g. Whitcomb et al, 1981; Fahrig & Paloheimo, 1988). Also, the general phenomenon of time-

lagged extinction was well known from the literature (e.g. Diamond, 1972; Willis, 1974; 

Newmark, 1987), and had been referred to under different names, such as ‘faunal relaxation’ 

(Diamond, 1972). The basic rationale for extinction debt is derived from the species-area 

relationship; the Tilman model itself used metapopulation dynamics to predict the timescale at 
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which extinctions occur (up to 400 years). The Tilman model is also particularly interesting as it 

predicts the order in which species will disappear in a landscape. When habitat is lost, the most 

uncommon species will be lost immediately from a landscape because they disappear with the 

lost habitat (e.g. Whitcomb et al, 1981; Rolstad, 1991).  However, over time, Tilman et al. 

suggest that it is the most common species that are the most vulnerable. 

Tilman and colleagues (Tilman et al, 1994, 1997; Tilman & Lehman, 1997) introduced a 

metapopulation model that treated recently fragmented habitat as hosting metapopulations of 

species.  They also assumed that prior to the permanent habitat loss and fragmentation that the 

species lived in a relatively stable environment, some species are those that are good 

competitors, and inferior competitors coexist by being superior dispersers (Tilman, 1994).  

When Tilman et al. modeled the expected consequences over time, they found that after the 

initial habitat loss, subsequent species losses were the reverse of what might be expected, with 

relatively uncommon species persisting and more common species going extinct.  The basic 

idea is that in a stable environment, such as a climax community, the best competitors will be 

the most abundant, and as predicted in general community ecology, these species are also poor 

dispersers because of the evolutionary trade-off between dispersal and competitive abilities (e.g. 

Cadotte et al, 2006; Calcagno et al, 2006). Once habitat is fragmented and lost, long-term 

persistence will depend on local extinctions and dispersal abilities, which will allow habitat patch 

recolonization following local extinctions, as described for a metapopulation (Levins, 1969).  

Over time, poorer dispersers – which initially are the more common on the recently fragmented 

landscape – will disappear because local extinctions will not be followed by recolonization.  The 

extinction debt of a landscape has been calculated for different regions (e.g. Rogers et al, 2009; 

Sang et al, 2010; Triantis et al, 2010; Cousins & Vanhoenacker, 2011).  

The Tilman model requires data on the absolute dispersal and relative competitive 

abilities of species in a landscape, which are generally difficult to obtain. Consequently, there 

was a desire to develop a simpler, single-species model.  The Incidence Function Model (IFM) 
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was first proposed by Diamond in 1975, and then adapted by Hanksi, also in 1994, has become 

that alternative. The model is a single-species metapopulation model that can be used to find 

the extinction risk of a single species in a fragmented landscape. The model assumes a 

population that is at equilibrium. That is, there can be local colonizations and extinctions, but 

long-term metapopulation stability. The IFM uses a snapshot of patch occupancy to calculate 

the stochastic risk of extinction for the species. Like the Tilman et al. debt model, a major 

advantage of the IFM is that it does not require a time series of data; a single year of occupancy 

data, combined with information on dispersal and patch quality, is sufficient to run the model 

(Hanski, 1994).  The IFM has been used recently to calculate extinction debt (e.g. Hanski, 2000; 

Adriaens et al, 2006; Carroll et al, 2004; Hanski & Ovaskainen, 2002; Verheyen et al, 2004). 

However, there are some issues with the implementation of the IFM that have not been 

addressed in the literature. Most of them involve the estimation of several of the model 

parameters of the IFM (see Methods). Some papers have used the same suite of parameter 

values for all species (e.g. Hanski, 2000); other studies have cited and used the parameter 

values used by Hanski. As several of the parameters appear to be species specific, this clearly 

raises issues regarding the accuracy of the predictions obtained through the IFM. 

Of particular interest in this paper is that all of the applications of IFM of which we are 

aware treat dispersal among patches as if species were year-round residents.  That is, it is 

assumed that migratory species disperse from their natal sites in such a way that likelihood of 

colonization is a simple function of distance.  This is only one possibility for migratory species 

(i.e., birds that breed in the temperate zone and migrate to the tropics to overwinter, and return 

the following year to breed).  However, there are a number of viable alternatives (e.g. Hildén, 

1965; Hutto, 1965; Reed et al, 1999; Kristan, 2006). In addition, little has been done to evaluate 

the sensitivity of extinction debt estimations of alternate assessments of habitat quality.  

Consequently, we addressed both of these assumptions in this study. 
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In this study, we evaluated the sensitivity of extinction debt estimates to alternative 

models of dispersal for a migrant bird that takes into account different dispersal capacities, 

including the long-distance dispersal behaviour of the migrant. Secondly, we examined the 

sensitivity of the model to varying measures of habitat quality. We used the grassland birds of 

New England as a study case for the research. Grasslands in New England are an example of a 

highly fragmented landscape, and provide an ideal landscape to apply the IFM. In addition, 

many grassland obligates have suffered declines in recent years; it is important to assess their 

continued extinction risk, even in the face of no more habitat loss, in order to make effective 

conservation and management decisions (e.g. Harwood, 2000; Margules & Pressey, 2000; 

Drechsler et al, 2003; Hartley & Kunin, 2003). The study species I used is the Bobolink 

(Dolichonyx oryzivorus). Bobolinks are migratory species that winter in Argentina and breed in 

grasslands across the United States, thus having one of the longest migrations of any passerine. 

Bobolinks are grassland obligate; as their habitat is patchily distributed across the landscape, 

they have a fragmented distribution, which has resulted in population declines (Herkert, 1994).  

Finally, Bobolinks are moderately well studied, which allows reasonable assessments to be 

made of basic biological characteristics such as lifespan and dispersal capacity that are relevant 

to the IFM (Martin & Gavin, 2005). Their patchy distribution, combined with their reluctance to 

occupy matrix habitat for any significant length of time, makes a metapopulation approach likely 

when evaluating the bobolink population. 

 
Background 
 
The Incidence Function Model: The model comes from Hanski (1994), and has the following 

form: 

J୧ ൌ  
C౟

ሺC౟ା E౟ ሻ
               (1) 
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where for every patch i, Ji is the probability of occupancy, Ci is the probability of colonization of 

an empty patch, and Ei is the probability of extinction of an occupied patch. The probability of 

extinction is given by: 

E୧ ൌ min ൝
ୢ
A౟
౮ , A୧ ൐ dଵ ୶⁄

1, A୧ ൑ dଵ ୶⁄
  (2) 

where A is the area of the patch and d and x are constants; I have changed the notation here to 

d from e as used by Hanski (1994), in order to avoid confusion with the base of the natural 

logarithm. The colonization probability of the patch is: 

C୧ ൌ
M౟
మ

M౟
మା ୷మ

    (3) 

where Mi is the number of immigrants to a patch i, and y is a parameter. The number of 

immigrants is given by: 

M୧ ൌ  S୧    (4)ߚ 

where Si is the connectivity of the population in patch i and β is a parameter. The connectivity of 

a patch is given by: 

S୧ ൌ  ∑p୨eି஑ୢ౟ౠA୨   (5) 

where pj is 1 for an occupied patch and 0 for an empty patch, e is the natural logarithm, α is the 

inverse of the mean dispersal distance of individuals of the species, dij is the distance between 

patch i and patch j; the sum is taken over all patches j ≠ i. This leads to the expression for the 

probability of occupancy of patch i: 

J୧ ൌ  
ଵ

ଵା ቆଵାቈ౯
ᇲ
S౟
቉
మ
ቇ ౚ
A౟
౮

   (6) 

where Ji is the probability of patch occupancy, y’ is a parameter equal to y/β, Si is the 

connectivity of the patch, d and x are the parameters from equation (2), Ai is the patch area. In 

later iterations of the model, the patch area Ai was replaced by the ‘quality’ of the patch, Qi 

(Hanski, 2000). The measure of quality of a patch may vary between species; however, the 



9 
 

chosen measure should be linear with the maximum number of individuals that can occupy the 

patch.  Some possible measurements of patch quality are described below. 

 

Dispersal behaviour: Estimating the dispersal patterns of a migratory species can be a difficult 

process.  Traditional mark-recapture studies have limited survey areas and are therefore likely 

to be inadequate in describing the full range of dispersal (Koenig et al, 1996, 2000; Nathan et al, 

2003). In addition, the dispersal behaviours and survival patterns for males and females may be 

different (e.g. Cilimburg et al, 2002). Dispersal strategies can range from being very philopatric, 

to returning almost anywhere within the breeding range of the species.  The estimated survival 

probability of a species is also dependent on the dispersal behaviour deduced from mark-

recapture studies; the estimated number of survivors in many mark-recapture studies is thus 

likely to be underestimated, as many birds may disperse outside the study area (Martin & Gavin, 

1995). Finally, natal and breeding dispersal patterns are likely to be different across species 

(Greenwood & Harvey, 1982).  The extent of philopatry (returning to one’s natal site to breed) 

and site-fidelity (returning to the previous year’s breeding site to breed), in particular, often vary 

between sex and age class. The difficulty of estimating long-distance dispersal is caused by the 

decreased probability of detection with increased search radius, as the search area increases 

as the square of the radius. However, it is possible to quantify the detection probability as a 

function of the search radius (Moore & Dolbeer, 1989). The long-distance dispersal can then be 

estimated by correcting the observed dispersal patterns using the detection probability for 

different sizes of a survey area (Koenig et al, 2000). 

 The dispersal behaviour of an individual is connected to its evaluation of its habitat 

(Hildén, 1965). There are many ways that a migrant can evaluate its habitat and ‘decide’ where 

it will settle. For instance, a nocturnal migrant may perform direct sampling after landfall; the 

range of sampling may vary widely (Chernetsov, 2006). Other factors that might influence site 
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selection include conspecific attraction, thought to be a major factor in bobolink dispersal 

(Nocera et al, 2009). 

 A variety of possible dispersal patterns for migratory birds is depicted in Fig. 1. For 

example, birds may return exclusively to their breeding site, return to any site within their 

breeding range, or return to their natal site and then disperse (as implicitly modeled by Hanski 

2000), with or without prospecting to create a ‘familiar area’ (Reed et al, 1999). While the 

presence or absence of prospecting behaviour may have ecological or evolutionary implications, 

from the perspective of the IFM, Fig. 1 (b), (d) and (e) are equivalent, i.e. the mean dispersal 

distances predicted will be identical; Fig. 1(c) is this model taken to an extreme, where this 

mean dispersal distance is essentially infinite.   

 

 

 

 

 

Fig. 1. Potential dispersal patterns for a migratory species. Birds may (a) return to breed at the 
site where they were born (O = origin; W = non‐breeding site), return to their natal site from 
where a fraction will disperse to other sites (B = breeding site (b), breed at any site, 
independent of the site where they were born (c), or prospect the area around their natal site 
either before (d) or after (e) migration (FA = familiar area, E = examined area). From Reed et al. 



11 
 

 

Habitat Quality: The measure of habitat quality should be linear with the number of birds present, 

in order to run the IFM. In other words, the more the number of birds that can be accommodated 

in the patch when the landscape is saturated, the higher the quality measure should be; 

mathematically, this can be expressed as N  ן Q, where N is the number of birds occupying a 

patch at saturation, and Q is the measure of habitat quality. Initially, quality was expressed as 

area in the IFM (Hanski, 1994). However, this was changed to a generic quality term in a later 

version of the IFM (Hanski, 2000). Depending on the study system, the quality measure could 

be almost any habitat characteristic that is quantifiable and that explains a significant 

percentage of the variance of subpopulation sizes in different habitat patches. An example given 

by Hanski (2000) is the amount of dead wood present in a boreal forest patch, which would be 

relevant to saproxylic beetle species, which depend on dead wood.  Other measures of habitat 

quality might be food abundance and quality (Burke & Nol, 1998; Batzli & Lesieutre, 1991) or 

the presence of conspecifics (Reed & Dobson, 1993; Muller et al, 1997; Rudolf & Rödel, 2005). 

 Potential habitat characteristics that may be relevant for a bobolink in a grassland 

landscape might include: area of the habitat fragment, area within a certain distance of the 

habitat patch, the distance to the nearest patch (or nearest occupied patch), and the distance to 

the nearest ‘large’ population. We here consider the first three measures from this list. 

 

Connectivity: Connectivity is the degree to which a landscape can influence the dispersal 

behaviour of a species between habitat patches (Tischendorf & Fahrig, 2000a). Calculating the 

connectivity of a patch is central to the application of the IFM. Care must be taken to distinguish 

between landscape level connectivity and the connectivity of a subpopulation in the matrix. 

Landscape-level connectivity refers to the connectedness of a habitat patch to other habitat 

patches within a landscape, ignoring their occupancy. The connectivity of a subpopulation is its 

connectedness to other subpopulations in the landscape. In other words, landscape-level 
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connectivity takes into account both occupied and unoccupied patches; subpopulation level 

connectivity only takes into account only occupied patches. 

The theory of connectivity to predict colonization probabilities for habitat patches has 

evolved since its importance was identified by MacArthur and Wilson (1967). Initially, only the 

nearby patches were considered to be relevant for dispersal. However, it has been suggested 

that all patches in a landscape might be taken into account when calculating connectivity for a 

migrant, which might assess the landscape at a large scale (Moilanen & Nieminen 2002; Hanski 

1994). 

An issue with traditional methods of connectivity measurements is that a more 

fragmented landscape might have a higher calculated landscape-level connectivity (Tischendorf 

& Fahrig, 2000a, b), as this results in a larger number of patches that are located closer to each 

other; therefore, although the total habitat area is decreased, each individual patch is more 

connected within the landscape. This result could be misinterpreted as advocating increased 

habitat fragmentation from a management point of view; however, increased fragmentation is 

well known to have a negative effect, both on the population of a single species and also on the 

species richness of a community. An alternative measure that has been advocated is a cell-

based approach, that takes into account both intra-patch and inter-patch dispersal (Tischendorf 

& Fahrig, 2000b). In a cell-based approach, the landscape is divided into cells of some given 

size, independent of the location of habitat patches within the matrix; thus, some cells may have 

no available habitat, and an individual patch may occupy multiple cells. The connectivity 

between cells thus encompasses both intra- and inter-patch connectivity. Intra-patch 

connectivity decreases with increased fragmentation, as each individual patch is smaller and 

therefore there is less movement that can be constrained within an individual patch. 

Connectivity measured in this manner will therefore decrease with increased habitat 

fragmentation. Cell-based and patch-based connectivity measures are generally not correlated, 
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and therefore are difficult to compare. As the present study aims to study the sensitivity of the 

IFM to changes in modeled dispersal pattern, it is necessary to use a connectivity measure that 

is valid for the given landscape. 

The present study used patch-based connectivity measures rather than cell-based 

measures, due to the difficulty of obtaining empirical data in order to calculate the latter; in other 

words, intra-patch connectivity was assumed to have a negligible effect on larger 

metapopulation dynamics. In addition, while the landscape level connectivity may increase in a 

fragmented landscape when using a patch-based approach, this is not necessarily true for 

population level connectivity, as a larger percentage of patches are likely to be unoccupied in a 

landscape with increased fragmentation. In addition, the IFM was proposed using patch-based 

connectivity; it has not yet been verified that cell-based connectivity can be used to calculate the 

IFM. Therefore, for the purposes of this study, patch-based connectivity (where each habitat 

patch is treated as an island) was both practical and convenient. 

 
Methods 
  
 
Bobolink data: Data for bobolink presence/absence were obtained from the Massachusetts 

Audubon Society (MAS) Grassland Bird Database; the number of males were counted. Sites 

with no males were also assumed to have no females. Surveys were carried out in 59 sites 

spread across the state of Massachusetts (Fig. 2). Of the 59 sites, 32 were occupied by 

bobolinks; the maximum number of male bobolinks at any site were 80. 

 

Dispersal: The parameter α of the IFM is the reciprocal of the mean dispersal distance. Three 

different models for dispersal behaviour were used. These will be referred to as (a) site faithful 

(no dispersal), (b) return-and-disperse (2 variants), and (c) random dispersal (distance 

independent) (Fig. 1 a, b and c, respectively).  
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The ‘site faithful’ model (a) sets one extreme case for dispersal. In this case, birds return 

to their natal site and breed there, never dispersing to other patches; the maximum population 

of a patch is capped at some threshold limit based on patch quality. In this scenario, the 

colonization probability of an empty patch is zero; in addition, the connectivity of every patch is 

zero, which means that once a patch undergoes extinction, it cannot be recolonized. This 

requires the equation for probability of patch occupancy, Ji
 (6), to be modified to J୧ ൌ   1 E୧ൗ , 

where Ei has the same form as described in the Background. In this case, α = ∞ (or α-1 = 0, i.e. 

the mean migration distance is zero). This scenario functions as one baseline (or control) to 

which other, more biologically realistic, alternatives can be compared. 

Fig. 2. Sites surveyed in 2005 under the MAS Grassland Bird Survey 
Sites surveyed in green; grassland area in grey. 
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The ‘return and disperse’ model (b) allows for an individual to return to the patch in 

which it was hatched or bred the previous year, and then disperse from that focal point, with a 

proportion of individuals staying in that patch. This is similar to the approach currently used in 

publications using the IFM (citations above).  The shape of the dispersal function was derived 

from dispersal data from Fajardo et al. (2009). The basic shape of the probability mass function 

was assumed to be an exponential distribution; natal distribution was assumed to be a uniform 

distribution up to a threshold, followed by an exponential distribution (Fig .3a, b). The proportion 

of surviving (dispersing) adults from one year to the next was calculated by assuming the 

mortality rate for adults in all age classes to be constant. This is required for calculating the 

expected number of breeders that return the following year, as well as the proportion of first-

year breeders in the population. The proportion of adults expected to survive can be calculated 

from the mean longevity of individuals that make their first migration successfully; the inverse of 

the mean longevity (in years) gives the proportion of breeding birds expected to die every year. 

This approach was also used to calculate the expected proportion of first-year birds in the adult 

population, by calculating the expected number of birds in each age class using the above 

mortality estimate. The mean longevity for returning bobolink was 5 years, corresponding to a 

mortality of 20% for each age class (Martin, 1973; Martin & Gavin, 2005). The proportion of 

birds fledged in a given year that are expected to survive and return to breed the following year 

cannot be estimated in this way, and their mortality is likely to be far higher than that of returning 

breeders. This mortality was estimated to be ~80.5% (Fajardo et al, 2009). 

To account for undetected long-distance dispersal, a second exponential distribution 

was added to the dispersal function; to smooth the curve, a uniform distribution was also added, 

with the threshold equal to the search radius of the study from which the band-recapture data 

was obtained. The ‘search radius’ of a study is defined as the maximum distance within which 

birds are searched for in the year after banding (Fig. 4). The parameter of this second 

exponential distribution was calculated by assuming the dispersal function to be continuous at 
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the search radius, as the search radius is artificial and therefore would not realistically affect the 

dispersal behaviour of a species. The weights of the two distributions were calculated using the 

number of expected survivors and the number of birds actually detected. Finally, the area under 

the distribution was set to 1, to give the final probability density function (Fig. 3a, b – green 

lines). This was done for both adults (breeding dispersal) and first-year birds (natal dispersal); 

female and male distribution was found to be identical (Fajardo et al, 2009). 

Mathematically, the above can be summarized as follows. The detected dispersal 

probability mass function for adults with respect to distance, fD,A(d), is given by: 

fD,Aሺdሻ ൌ   λଵeି஛భୢ      (7) 

where d is the distance from the origin site, e is the base of the natural logarithm, and λ is a 

parameter found by fitting this function to empirical data obtained from mark-recapture studies. 

The detected natal dispersal, fD,N(d), is given by: 

fD,Nሺdሻ ൌ   ൝
ଵ
୶
,   d ൑ x

λଶeି஛మሺୢି୶ሻ,   d ൐ ݔ
     (8) 

where x is the threshold value (i.e. the dispersal is uniform for d < x), and λ2 is a parameter that 

is equal to 1 xൗ ; x can be obtained from empirical mark-recapture data. Not all species may show 

a natal dispersal pattern as given in (8), however; for some species, the functional form will be 

as given in (7), where the parameter can again be estimated through mark-recapture data. For 

both natal and breeding dispersal, we also assume that there is undetected dispersal within the 

search radius, i.e. some percentage of birds within the search radius were not found. For both 

natal and breeding dispersal, this is given by: 

fN,Aሺdሻ ൌ   fN,Nሺdሻ ൌ  
ଵ
୰
      (9) 

where r is the search radius of the study from which the mark-recapture data was obtained. 

 From mortality estimates, we can estimate the total number of breeders in a year 

expected to return the next year, as described earlier. Let us assume that the number of birds 
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survivors detected through mark-recapture methods was aA1. We assume that the proportion of 

birds, aA2, that were present within the search area and were not detected is given by: 

aଶ ൌ 0.05ሺaଵሻ       (10) 

Finally, let the proportion of birds that were not detected but assumed to survive be aA3. Then: 

aAଵ ൅ aAଶ ൅ aAଷ ൌ 1      (11) 

and so simply by knowing the number of birds detected by the mark-recapture study and the 

estimated number of survivors, a1, a2, and a3 can be calculated. Estimating the number of 

proportion of first-year birds expected to survive is more difficult; we used an estimate from 

Fajardo et al (2009). From this estimate, the equivalent parameters for natal dispersal, aN1, aN2, 

and aN3 can be calculated; the equations (10) and (11) also apply for these parameters. 

 Lastly, we aim to quantify the long-distance dispersal for natal and migratory species. 

The probability density function for both natal and breeding long-distance dispersal is given by: 

fL,Aሺdሻ ൌ   fL,Nሺdሻ ൌ   ൜
0,                      d ൏ ݎ
λଷeି஛య୶, d ൒ r    (12) 

The value of the parameter λ3 differs for both natal and breeding adults. The method used for 

calculating it is described below. 

 The overall dispersal function for breeding dispersal is given by: 

Oୟሺdሻ ൌ   aAଵfD,Aሺdሻ ൅ aAଶfN,Aሺdሻ ൅ aAଷfL,Aሺdሻ  (13) 

and for natal dispersal by: 

O୬ሺdሻ ൌ   aNଵfD,Nሺdሻ ൅ aNଶfN,Nሺdሻ ൅ aNଷfL,Nሺdሻ  (14) 

For both natal and breeding dispersal, the parameter λ3 is obtained by assuming that the 

functions Oa(d) and On(d) are continuous at r. 

 The last step is to calculate the joint dispersal function. From the estimate of the 

proportion of breeders that die every year, the proportion of the population that are first-year 

breeders can be derived from the properties of a geometric distribution. Let the proportion of 

first-years in the population be s. Then, the joint dispersal function is given by: 
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ሺ݀ሻܬ ൌ ݏ · ௡ܱሺ݀ሻ ൅ ሺ1 െ ሻݏ · ௔ܱሺ݀ሻ    (15) 

The ‘random dispersal’ model allows individuals to return to any patch in a landscape 

after migration, irrespective of the site at which they bred/were born the previous year.  That is, 

it assumes that, functionally, all patches are an equal distance apart, and that the colonization 

probability of a patch is a function of its quality, and is independent of its location in the 

landscape. Expressed differently, the connectivity of the patch is a function only of its quality, 

and not its degree of isolation in the landscape. This is not a true metapopulation, under the 

assumptions of the Levins metapopulation model (Levins 1969, 1970). Although this model is 

biologically implausible for a year-round-resident, it might not be unreasonable for a migrant 

species . However, this model, like the ‘site-faithful’ model, allows for the establishment of a 

base case (or control), against which more restrictive models can be compared. In this case, we 

have α = 0; i.e. S୧ ൌ  ∑p୨Q୨, where S, p, and Q are as described earlier. 

After separately obtaining the probability density functions for natal dispersal and 

breeding dispersal, the joint dispersal was then calculated by using the expected proportion of 

first-year birds in the population. This joint dispersal function was then normalized to obtain the 

final probability density function for bobolink distribution (Fig. 3c – green line). The mean 

distance of dispersal was calculated using the relationship EሺXሻ ൌ   ଵ
஑
ൌ ׬  x · fሺxሻdxஶ

଴ , where f(x) 

is the probability mass functioned obtained as above. This allows for the calculation of IFM 

parameter α. 

 

Inter-patch distances: The latitude and longitude of patches surveyed were given in the MAS 

data set. The 2005 survey patches were digitized as polygons; interpatch distance was 

calculated as the minimum edge-to-edge distance between the patches. 

 



19 
 

Quality: The measure of quality of habitat for the purposes of the IFM must be linear to the 

number of individuals of the study species present in the patch when the habitat is saturated. 

The following measures of quality were used: (a) area of patch (as originally used in the IFM; 

Hanski, 1994); (b) distance to nearest patch (whether occupied or not); the reciprocal was used 

so that increasing values were associated with increasing quality; and (c) grassland area within 

a given radius from the centre of the site; the radii used were 1 km, 3 km and 5 km.  This last 

measure was used because we find it likely that a returning migrant might be assessing a 

patches quality within the context of the adjacent landscape. 

 Patch areas were as given in the data set provide by Mass Audubon. The distance to the 

nearest patch was found using the interpatch distances, which were obtained as described 

above. The amount of suitable (grassland) area in a buffer around each patch was calculated 

using National Land Use Cover Data (NLCD) using ArcGIS.  The database used was NLDC 

2006. The amount of grassland within the buffer, together with the patch area itself, was 

calculated using NLCD (Homer et al, 2004). combined with a datalayer containing airports 

(MassGIS, 2008), as these are not well represented by the NLCD data set, but are important 

habitat for grassland birds (Vickery et al, 1994). 

 
Parameter estimation: Using the bobolink occurrence data, dispersal functions, and inter-patch 

distances, the connectivity of each patch was calculated. The quality of each site has been 

obtained, as described above. The probability of occupancy of a patch is given by equation (6), 

where y’, e, and x are parameters. The value of Ji for a patch cannot be estimated using 

empirical data; however, the binary occurrence function, pi, can be used instead to estimate 

parameters. The estimation was done by fitting the equation for Ji to the pi values, and then 

minimizing the sum of the squares of the residuals, using MS Excel 2007. To simplify this 
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procedure, the value for x was fixed at 1 (as done by Hanski, 2000); where Excel could not give 

a reliable solution, e was fixed such that a patch with median quality among the suite of patches 

examined had a 50% probability of extinction, reducing the parameter estimation to a one-

dimensional optimization problem. Using these parameters, the colonization and extinction 

probabilities, Ci and Ei, for each patch were calculated from equations (3) and (6) respectively. 

 

0

0.0002

0.0004

0.0006

0.0008

0.001

0.0012

0 5000 10000 15000
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Fig. 3. Probability density functions for (a) natal and (b) adult/breeding dispersal for bobolinks. 
Blue lines represent detected dispersal, red lines indicate undetected dispersal, and green lines 
indicate total dispersal. (c) Joint dispersal  for bobolinks. 

(a)  (b) 

(c) 
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Simulation: The model was run using a Monte Carlo-style simulation approach in Microsoft 

Excel 2007. The starting patch occupancy was obtained through the survey data, as described 

above. For each patch, the colonization and extinction probabilities were calculated. A random 

number was then drawn from a uniform distribution from 0 to 1, using the random number 

generation function. For an occupied patch, if the extinction probability was greater than the 

generated random number, the patch was set to ‘unoccupied’ (i.e. pi = 0) for the next time step. 

For an unoccupied patch, if the colonization probability was greater than the random number 

generated, the patch was set to ‘occupied’ (i.e. pi = 1) in the next time step. The new 

connectivity, colonization and extinction probabilities for each patch were then calculated, based 

on the generated occupation pattern; the process was then repeated. 

Fig. 4. Model of a mark‐recapture study. Bird banding at a site (depicted by the black 
circle) in year A, searched for in suitable habitat in the gray area in year A+1 (and possibly 
subsequent years). The search radius is shown as R. 
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 The model was run for 50 time steps, each representing a yearly migration cycle. At 

each time step, the percentage of patches occupied was calculated. For each scenario, the 

model was run 500 times. 

 Four different dispersal scenarios were evaluated – no dispersal (the ‘site faithful’ model), 

short-distance dispersal as calculated by Fajardo et al (2009) (‘return and disperse I’), long 

distance dispersal calculated as described above (‘return and disperse II’), and infinite dispersal 

(‘return everywhere’). Five quality measures were used – area of the patch, the inverse of the 

distance to the nearest patch, and the grassland area within 1, 3 or 5 km from the patch. The 

models were run in a fully factorial manner, i.e. each dispersal scenario was run in conjunction 

with each dispersal method. 

 
 
 
 
Results 

 The average dispersal distance for bobolinks, when corrected for undetected long-

distance dispersal, was found to be ~38 km. This is much larger than the estimated dispersal 

distance of 0.8 km when using data strictly from mark-recapture studies (Fajardo et al, 2009). 

 For each measure of quality, the ‘site faithful’ set a minimum baseline – that is, the 

scenario that is most likely to predict widespread population decline for any measure of habitat 

quality.  In contrast, the ‘return everywhere’ model was assumed to set a maximum – that is, the 

scenario least likely to predict species disappearance from the landscape.  The two intermediate 

distance dispersal scenarios were expected to fall in between these other two extremes, and 

this is generally what we found (Fig. 5). Significant differences between the long-distance 

dispersal and short-distance dispersal scenarios were seen for the following quality measures – 

area, distance to nearest patch, and grassland area within 1 km (Fig. 5a, b, c). In all cases, the 

proportion of patches occupied after 50 years for the long-distance dispersal scenario was 
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greater than the proportion of patches occupied after 50 years for the short-distance dispersal 

scenario. When area of patch, grassland area within a 3 km buffer, or grassland area within a 5 

km buffer were used as a quality measure, long-distance dispersal approximated infinite 

dispersal (‘return everywhere’). In Fig. 5b,c, the long-distance dispersal scenario gave a higher 

predicted occupancy than did the ‘return everywhere’ scenario, which was contrary to what was 

predicted; this is possibly an artifact of the model itself and the methods used for parameter 

estimation.  For the other quality measures, proportion of patches occupied after 50 years was 

found to be significantly greater for long-distance dispersal than for infinite dispersal. 

 Measures of patch quality were found to have an effect at a coarse level on estimated 

persistence (Fig. 6). For short-distance dispersal, area as a quality measure was significantly 

different to other quality measures, with a lower estimate of proportion of patches occupied.  In 

fact, it was the one measure of habitat quality that predicted a decline in occupancy over time.  

Only slight differences were observed among the other measures, although the 1/min distance 

tended to give the most optimistic results. For long-distance dispersal, all measures of habitat 

quality predicted persistence or increased occupation.  Using distance to nearest patch or 

grassland area within 1 km gave a significantly higher prediction for the proportion of patches 

occupied after 50 years, compared to the other quality measures. Slight differences between 

distance to nearest patch and grassland area within a 1 km buffer, and between area, grassland 

within a 3 km buffer, and grassland area within a 5 km buffer, were also observed, with area 

showing the greatest year to year variation in occupancy. 
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Fig. 5. Effect of dispersal behaviour on IFM output 
for different quality measures.  Each graph depicts 
the outcome, over time, for each of 4 different 
dispersal scenarios Quality measures evaluated are 
(a) patch area, (b) inverse of distance to nearest 
habitat patch, (c) grassland area within a 1 km 
buffer, (d) area within a 3 km buffer, and (e) area 
within a 5 km buffer. Each scenario was run 500 
times, and is depicted as means and standard 
deviations.
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Fig. 6. Effects of quality measures on IFM persistence for (a) short‐distance and (b) 
long‐distance dispersal. For short‐distance dispersal, area was significantly different 
from other quality measures; between the other measures, slight differences were 
seen. For long‐distance dispersal, distance to nearest patch and area in a 1 km 
buffer were significantly different from other quality measures. 
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 Area  1/min 

distance  

1 km 

buffer  

3 km 

buffer  

5 km 

buffer  

No dispersal  ↓  

(7) 

↓  

(0) 

↓  

(0)  

↓  

(0)  

↓  

(0) 

Short  ↓  

(37) 

↑  

(61) 

↔  

(50) 

↔  

(50) 

↔  

(55) 

Long  ↑  

(63) 

↑  

(96) 

↑  

(98) 

↑  

(63) 

↑  

(61) 

Infinite  ↑  

(63) 

↑  

(67) 

↑  

(66) 

↑  

(63) 

↑  

(62) 

 

 

 

 

Discussion 

 My simulations suggest that the Incidence Function Model (IFM) proposed by Hanski 

(1994) for calculating extinction debt is sensitive to dispersal behaviour, and to a lesser extent, 

different measures of habitat quality. However, of the five quality measures I examined, four of 

them were related to area. Therefore, it is possible that the reason few differences were 

observed is due to the fact that these quality measures themselves were correlated. It is 

plausible that if other quality measures related to food abundance, conspecific attraction, and 

reproductive success were to be used, it would have a larger effect on the predicted persistence 

of bobolinks 

Table 1. Model output for different scenarios of quality measure and dispersal behaviour. Numbers in 
parenthesis represent equilibrium value of percentage of patches occupied after 50 years. Arrows indicate 
trends – downward arrows indicate a decrease to below 50%, upward arrows indicate a trend to above 
60%, sideways arrows indicate no strong trend. 
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The extent to which the long-distance dispersal corrected model differs from traditional 

estimates of bobolink dispersal capacity is startling. The difference is likely due to both an 

overestimate in dispersal capacity from the method used in this study, as well as traditional 

mark-recapture studies vastly underestimating the dispersal capacity of their study species. 

However, it is difficult to determine the extent to which these factors are operating. Therefore, in 

order to properly utilize the IFM to determine the extinction risk for species, it is important to 

gather accurate data regarding the species’ dispersal capacity and behaviour and the way it 

assesses its environment. 

 Several studies have attempted to detect an extinction debt in different landscapes, both 

using the IFM and also the multispecies Tilman et al. extinction debt model. Several studies 

have found some evidence of an extinction debt (e.g. Hanski, 2000 – boreal forest plants, 

vertebrates, and invertebrates; Verheyen et al, 2004, and Vellend et al, 2006 – temperate 

European forest plants, Bulman et al, 2007 – marsh fritillary butterfly Euphydryas aurinia; 

Cowlishaw, 1999 – African primates). However, other studies have had either inconclusive 

results, or have found no evidence of an extinction debt (e.g. Adriaens et al, 2006 – Belgian 

grasslands; Lindenmayer et al, 1999 – Australian marsupials; Vos et al, 2000 – Netherlands tree 

frog; Cousins, 2009 – European grassland invertebrates). 

 There is little pattern in these results; it is unclear why some studies find debt, and 

others do not. Studies on related species have found opposing results (e.g. Cowlishaw, 1999; 

Lindenmayer et al, 1999); studies in the same geographic region have also found different 

results (e.g. Vellend et al, 2006; Adriaens et al, 2006). However, the specific ecosystem studied 

might play a role. While some studies (e.g. Adriaens et al, 2006; Cousins, 2009) have found no 

evidence of an extinction debt in grasslands, no studies that we are aware of have found 

evidence of an extinction debt. Conversely, some studies in forests have found evidence of a 

debt (e.g. Hanski, 2000; Vellend et al, 2006); however, no studies that we are aware of have 

found no evidence. This may be due to the time when fragmentation occurred – a historically 



28 
 

fragmented landscape may have already paid its debt. Alternately, it may be due to the fact that 

either the landscape is not sufficiently fragmented to cause a debt, or the matrix habitat involved 

is sufficiently hospitable. 

The existence of an extinction debt in a landscape poses a challenge to conservation 

biology (Kuussaari et al, 2009). The presence of a time-lagged extinction threat makes acting a 

necessity, yet many of the species show no signs of a threat at the present. Moreover, it is 

difficult to determine what can be done to reverse the extinction debt of a landscape, short of 

increasing available habitat within the matrix, and decreasing the level of fragmentation. 

Parameter estimation is also crucial in determining IFM output. To start with, the IFM 

model has a number of constants, including x, y, β, and 2 different e’s.  The Hanski papers do 

little to provide guidance in calculating these constants, and some studies have used the same 

parameter values for the IFM when applying it to different species (e.g. Hanski, 2000; Bulman et 

al, 2007). Based on my analyses, these constants, when calculable, can change across 

scenarios with different dispersal and habitat quality measures, which means they can differ 

across species.  This suggests that it would be worthwhile to investigate what constitutes 

reasonable values for these constants, and what biological forces change the values. Other 

studies have had difficulty in estimating the above parameter values from equation 6 (e.g. 

Lindenmayer et al, 1999). Inaccuracies in parameter estimation may explain a great deal of the 

variation in results among studies.  Based on my work, and difficulties in parameter estimation, 

it would be valuable for someone to do an extensive sensitivity analysis on the IFM to determine 

which have the greatest effects on extinction debt estimation. 

One factor that I did not consider in my analysis that has been included in some 

estimations of extinction debt is the rescue effect (e.g., Brown & Kodric-Brown, 1977; Hanski, 

1982; Reed & Levine 2005).  The rescue effect is the  emigration of individuals into already 

occupied patches. Technically this is not colonization, because colonization includes only 

emigration to an empty patch.  Nevertheless, rescue can decrease the extinction likelihood of an 
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occupied patch. With rescue, if E୧′  is the extinction probability for a subpopulation i after including 

the rescue effect, Ei is the extinction probability, and Ci is the colonization probability, then 

E୧ᇱ ൌ  E୧ሺ1 െ C୧ሻ. While some studies have incorporated the rescue effect into their model (e.g. 

Hanski, 2000), others have not, as using the rescue effect requires empirical data on average 

patch turnover rates (i.e., rates of local extinction and recolonization) (Hanski, 1994). However, 

there are other ways that rescue has been included in metapopulation models that are more 

biological sophisticated than traditionally done (e.g., Reed & Levine 2005), which might be 

adopted to the IFM model.  In this study I did not include the rescue effect; the data do not exist 

to get rescue data directly for bobolinks (or for any grassland migrant that I know of), although I 

might be able to make rough estimates using the Breeding Bird Survey data of the USGS.  

This paper has focused strictly on time lagged extinction through extinction debt.  

However, it is important to recognize that metapopulation dynamics are not the only mechanism 

by which time-lagged extinction can occur. For example, ecological succession results in a 

decrease in available habitat for early-successional species, which can cause time-lagged 

extinction (Pacala & Rees, 1998). This mechanism has been particularly important in the time-

lagged extinction of bird species on Barro Colorado Island, Panama (e.g. Willis, 1974; Karr, 

1982; Karr, 1990).  Another change in state for an ecosystem that could cause time-lagged 

extinction is invasion of an exotic species into a landscape, which can cause time-lagged 

extinction through competition or predation (Wright & Gribben, 2008; Sax & Gaines, 2008; 

Spens et al, 2007; Byers & Goldwasser, 2001). Changes in matrix habitat can affect connectivity 

(although this is not generally taken into account by metapopulation-based models) or patch 

quality via edge effects, which may in turn affect colonization probabilities and cite quality for 

patches surrounded by more inhospitable habitat (Findlay & Bourdages, 2000). Habitat 

fragmentation may cause cascading ecological effects, as may human harvesting of species, for 

example in bushmeat hunting (Brodie et al, 2009; Terborgh et al, 2006; Feeley & Terborgh, 

2006). Finally, climate change, also a change in state of the ecosystem, can act as a causal 
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agent for time-lagged extinction of species (e.g. Pounds & Crump, 1994). Each of these factors 

could also interact with metapopulation dynamics, and therefore the IFM, by making the 

parameters systematically change over time.  The IFM only examines metapopulation dynamics 

as a cause for time-lagged extinction in a landscape. Therefore, any estimates of population 

persistence that use the IFM must be interpreted as being merely an upper bound – the 

population may have a much higher risk of extinction than it appears to have. The one exception 

is if changes to the environment actually favor persistence; e.g., climate change might favor the 

patchy habitat. 

An issue that can affect the IFM prediction, which is highly relevant to this study, is the 

exhaustiveness of the sites surveyed within a landscape. Ideally, to run the IFM, every habitat 

patch within the landscape must be surveyed, and the species’ presence/absence noted. 

However, the MAS dataset was by no means exhaustive, and sampled only a very small subset 

of Massachusetts grasslands – only 59 sites (Fig. 2). Therefore, it is possible that the sample I 

evaluated was not representative of the population as a whole, resulting in inaccuracies in 

parameter estimation. In particular, the connectivity of sites is likely to be underestimated, as the 

sum in Eq. 5 is not taken over all sites. According to the classification system of Stith et al. 

(1996), bobolinks are an example of a well-connected/patchy metapopulation (Stith et al., 1996; 

Scheiman et al., 2007). In other words, bobolinks are able to compensate for existing in a highly 

fragmented landscape by being extremely good colonizers. Therefore, accurately calculating 

connectivity would appear to be crucial for bobolinks, and we suspect it could be true for 

migrants in general. 

Of the ~2100 bird species that are listed by the IUCN as either threatened or near-

threatened, many are migratory. Therefore, adapting the IFM to the challenge of estimating 

population persistence of a migratory species to be a powerful conservation tool. Grasslands 

themselves are a special case. In the continental United States, less than 1% of the original 

area of tall-grass prairie remains intact. In New England, grassland habitat was historically 
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fragmented, as the landscape was forest-dominated; with the advent of modern agriculture and 

particularly hayfields, this fragmentation has become even more acute. Therefore, bobolinks in 

New England grasslands are a realistic example of the type of problem that the IFM may be 

useful for solving in the future – estimating the persistence of an organism that is still relatively 

common, but is living in a fragile landscape, on which it is obligatorily dependent. From a 

management perspective, given that estimated persistence is sensitive to the measure of 

habitat quality being used, it is imperative to study the manner in which the species of interest 

assesses its environment, and how that assessment reflects habitat quality. Not only does this 

allow increased accuracy in predicting population trends, it would also allow managers to 

systematically increase the habitat quality of each patch, which would have an overall positive 

effect on the persistence of the species in question; the IFM can also be used to simulate the 

effects of different management plans, as well as the time scale over which they are applied, on 

persistence (Hanski 2000). 

In summary, we conclude that the dispersal behaviour of a migratory species, and the 

manner in which it evaluates its habitat, affects its persistence in a fragmented landscape. This 

reinforces the notion that IFM, as a single-species model, must be applied to species using 

species-specific parameters and might not be generalizable to all species in a landscape. The 

lack of quantifiable natural history regarding habitat evaluation and dispersal capacity is an 

roadblock to some conservation efforts. We call for an increased effort to gather relevant field 

data, in order to lend strength and practicality to models for estimating extinction risk. 
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